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Abstract
The effects of Dissolved Organic Matter (DOM) sources on Pb2+, Zn2+ and Cd2+ binding
Weibin Chen
Metal binding to dissolved organic matter (DOM) determines metal speciation and
strongly influences potential toxicity. The understanding of this process, however, is
challenged by DOM source variation, which is not always considered by most existing
metal speciation models. Source determines the molecular structure of DOM, including
metal binding functional groups. This study has experimentally showed that the
allochthonous-dominant DOM (i.e. more aromatic and humic) consistently has higher level
of Pb binding than the autochthonous-dominant DOM (i.e. more aliphatic and
proteinaceous) by more than two orders of magnitude. This source-discrimination, however,
is less noticeable for Zn and Cd, although variation still exceeds a factor of four for both
metals. The results indicate that metal binding is source-dependent, but the dependency is
metal-specific. Accordingly, metal speciation models, such as the Windermere Humic
Aqueous Model (WHAM), needs to consider DOM source variations. The WHAM input
of active fraction of DOM participating in metal binding (f) is sensitive to DOM source.
The commonly-used f = 0.65 substantially overestimated the Pb and Zn binding to
autochthonous-dominant DOM, indicating f needs to be adjusted specifically. The optimal
f value (fopt) linearly correlates with optical indexes, showing a potential to estimate fopt
using simple absorbance and/or fluorescence measurements. Other DOM properties not
optically-characterized may be also important to determine fopt, such as thiol, which shows
strong affinity to most toxic metals and whose concentrations are appreciably high in
natural waters (< 0.1 to 400 nmol L-1). Other analytical techniques rather than Cathodic
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Stripping Voltammetry (CSV) are required to accurately quantify thiol concentration for
DOM with concentration > 1 mg L-1. To better explain the DOM-source effects, the
conditional affinity spectrum (CAS) was calculated using a Fully Optimized ContinUous
Spectrum (FOCUS) method. This method not only provides satisfactory goodness-of-fit,
but also unique CAS solution. The allochthonous-dominant DOM consistently shows
higher Pb affinity than autochthonous-dominant DOM. This source-discrimination is not
clearly observed for Zn and Cd. Neither the variability of affinity nor capacity can be fully
explained by the variability of individual DOM properties, indicating multiple properties
may involve simultaneously. Together, the results help improve WHAM prediction of
metal speciation, and consequently, benefit geochemical modelling of metal speciation,
such as Biotic Ligand Model for predicting metal toxicity.
Keyword: Dissolved Organic matter, Sources, metal binding, Windermere Humic
Aqueous Model
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Chapter I
I.1

Introduction

General introduction
Metal toxicity in natural waters depends on metal species. Metal binding to

dissolved organic matter (DOM) is an important process to regulate metal speciation and
toxicity. The understanding of this binding reaction, however, is challenged by the
heterogeneous nature of DOM in terms of varying components, structures, and molecular
weight. These heterogeneous features are a result of DOM source variations. The DOMsource effects on metal binding, however, remain unclear, which becomes the research
question for this thesis. This introduction chapter will present some background
information of this study, including the importance of considering metal species for toxicity,
heterogeneous nature of DOM, reaction of metal binding to DOM, and models used to
predict metal binding to DOM. The rationale and specific objectives of this study will be
highlighted.

I.2

Metal species vs. metal toxicity
The representative concentrations of lead (Pb), zinc (Zn), and cadmium (Cd) in

natural waters are 0.005nmol L-1 for Pb, 0.1 nmol L-1 for Zn and 0.01 nmol L1

for Cd (Stumm and Morgan, 1993). These concentrations however, can be increased by

environmental pollutions, such as municipal wastewater discharges, mine drainage,
agricultural and urban runoff, and atmospheric deposition (Smith et al., 2015).
Pb and Cd are not essential metals for aquatic organisms, and become toxic once
their 'no-effect' concentrations are exceeded (Kapustka et al., 2004; Smith et al., 2015). On
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the other hand, Zn is an essential metal for aquatic organisms, but becomes increasingly
toxic once its concentration is above the 'window of essentiality' for normal metabolic
activities (Hopkins, 1990; Wood, 2011). To protect aquatic life from chronic metal toxicity,
the total dissolved Pb, Zn and Cd concentration should not exceed 19.3, 
(Ambient Water Quality Guidelines for Zinc, Minstry of Environment, British Columbia,
Canada,1981), and 0.8 nmol L-1 (Canadian Water Quality Guidelines for the Protection of
Aquatic Life), respectively, in freshwaters; and 8 (Ambient Water Quality Values for
Protection of Aquatic Life, Enviromental Protection Agent, US, 1998), 153 (Ambient
Water Quality Guidelines for Zinc, Minstry of Environment, British Columbia,
Canada,1981), and 1.1 nmol L-1 (Canadian Water Quality Guidelines for the Protection of
Aquatic Life), respectively, in seawater. Metal toxicity however, is not directly determined
by the total dissolved concentration, but the concentration of specific metal species (Wang,
2013). For Pb, Zn and Cd, the most bioavailable and toxic species are their free metal ions
(i.e. Pb2+, Zn2+, and Cd2+) (Fortin and Campbell, 1998; Zhao et al., 2016), which cause
ionoregulatory disruption for fish (Hogstrand et al., 1996; Taylor et al., 2003; Wood et al.,
2012). In natural waters, the concentration of free metal ions is regulated by different
complexation reactions. These reactions mainly include complexation of metal ions by
dissolved organic matter (DOM), complexation of metal ions by inorganic ligands (e.g.
OH-, HCO3-, CO32-, Cl-, and sulfide), and adsorption of metal ions onto mineral oxides (e.g.
hydrous oxides of manganese, iron, aluminum and silicon) (Smith, 1999) (Figure I-1).
These metal complexes are less toxic or non-toxic, depending on their chemical labilities
(i.e. how easily the metal ion dissociates from the complexes). The fraction of metal species
bound by DOM usually predominates over other metal species. For example, the DOM-Pb,

2

DOM-Zn, and DOM-Cd complexes account for %, %, % of the total Pb,
Zn, and Cd concentration, respectively, in surface waters (Calace and Petronio, 2004).
Therefore, DOM plays an important role in ameliorating metal toxicity. Understanding
metal binding to DOM however, is challenged by the heterogeneous nature of DOM
(Nebbioso and Piccolo, 2013).

I.3

DOM

I.3.1

Definition, abundance and heterogeneous nature
DOM can be operationally defined as organic matter passing through a filter with

specific sizes (e.g. 0.2, 0.45, 0.7 or 1 m). DOM is ubiquitously present in natural waters.
The concentration of DOM can be quantified as the concentration of dissolved organic
carbon (DOC), which usually accounts for about 50% of DOM mass (Buffle, 1989). The
concentration of DOC varies between different types of natural waters, ranging from 0.1
mg L-1 in groundwater to 60 mg L-1 in bogs (Ogawa and Tanoue, 2003; Søndergaard and
Thomas, 2004; Thurman, 1985). Other major elements of DOM include hydrogen and
oxygen. The minor elements of DOM include nitrogen, sulfur and phosphate (Hood et al.,
2005).
DOM contains a wide variety of functional groups. Carboxyl (i.e. 1 mol L-1)
(Smith et al., 2002) and phenol (Ritchie and Perdue, 2003) are the major functional groups.
Amino (i.e. 0.01mol L-1) (Smith et al., 2002) and thiol (i.e. < 0.1nmol L-1)
(Dryden et al., 2007; Dupont et al., 2006; Gall and Berg, 1993; Han et al., 2006; Kawakami
and Achterberg, 2012; Liem-Nguyen et al., 2015; Matrai and Vetter, 1988; Pernet-Coudrier
et al., 2013; Tang et al., 2000a, 2000b, 2004; Zhang et al., 2004) are the minor functional
3

groups. These functional groups are attached onto a mixture of aliphatic and aromatic
structures (Leenheer and Croué, 2003; Smith et al., 2002). No explicit compound or
synthesized standard however, has been identified to truly and fully represent DOM
molecule (Leenheer and Croué, 2003), although some conceptual structures are proposed
(Leenheer, 2007). DOM can be divided into humic substance, which are not clearly
characterized, and non-humic substances, which are clearly identified. According to
solubility, the humic substances can be further divided into fulvic acids (i.e. soluble at all
pH), humic acids (i.e. only soluble at pH > 2) and humin fractions (i.e. insoluble in any pH)
(Thurman, 1985). The fraction of fulvic acids in DOM ranges from 10% in ground water
to 90% in wetland (Findlay and Sinsabaugh, 2003). The ratio fulvic to humic acids ranges
from 10:1 in low-color surface waters to 5:1 to highly color surface waters (AitkenheadPeterson et al., 2003). The non-humic fraction comprises identifiable classes of
biochemical, including amino acids, carbohydrates, fats, waxes, resins, low molecular
weight organic acids (Tipping, 2004).
The DOM components can be also identified according to fluorescence analysis
(Stedmon and Bro, 2008). Fulvic-like, humic-like and protein-like components of DOM
are usually obtained by fluorescence acquisition (Stedmon et al., 2003; Stedmon and Bro,
2008). The DOM components are ill-defined and only chemically meaningful for an
operational purpose. The molecular weight of DOM widely ranges from 6.9 to 4270,
depending on specific sources of DOM (e.g. from algal exudate to leaf leachate) (Cuss and
Guéguen, 2012; Mangal et al., 2016; Mangal and Guéguen, 2015). Nonetheless, DOM can
be operationally divided into colloidal (>1 kDa) and truly dissolved fraction (< 1 kDa)
(Leenheer and Croué, 2003). Overall, the characterization of DOM is challenging due to
4

its highly heterogeneous nature because of its varying components, structures, and
molecular weight.

I.3.2

Sources of DOM: autochthonous and allochthonous
Sources of DOM mainly include: autochthonous and allochthonous (Figure I-2).

Autochthonous DOM is produced by photosynthetic organisms within the water column,
such as periphyton in streams, macrophytes in lakes, and phytoplankton in coastal waters,
seas and oceans (Bertilsson and Jones, 2003; Søndergaard and Thomas, 2004; Toming et
al., 2013). The allochthonous DOM is derived from terrestrial inputs, including
decompositions of vascular plants and soil water transported from surrounding catchment
areas (Bertilsson and Jones, 2003; Toming et al., 2013). The molecular nature of
autochthonous and allochthonous DOM are different. The autochthonous DOM is mainly
comprised of non-humic components having aliphatic structures and low molecular weight
(i.e. monomeric sugars, carboxylic acids, amino acids, and alditols) (Bertilsson and Jones,
2003), whereas the allochthonous DOM is mainly comprised of humic component having
aromatic structure and high molecular weight (Toming et al., 2013). The relative
contributions of autochthonous and allochthonous DOM vary spatially and temporarily
(Toming et al., 2013). Autochthonous DOM is dominant in pelagic or euphotic zone of
seawater and eutrophic lakes, whereas allochthonous DOM is dominant in wetland, marsh,
river, humic lake with large input of terrestrial materials (Toming et al., 2013). Seasonal
effects on the relative importance of autochthonous and allochthonous source have been
reported (Gondar et al., 2008; Toming et al., 2013). For example, the autochthonous
contribution increased from 20% in cool season to 80% in warm season in an eutrophic
lake (Gondar et al., 2008; Toming et al., 2013). Additionally, the DOM removal by
5

microbes and photochemical processes also affects the relative contributions of
autochthonous and allochthonous origins (Søndergaard and Thomas, 2004), which is a
process affected by the biological and chemical lability of DOM. Autochthonous DOM is
more bioavailable and susceptible to photo-degradation, whereas allochthonous DOM is
more recalcitrant (Søndergaard and Thomas, 2004). Overall, the varying combination of
autochthonous and allochthonous source greatly influence DOM properties.

I.3.3

Determine the relative contribution of autochthonous and allochthonous source
Determining the relative contribution of autochthonous and allochthonous source

remains difficult. Using stable isotope ratios (e.g. C, N, and S) to assess DOM
sources and transformations is possible, but requires a condition that the isotopic
compositions of potential source materials for DOM and of the DOM itself differ markedly
(Toming et al., 2013). In practice, the isotopic signatures of autochthonous and
allochthonous DOM sources in freshwaters may show substantial overlap, being influenced
by multiple biogeochemical, physical, and physiological processes that complicate the
estimation of source contributions (Toming et al., 2013).
Alternatively, DOM sources can be differentiated based on various optical
indicators (i.e. absorbance and fluorescence measurements (Hudson et al., 2007)), which
correlate with various DOM properties, such as origins, molecular weight, and molecular
structures. The definitions of commonly used optical indicators are summarized in Table
I-1. For the absorbance indicators, SUVA254 (Weishaar et al., 2003) and SAC340 (Al-Reasi
et al., 2013) increase with increasing aromaticity. SCOA436 increases with increasing color
moieties (Al-Reasi et al., 2013). SR (John R Helms et al., 2008) and Abs254/Abs365 (Al-
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Reasi et al., 2012) both decrease with increasing molecular weights. For fluorescence
indicators, FI (McKnight et al., 2001) and BIX (Huguet et al., 2009) decrease with
increasing allochthonous signatures. More component-specific information can be
achieved from Fluorescence Excitation-Emission Matrix (FEEM) coupled with Parallel
Factor Analysis (PARAFAC; (Stedmon et al., 2003)). Fulvic-like, humic-like and proteinlike component and their relative abundances are generally resolved (Cuss and Guéguen,
2012). Great contrasts of optical indicators have been observed between autochthonousdominant and allochthonous-dominant DOM. The autochthonous-dominant DOM is
relatively optically lighter (lower SCOA436), more aliphatic (lower SUVA254 and SAC340),
contains more protein-like fluorescence signature, and has relatively higher FI value. The
allochthonous-dominant DOM pool is optically darker, more aromatic, contains more
humic-like fluorescence signature, and has relatively lower FI value (Al-Reasi et al., 2011;
Gondar et al., 2008; Luider et al., 2004; McKnight et al., 2001; Schwartz et al., 2004)
In addition to optical indicators, DOM proton reactivity is also commonly used to
characterize DOM properties (Ritchie and Perdue, 2003; Smith and Ferris, 2001). Different
proton binding sites, including carboxyl, phenol and amino group, can be determined based
on their acidity (pKa) ranges (carboxyl: pKa< 4; phenol: pKa > 8; amino group: > 9) (AlReasi et al., 2013; Ritchie and Perdue, 2003). Al-Reasi et al (2013) calculated the Proton
Binding Index (PBI) based on the spectrum of proton acidity. The potential of stronger
metal-DOM interaction increases with increasing PBI. PBI has formed a positive linear
correlation with aromaticity, showing the tendency that the allochthonous-dominant DOM
has a higher potential of being tridentate than the autochthonous-dominant DOM (Al-Reasi
et al., 2013).
7

Reduced sulfur, including inorganic sulfide and thiol, is highly polarized and shows
strong affinity to soft metals, which are also highly polarized, including Pb, Zn, and Cd
(Karlsson et al., 2005; Karlsson and Skyllberg, 2007; Skyllberg and Drott, 2010; Smith et
al., 2002; Xia et al., 1999). The presence and stability of reduced sulfur in oxic waters
(Bianchini and Bowles, 2002) can be explained by the association with DOM (Kramer et
al., 2007). Compared with carboxylic group, the most abundant functional groups in DOM,
reduced sulfur is a minor functional group (Smith et al., 2002). The concentration of
inorganic sulfide in natural waters can be determined by an analytical method called Cr(II)
Reducible Sulfide (CRS), which measures the species of metal disulfides, polysulfides (S2n),

and partially oxidized S in thiosulfate (S2O2-3) and sulfites (SO2-3) (Bowles et al., 2003;

Kramer et al., 2007; Smith et al., 2002). The inorganic sulfide species measured by CRS
ranges from 0.1 nmol L-1 to 100 nmol L-1 in natural waters (Smith et al., 2002).
The concentration of thiol is not commonly reported, possibly because its
concentration is presumably low or negligible in natural waters. The validity of this
assumption, however, has not been carefully evaluated. The low concentration of thiol may
be relevant to that of metals, which regulates the metal speciation. The concentration of
thiol can be determined by high performance liquid chromatography (HPLC) coupled with
fluorescence detection or by cathodic stripping voltammetry (CSV). CSV shows
advantages over HPLC. CSV does not require derivatization procedure and is rapid for the
measurement of a large number of samples. Previous studies using CSV to measure thiol
concentration were only for samples with low DOC concentration (Laglera and TovarSánchez, 2012; Leal et al., 1999; Pernet-Coudrier et al., 2013; Vasconcelos et al., 2002).
The applicability of CSV to water samples with high DOC level (e.g. > 5 mg L-1), however,
8

remains unclear and requires further evaluations. No comparison of reduced sulfur has been
ever made between autochthonous-dominant and allochthonous-dominant DOM.
Nonetheless, it has been established that thiol is mainly produced by phytoplankton
(Mangal and Guéguen, 2015), and the production of thiol requires the transformation of
sulphate into sulfide (Li et al., 2004). Overall, the differences of autochthonous-dominant
and allochthonous-dominant DOM can be indicated by optical indicators, proton reactivity,
and possibly reduced sulfur.

I.3.4

Metal binding to DOM
Because of the heterogeneous nature of DOM, the understanding of metal binding

to DOM is based on data interpretation and model development. Measured data helps to
improve modeling, but at the same time, modeling helps to interpret data. For a 1:1 binding
ratio at an equilibrium state, the thermodynamic stability constant and binding capacity are
the parameters that determine the level metal binding to DOM. Thermodynamic stability
constant determines the reactivity of metals to bind with DOM. Binding capacity
determines the availability of metal binding sites in DOM. The determination of these two
binding parameters, therefore, is important for the understanding of metal binding to DOM.
Generally, these two parameters are determined in following step: 1) generate experimental
data of metal binding to DOM; 2) define an equilibrium model that can describe the data;
3) derive binding affinity and capacity by optimally fitting the experimental data into the
model.
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I.4
I.4.1

Experimental data of metal binding by DOM
Metal binding curve
Metal binding curve is a plot of overall concentration of DOM-metal species

([DOM-metal]) as a function of the concentration of free metal ions ([Mf]). This binding
curve is achieved by measuring [Mf] along the titration of metal against DOM solutions.
The titrated metal concentration ([MT]) increases from an ambient level

(i.e. the total

dissolved concentration of metal in the native water sample) to a higher level, ideally where
all binding sites are saturated. Typically, the titration is performed at a fixed concentration
of dissolved organic matter ([DOC]) and pH relevant to an environmental condition (e.g.
[DOC] = 10 mg L-1 and pH = 8) (Pernet-Coudrier et al., 2011). In generally, [DOM-metal]
is calculated by subtracting the measured [Mf] and the measured or calculated
concentration of inorganic metal complexants ([M-Inorganic]) from [M]T (i.e. [DOMmetal] = [M]T[Mf] M-Inorganic). [M-Inorganic] can be computed based on the
stability constants of inorganic ligands (e.g. OH-, CO32-, Cl-) from NIST (National
Institution Standard and Technology) database (Martell and Smith, 2004).

I.4.2

Analytical technique to measure [Mf]
The achievement of reliable [Mf] data is very important for the study of metal

binding to DOM. Anodic Stripping Voltammetry (ASV), Competitive Ligand Exchange
Adsorptive Cathodic Stripping Voltammetry (CLE-AdCSV), and Ionic Selective Electrode
(ISE) are the most common electrochemical techniques for determining metal speciation
(Pesavento et al., 2009).
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ASV does not exclusively measure [Mf] but the concentration of labile species,
including the free metal ions and the metals that dissociated from labile DOM-metal
species in the diffusion layer within the measurement time (Pesavento et al., 2009).
CLE-AdCSV requires addition of competitive ligands (CL) for the determination
of metals that do not form amalgams with Hg. The CL serves to 1) make the metal of
interests become electroactive and measurable; 2) preconcentrate metals at a very low
concentration (i.e. subnanomolar). The analytical signal of CLE-AdCSV (ICLE-AdCSV) is
related to the concentration of free metal ions ([Mf]) through following equations:
ICLE-AdCSV = S × [CL-Metal complexes]
(Equation I-1)
[CL-Metal complexes] = CL × [Mf]
(Equation I-2)
where S represents the sensitivity slope that relates the ICLE-AdCSV and concentration
of CL-Metal complexes ([CL-Metal complexes]). CL represents the complexation
coefficients of CL-Metal. Both S and CL are conditional to specific water chemistry and
need to be experimentally determined accordingly (Xue et al., 2001). Once S and CL are
known, [Mf] can be determined based on ICLE-AdCSV. The application of AdCSV has several
limitations. Firstly, the reactions between DOM, CL, and metals are usually assumed to
be equilibrium after a period of time (e.g. overnight). This assumption, however, may be
not valid because the dissociation of metal from some strong DOM-metal complexes for
CL exchange is kinetically slow and may require a time scale of day to week to reach
equilibrium (Van Leeuwen and Town, 2005), which make the experimentation practically
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unfavorable. Secondly, the [Mf] determined by CLE-AdCSV is conditional to the nature
(i.e. reaction stoichiometry and stability constant) and concentration of CL, which may not
fully represent the native [Mf]. The results of [Mf] from AdCSV, therefore, should be
interpreted with cautions.
ISE technique directly measures [Mf], but is only limited to some metals, such Pb
and Cd. No commercial ISE is available for measuring the concentration of free Zn. The
detection limit of ISE in poorly buffered solutions is not as low as ASV and AdCSV (i.e.
subnanomolar range for ASV and AdCSV) (Pesavento et al., 2009; Van den Berg, 1989),
limiting its applications in natural waters.
Therefore, a technique that satisfies selectivity of free metal ions, low detection
limit, and does not require addition of competitive ligand is preferred for the study of metal
binding to DOM. Absence of Gradient and Nernstian Equilibrium Stripping (AGNES) has
recently emerged as a voltammetric technique to exclusively measure [Pb2+] (PernetCoudrier et al., 2011; Puy et al., 2008), [Zn2+] (Companys et al., 2007; Parat et al., 2015),
and [Cd2+] (Companys et al., 2007; Galceran et al., 2004). Galceran et al (2004) has
described the principle of AGNES. Two steps are required, including deposition and
stripping (Figure I-3). The deposition step is to preconcentrate free metal ions into the Hg
drop until the establishment of Nernstian equilibrium and absence of concentration gradient
both inside and outside the Hg drop. The deposition step is realized by imposing a relatively
negative potential for a duration of time (t1). t1 should be sufficiently long to reach
Nernstian Equilibrium and absence of concentration gradient. t1 can be optimized
according to a preconcentration factor, Y.

Y is defined as a ratio of concentration of

elementary metal inside the Hg drop ([M0]) to that of free metal ion in the bulk solution
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([Mf]) (i.e. Y = [M0] / [Mf]). Once the condition of Nernstian equilibrium and absence of
concentration gradient is reached, the preconcentrated metal ions in Hg drop is reoxidized
by the stripping step over a time period of t2. The Faradic current induced by reoxidation
(IFaradic) is only proportional to [M0], independent of any complication arisen from kinetics
and ligand adsorption. Based on separate calibration experiment without DOM, the
sensitivity slope (h) that relates [M0] and Faradic current can be determined. Accordingly,
the [Mf] at each titration point can be calculated based on Y and [M0] according to Equation
I-3.
[Mf] = IFaradic / (h × Y)
(Equation I-3)
The detection limit of AGNES depends on Y and can be decreased with increasing
Y. Therefore, when a large Y is applied, AGNES has the potential to measure the low [Mf]
as a result of binding to strong ligands at low [M]T:[DOM] ratio.

I.4.3
I.4.3.1

Models used to describe metal binding curve
Possible binding mechanism
To describe metal binding curve, one needs to first define the mechanisms for the

binding reaction between metal ions and a specific ligand in DOM. Two possible
mechanisms are proposed: cation exchange and complexation (Table I-2) (Falck, 1989).
The so-called 'cation exchange' reactions do not require deprotonation, and the
proton is directly replaced by metal ions. Cation exchange is possible, particularly for an
organic ligand showing higher affinity to metals than to proton. Additionally, when proton
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and metals do not compete for a specific ligand, cation exchange may occur. On the other
hand, complexation occurs between deprotonated ligand and metals.

Although cation

exchange and complexation may happen simultaneously, without explicit knowledge of
the chemical reactions, complexation reaction is assumed in most studies (Dzombak et al.,
1986; Puy et al., 2009, 2008). Because the organic ligands in DOM are highly
heterogeneous and ill-defined, and because no explicit coordination chemistry of metal
binding to DOM is available, the metal-to-ligand ratio can be assumed as 1:1 or 1:2. For
simplification, 1:1 is mostly preferred.

I.4.3.2

Thermodynamic vs. Conditional stability constant
The thermodynamic stability constant (K) for a 1:1 complexation reaction at an

equilibriums state is defined as (Equation I-4):
K

{ML}
{M }{L f }

(Equation I-4)
where {ML}, {M}, and {Lf} are representing the activities of metal bound by a
specific ligand L, free metal ion, and free ligand L, respectively.
The K is independent of pH, ionic strength and any other water chemistry.
Practically, because the activity of {ML}, {M}, and {Lf} is conditional to ionic strength
and protons may compete with metals for complexation, the conditional stability constant
(K') (Equation I-5) rather than K is reported. To calculate K, different K' values at varying
ionic strength and pH should be determined. Once a series of K' values are known, the
effects of ionic strengths and the competitions from proton can be corrected. The
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K' 

[ ML]
[ M ][ L ]

implementation, however, may be practically infeasible, particularly when the
measurement of metal binding is difficult and slow. Therefore, the K' instead of K is usually
reported.

(Equation I-5)
where all terms in Equation I-5 are expressed by concentration rather than activity.
[ ML]
K' 
[ M ][ L f ]
I.4.3.3

Discrete- and continuous-ligand model

Models used to describe metal binding curve can be classified into discrete-ligand model
and continuous-ligand model (Table I-3).
Discrete-ligand model (Equation I-6) assumes DOM only consists of a few ligands
(or ligand classes) (Dzombak et al., 1986). According to the 1:1 complexation reaction of
M + L ↔ ML, the discrete model reads:
N

K 'j [ M f ]

j 1

1  K 'j [ M f ]

[ MLT ]  

[ LTj ]

(Equation I-6)
where [MLT] and [Mf] are the total concentration of DOM-metal species and free
'

metal ion, respectively; K j and [LTj] are the conditional stability constant and binding
capacity of jth ligand.
Continuous-ligand model (Equation I-7) assumes DOM contains many different
sites for metal binding. These binding sites can be best described by a continuous
distribution with respect to conditional stability constant (i.e. f(logK')).
[ MLT ]  

K '[ M f ]
1  K '[ M f ]

f (log K ' )d log K '
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(Equation I-7)
Discrete-ligand model emphasizes the difference in binding sites (Falck, 1989), and
has the advantage of being easily incorporated into chemical equilibrium computation,
such as GEOCHEM (Shaff et al., 2010) and WHAM (Lofts and Tipping, 2011).
Nonetheless, discrete-ligand model may not truly represent the heterogeneity of metal
binding sites (Dzombak et al., 1986; Falck, 1989). On the contrary, because DOM is a
heterogeneous mixture of organic ligands, continuous-ligand model is more suitable to
describe metal binding to DOM (Town and Filella, 2002).

I.4.4

Derivation of binding parameters by data fitting
For a discrete-ligand model, the optimal number of ligands (N) is determined by

increasing the number of ligands until the best goodness-of-fit is achieved. Alternatively,
a statistical significance test, such as F test, can be employed to examine the fitting quality
with increasing number of ligands. The F test nearly always indicate that two to four
ligands (N = 2) are enough to optimally describe experimental data (Dzombak et al.,
1986).
For a continuous-ligand model, depending on the mathematical method to solve
f(logK'), it can be further classified into Affinity Spectrum Model (ASM), Statistical
Distribution Model (SDM), Continuous Stability Function Model (CSFM) (Dzombak et
al., 1986), and Non-ideal Competitive Adsorption (NICA) model. The comparisons of the
features of these models are summarized in Table I-3. Briefly, f(logK') from ASM is similar
to discrete distribution, only showing the most probable binding sites. Only overall binding
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capacity from all binding sites can be determined by ASM. SDM presumably defines the
distribution shape of f(logK') with explicit analytical solution, such as normal distribution.
However, without independent knowledge of binding sites, any type of distribution may be
possible as long as it provides good fitting quality. CSFM needs to determine the
computational window of logK' according to the experimental measurement of [Mf], and
then all corresponding LT values are solved numerically. f(logK') from CSFM, therefore, is
conditional to the state of metal titration.

In other word, CSFM only considers metal

binding sites within the metal titration range, which allows us to avoid making any
ambiguous assumption for the sites not detected by titration. Compared with the f(logK')
from SDM, the f(logK') from CSFM is more generic and flexible because no assumption is
imposed to constrain f(logK'). The derivation of LT, however, is inevitably hampered by
ill-posed problem (Cernik et al., 1995; Černík et al., 1996). Ill-posed problem is defined as
many different solutions of LT can result in the same fitting quality (Cernik et al., 1995;
Černík et al., 1996). Therefore, the unique solution of LT cannot be derived.
Alternatively, f(logK') can be solved analytically when the binding isotherm is
assumed as a NICA isotherm (Pernet-Coudrier et al., 2011; Puy et al., 2009) (Equation I8). NICA isotherm considers DOM contains multiple types of binding surface (i.e.
carboxylic, phenol, and amino acid). For each binding surface, six NICA parameters are
involved in regulating metal binding (Equation I-8). k M and k H is the average binding
constant for proton and metal, respectively; nH and nM (0 <nH and nM≤ 1) is the
stoichiometric factor for proton and metal; QH,max is the maximum proton binding capacity
(mol L-1). k H and QH,max can be separately determined by independent protonation
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experiment; p is a site heterogeneity factor (0 < p ≤ 1). These NICA parameters can be
derived by optimization.

(k M CM ) nM
((k H CH ) nH  (k M CM ) nM ) p
 M (CH , CM ) 
(k H CH ) nH  (k M CM ) nM 1  ((k H CH ) nH  (k M CM ) nM ) p
and
[ MLT ]  QH ,max 

nM
 M
nH

(Equation I-8)
Once all the NICA parameters (i.e. QH,max, k M , k H , nPb, nH, and p) are determined,
the f(logK') can be directly calculated according to the analytical expression provided by
Rey-Castro et al (2009). f(logK') from the NICA isotherm is a density function. Like the
ASM method, only the overall LT can be calculated from NICA. Compared with other
continuous models, NICA is a much more sophisticated model because it explicitly
parameterizes the stoichiometric factor, proton competition, and site heterogeneity.
However, the calculation of f(logK') requires prior derivation of NICA parameters from
data fitting. For DOM with two types of binding surfaces, eight different parameters need
to be fitted simultaneously, inevitably leading to the ill-posed problem (Kinniburgh et al.,
1999; Orsetti et al., 2009) and sensitive change of f(logK'). A specific numerical procedure
to derive the consistent solution of NICA parameters is required.

I.4.4.1

Regularized optimization
The ill-posed problem can be circumvented by regularized optimization (Cernik et

al., 1995; Orsetti et al., 2009). Mathematically, the objective function (Π) subjected to
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optimization is a sum of two terms: residual for goodness-of-fit (S) and regularization
(R)controlled by a weight factor,(Equation I-9).
  S  R

(Equation I-9)
The residual term is classic least-square, which quantifies the difference of [MLT]
between experimental determination and model calculation. The regularization term can
be any function that constrains the solution. To be compatible with the ideal of
heterogeneity, a 'smoothness' term is proposed to achieve continuous and smooth f(logK')
from CSFM. 'Smoothness' is the sum of squares of finite difference approximation of the
second derivatives (Černík et al., 1996). To satisfy the NICA definition of nH x p = constant
for each binding surface (Companys et al., 2007; Puy et al., 2008), the regularization term
is R = |nH x p|  constant (i.e. the constant determined by protonation experiment), and the
R should be as small as possible.
Theoretically, a unique solution of f(logK') from CSFM can be derived at a
compromise between best goodness-of-fit (i.e. smallest S) and greatest smoothness (i.e.
greatest R) when the optimal  value is selected. However, the way to select  is
ambiguous or even subjective. To determine a continuous distribution of proton binding
sites using the CSFM method, Smith and Ferris (2001) developed a procedure called Fully
Optimized ConinUous (FOCUS) to select the optimal  for proton titrations. This
procedure, however, is never applied to determine f(logK) for metal binding and NICA
parameters.
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I.5
I.5.1

Windermere Humic Aqueous Model (WHAM) used to predict metal binding
The importance of WHAM model
The current understanding of metal binding to DOM contributes to the development

of model used to predict metal binding and toxicity. A typical example is WHAM coupled
with Biotic Ligand Model (BLM) (Playle, 1998). WHAM (VII version) (Lofts and Tipping,
2011) calculates the [Mf] at an equilibrium of binding reactions described in Figure I-1.
BLM assumes the Mf is the only bioavailable species to organisms and determines the
amount of Mf uptake by the organisms through binding to the active surfaces. BLM uses a
database of critical toxicity levels for different organisms (i.e. LC50: the lethal
concentration of Mf at which 50% population is killed over a specific period of time) to
assess if the [Mf] in natural water is toxic or non-toxic. Therefore, a reliable [Mf] predicted
by WHAM is important to monitor or assess metal toxicity. One of uncertainties is DOMsource effects on WHAM prediction of [Mf].

I.5.2

Variation of DOM sources described by WHAM
WHAM describes the variation of DOM sources through changing following three

parameters relevant to DOM properties: 1) [DOC]; 2) the relative Fulvic Acid (FA%) and
Humic Acid (HA%) fraction in DOM; 3) the active fraction of DOM participating in metal
binding, f.
The [DOC] can be measured explicitly. Because DOC usually accounts for 50%
DOM by mass (Buffle, 1989), it can be used to estimate the concentration of DOM (i.e.
[DOM] = 2 × [DOC]). FA% and HA% describe the variation in DOM composition. FA%
is commonly assumed to be 90%100% of DOM (Ahmed et al., 2014; Chappaz and Curtis,
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2013; Cheng et al., 2005; Mueller et al., 2012; Stockdale et al., 2015), although it varied
from 8% to 80% according to experimental fractionation (Cawley et al., 2013; Ma et al.,
2001; Tipping, 1998; WANG et al., 2009). When DOM is assumed to be represented by
100% FA%, the concentration of active DOM participating in metal binding ([Active
DOM]; g L-1) is calculated by Equation I-10.
[Active DOM] = f × 2 × [DOC]
(Equation I-10)
Once the [Active DOM] is determined, the capacity (mol L-1) of weak (Type A)
and strong (Type B) sites can be estimated based on their site densities (mol g-1) (i.e.
capacity = [Active DOM] × site density; 4.3 x 10-3mol g-1 and 2.1 x 10-3 for Type A and
Type B, respectively) (Tipping, 1998). No explicit method, however, has been proposed to
determine f. Bryan et al (2002) found that DOM from UK waters can be represented by
100% FA, and that 65% is active for metal binding. Since then, f = 0.65 has been assumed
by many users to predict the metal binding by their specific DOM samples (Ahmed et al.,
2014; Baken et al., 2011; Cheng et al., 2005; Cheng and Allen, 2006; Gandois et al., 2010;
Guthrie et al., 2005; Pampura et al., 2006; Ren et al., 2015; Tipping et al., 2002). Because
the DOM properties are ill-defined, the physicochemical meaning of f is ambiguous. In
other word, the f can be related to any property variable relevant to composition, structure
and molecular weight. Therefore, f can be empirically estimated if correlations between f
and specific DOM properties are found. Only a few studies, however, have derived
significant correlations between the optimal f and optical indexes of DOM properties (i.e.
aromaticity, humic-like components, etc) (Chappaz and Curtis, 2013; Mueller et al., 2012).
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More studies, therefore, are required to explore the correlations between DOM properties
and f.

I.6

Reviewing the DOM-source or property effects on metal binding metal binding
Numerous studies have been performed to characterize DOM properties or

determine metal binding properties. Only a few studies, however, are available to review
the DOM-source or property effects on metal binding or toxicity, and most of these studies
are subjected to experimental and analytical limitations.
Most of studies that evaluated the DOM-source effects on metal binding to DOM
were limited to Cu. Luider et al. (2004), Baken et al. (2011), Mueller et al.(2012), and
Chappaz and Curtis (2013) commonly concluded that the concentration of DOM-Cu
species increased with increasing DOM aromaticity or humic-like component, but Cu
titration was not performed, ignoring the heterogeneous sites in DOM for metal binding.
Luider et al (2004) and Mueller et al (2012) did not report binding parameters (i.e.
conditional stability constant and binding capacity). The so-called conditional stability
constant (K') reported by Baken et al. (2011) was not defined based on the equilibrium
constant but on the concentration of DOM-metal species normalized to DOC. The total Cu
concentration used in the speciation analysis by Chappaz and Curtis (2013) was 2 mol L1

, which is too high to be compatible with the toxic window (i.e. lethal concentration = 32

and nmol L-1 for freshwater and marine water life) (CCME, 2016). In other word, only
the weak binding sites are detected.
The studies of DOM-property effects on toxic metals (e.g. Pb, Zn, and Cd) are very
limited. Pernet-Coudrier et al (2011) concluded that the hydrophilic DOM fraction from
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the effluent of waste water treatment plant showed stronger Pb binding than the
hydrophobic fraction. Louis et al (2014) made similar conclusion for Zn binding. Cheng et
al (2005) observed varying levels of Zn binding between DOM from five European surface
freshwaters. Only DOC (i.e. varying from 6.3 to 20.5 mg L-1), however, was compared to
explain the observed variation and DOM properties were not characterized and considered.
Cheng and Allen (2006) compared Zn binding between DOM from different geographic
locations, and concluded that Zn binding was independent of DOM sampling sites, but
again DOM properties not characterized. The differences of DOM properties between their
samples, therefore, were possibly be too similar to express distinctive property effects on
Zn binding. Additionally, only the concentration labile Zn species rather than Zn2+ was
determined in their studies by ASV.

I.7

Rationale and objectives of my thesis
The DOM-source effects on metal binding are not clear, particularly for toxic Pb,

and Cd. The elucidation of this uncertainty can provide insights into the understanding of
metal toxicity, and more importantly, improve current speciation model, such as WHAM.
The main objective of my PhD research is to evaluate the DOM-source effects on
Pb, Zn, and Cd binding. The works that serve to reach this main objective are summarized
into five chapters (Chapter II to Chapter VI). Each chapter is written in a manuscript-based
style for publication purpose. The order of these chapters follows the design of experiment
and/or data analysis abovementioned (Figure I-4). The titles of these chapters are listed
below along with statements of the specific objective, contributions, and implications.
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Chapter II Review of thiol in natural waters
Objective: To better understand the occurrence, abundance, and importance of thiol in
natural waters from literature review
Contribution: The concentration of thiol in natural waters is not negligible and may play
important role in reducing metal toxicity for the most sensitive organism
Implication: Thiol should be considered as a strong ligand for metal binding, particularly
for soft metal ion, such as Cd and Zn
Chapter III Assessing effects of pH, metal ion and natural organic matter on
identification and determination of reduced glutathione by cathodic stripping
voltammetry (CSV)
Objective: To evaluate the applicability of CSV to measure thiol content in natural waters:
influence of pH, metal ions and DOM
Contribution: Provide evidence that the determination of thiol by CSV in natural waters is
subjected to great interference contributed by DOM, especially when the DOC level is >
0.5 mg L-1
Implication: CSV cannot be applied to measure thiol content in a water system with high
DOC level
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Chapter VI The dependence of Pb2+, Zn2+and Cd2+ binding on sources of dissolved
organic matter (DOM): DOM source effects on WHAM performance
Objective: To evaluate the DOM-source effects on WHAM performance for predicting
Pb2+, Zn2+, and Cd2+ binding
Contribution: Provide the evidence that DOM sources affect WHAM performance, but the
effects are metal specific
Implication: WHAM needs to take DOM properties into account
Chapter V Determine the distribution of metal binding sites in dissolved organic
matter using a Fully Optimized ContinUouS (FOCUS) method
Objective: To calculate the continuous distribution of metal binding sites
Contribution: Provide a method to circumvent the ill-posed problem for determining the
continuous distribution of metal binding sites
Implication: The DOM sources effects on metal binding can be clearly visualized by
paralleling the distributions of metal binding sites of all DOM samples
Chapter VI The dependence of Pb2+, Zn2+and Cd2+ binding on sources of dissolved
organic matter (DOM): comparing the continuous distribution of metal binding sites
between DOM sources
Objective: To compare the continuous distribution of metal binding sites between DOM
sources
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Contribution: Explain the variation of metal binding sites between DOM sources with
relevance to the variation of DOM properties
Implication: The metal binding affinity is DOM source-dependent due to the variation of
DOM properties

I.8
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I.9

Tables and Figures

Table I-1 Commonly-used optical indicators that correlate with specific DOM properties
Optical indicator
SUVA254
(Weishaar et al., 2003)

Definition and indications
UV absorbance of a water sample at 254 nm normalized for [DOC];
SUVA254 = 2.303 x absorbance at 254 nm / [DOC]
Positively correlated with aromaticity

SAC340
(Al-Reasi et al., 2013)

UV absorbance of a water sample at 340 nm normalized for [DOC];
SUVA254 = 2.303 x absorbance at 340 nm / [DOC]
Positively correlated with aromaticity

SCOA436
(Al-Reasi et al., 2013)

UV absorbance of a water sample at 436 nm normalized for [DOC];
SUVA254 = 2.303 x absorbance at 436 nm / [DOC]
Positively correlated with color moieties

SR
(Helms et al., 2008)

A ratio of spectral slope at absorbance at 275nm to that at 350
nm
Negatively correlated with molecular weight

Abs254/Abs365
(Al-Reasi et al., 2012)
FI

A ratio of absorbance at 254 nm to that at 365 nm
Negatively correlated with molecular weight
A ratio of fluorescence intensity at 450 nm to that at 500 nm; both taken
at 370 nm

(McKnight et al., 2001)
Negatively correlated with allochthonous signature
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Table I-2 Possible mechanisms to explain binding reaction between metal ions and a
specific ligand in DOM
Reaction

Stability constant

M + HL ↔ ML + H

b1 = [ML] [H] / [M] [HL]

ML + HL ↔ ML2 + H

b2 = [ML2] [H] / [ML] [HL]

M2+ + 2HL ↔ ML2 + 2H

B2 = [ML2] [H]2 / [M] [HL]2

aM + HxL↔MaL + xH

BN = [MaL] [H+]x / [M]a [HxL]

M + L-↔ ML

k1 = [ML] / [M] [L]

ML + L ↔ ML2

k2 = [ML2] / [ML] [L]

M + 2L↔ ML2

K2 = [ML2] / [M] [L]2

Cation exchange

Complexation

Note: M: Free metal ions; L: Free ligand; HL and HxL: monoprotic and polyprotic ligand; ML, ML2 and
MaL: metal complexes with different stoichiometric factor; charge is omitted for simplification
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Table I-3 Compare different models for derivation of binding parameters

logK'

LT

Comments

Discrete-Ligand



Only a few sites
Not represent DOM
heterogeneity



Large difference between
sites



The number of sites only
depends on fitting quality



Not represent
DOM heterogeneity



Only the overall LT can be
determined
LT for specific logK cannot
be derived



Affinity spectrum does not
represent an actual
distribution of binding sites
Similar to discrete distribution

model

ASM

SDM

Continuous-ligand

Assume f (logK)
adheres to a specific
distribution



Need to estimate or assume
the overall LT independently



Any distribution of f(logK) is
possible as long as the fitting
quality is good



Define the range of
logK according to
titration experiment
Binding sites not
detected by titration
are not considered



LT can be determined for all
corresponding logK



The numerical derivation of
LT is subjective to ill-posed
problem
Regularized optimization is
required

Include all
theoretical logK
The analytical
expression of
binding isotherm is
empirically define to
solve f(logK')







NICA-CAS





CSFM
model








LT is defined based on
proton binding site capacity
Site cooperativity is
considered
Only overall LT is
determined, and the LT for
all corresponding logK
cannot be determined





Very sophisticated model
Consider the competition with
proton
Need to derive many
parameters from data fitting
before analytically calculating
CAS
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Figure I-1 Relating metal speciation to toxicity

Figure I-2 Compare DOM sources with respect to their genesis, possible sample sites,
component, structures
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0

[M ]
0

[M ]/[Mf] =
Y
[Mf]

0

[M ]

[Mf]

Figure I-3 Outline of principle of AGNES adapted from Galecran et al

(2004). The grey

shade indicates the Hg electrode, and on the right the grey shad is the diffusion layer. (a)
profiles at the end of the first step after t1, exhibiting no concentration gradient in any phase
and a fixed concentration ratio Y as a result of Nernstian equilibrium at the interface. (b)
profiles after t2 s of the second step have elapsed, when the response current is measured.
r0 refer to the drop radius when AGNES is implemented by voltammetric device.
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Properties

Figure I-4 Design of experiments and data analysis to achieve the research objective of
this thesis
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Chapter II

The importance and occurrence of thiol group in natural

waters
II.1 Abstract
Thiol in natural waters is mainly produced by phytoplankton, which is a process
affected by multiple factors, such as phytoplankton species, metal exposure (i.e. single or
metal mixture) and exposure time, nutrient and light and other water chemistry conditions
(e.g. alkalinity, suspended solid matter). The molecular structures of thiols are
heterogeneous and implicit but can be equivalent to specific thiol compounds for
quantification purpose (e.g. reduced glutathione). The concentration of thiol in natural
waters varies from < 0.1 to 410 nmol L-1 (i.e. river, lake, wetland, and sea), depending on
specific sampling site and sampling season. High abundance of thiol is found at early spring
or summer in the euphotic zone, which is the favorable living condition temporarily and
spatially. Additionally, the abundance of thiol generally increases with decreasing salinity.
Although the concentration of thiol in natural waters is much lower than that of carboxylic
(i.e. 115 mol L-1), the concentration may be still high enough to bind all metals at toxic
level and protect the most sensitive organisms (e.g. toxic level of Pb, Zn and Cd for the
most sensitive organism is 19.3and 0.8 nmol L-1, respectively in freshwater;
and 8, 153 and 1.1 nmol L-1, respectively in seawater). Pb and Cd show strong binding to
thiol with high stability constant (logK) (i.e. logK of DL-(2-Mercaptopropionyl)glycine for
Pb is 11.53; logK of thiol in soilr for Cd is 11.211.6). Environmental model for predicting
metal speciation, such as Windermere Humic Aqueous Model (WHAM) or Visual Minteq,
therefore, need to take thiol into accounts.

42

II.2 Introduction
In natural waters, metal binding by dissolved organic matter (DOM) is a essential
process to ameliorate Pb, Zn, and Cd toxicity. This is because DOM possesses a wide
variety of potential metal binding functional groups, including carboxyl, phenol, hydroxyl,
ketone, amide, amine, and thiol. These functional groups vary with respect to abundance
and binding affinity to metal ions. Carboxyl is the most abundant group (i.e. 1 mol L1

in natural waters) (Smith et al., 2002), but is least polarized, and therefore, shows weak

affinity to soft metal (i.e. highly polarized, such as Pb, Zn, and Cd). On the other hand,
thiol is highly polarized, showing strong affinity to intermediate soft and soft metals (e.g.
Pb, Zn, and Cd). Nonetheless, the role of thiol in metal binding is often presumed to be
negligible, not only because thiol usually exists at a nanomolar level in natural waters
(Pernet-Coudrier et al., 2013), which makes it challenging to measure, but also because
thiol is potentially oxidized during isolation procedure, such as the fractionation of humic
and fulvic acid (Kleja et al., 2016). Although the development of analytical technique has
facilitated the routine measurement of thiol (Pernet-Coudrier et al., 2013; Tang et al.,
2000b), the understanding of natural occurrence of thiol is mostly implied by laboratory
studies (Stefels, 2000). Furthermore, studies that specifically measure thiol in natural
waters are not routine. Additionally, only a few studies have emphasized thiol as a strong
ligand for metal binding, and most of these studies are limited to MeHg (Skyllberg, 2008;
Zhang et al., 2004), Hg(Khwaja et al., 2006; Skyllberg and Drott, 2010; Xia et al., 1999),
and Cu (Laglera and van den Berg, 2003; Leal and Van Den Berg, 1998) although other
metals, such as Pb, Zn, and Cd, are also potentially strongly bound by thiol (Smith et al.,
2002).
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To better understand the occurrence of thiol in natural waters as well as its
important role in metal binding, this chapter aims to 1) review the mechanism and factors
that determine the occurrence of thiol in natural waters; 2) survey the concentration and
distribution of thiol in natural waters; 3) evaluate the important role of thiol in metal
binding with emphasis on Pb, Zn, and Cd of this thesis interest.

II.3 Mechanism to explain the occurrence of thiol in natural waters
II.3.1 Production by phytoplankton and macrophytes
Although no clear mechanism in terms of molecular synthetic pathway is available
to explain the occurrence of thiol in natural waters, numerous laboratory studies have
established that thiol is produced by phytoplanktons and macrophytes (Table II-1).
The biochemical process of production of reduced glutathione (GSH) and
phytochelatins (PC) by phytoplankton in Figure II-1(Stefels, 2000). Sulphate (SO42-) in
extracellular environment provides the source of sulfur element for synthesis of GSH and
PC. After uptake of SO42- by algae via active transport, the SO42- is transferred into
chloroplast through cytoplasm, and subsequently converted and activated into adenosine
5’- phosphosulphate (APS) by ATP sulfurylase. The active sulphate in APS is then reduced
into sulfite by APS reductase. The resultant sulfite is further reduced to sulphide by sulfite
reductase. Incorporating with O-acetylserine, cysteine is formed. With the supply of
glutamic acid (Glu) and cysteine (Cys) as constituent amino acids, GSH is synthesized in
two consecutive ATP-dependent steps under catalytic function by respective synthetase. In
the first step, -glutamylcysteine (-GC or -Glu-Cys) is synthesized from L-Glu and LCys by -glutamylcysteine synthetase (CS). In the second step, glycine is added to the
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C-terminal site of -GC to form GSH by glutathione synthetase (GSHS). To avoid overaccumulation of GSH, the activity of CS is feedback-inhibited by GSH.
It is proposed that in the presence of free heavy metal ions PC-synthase catalyses
PC synthesis in two distinct reaction steps (Pal and Rai, 2010). For step I, the bond of EC-Gly peptide in GSH is cleaved to generate -EC unit (-EC-Gly

→-EC

+ Gly); for

step II, -EC unit is transferred to an acceptor molecule, which is either GSH or an
oligomeric PC peptide (PCn), to generate PCn via a transpeptidation reaction (-EC + (EC)n-Gly

→

(-EC)n+1-Gly). There are three possible cellular compartments where

formation of PC occurs (Pal and Rai, 2010). Firstly, PC is synthesized in the cytosol where
they bind to heavy metals, which are subsequently transported into mitochondria and
chloroplasts. Secondly, PC is synthesized inside the mitochondria and chloroplasts where
they then sequester metals, forming heavy molecular weight complexes with inorganic
sulfur. Thirdly, both of these pathways may co-exist and PC may be synthesized in each of
the three cellular compartments. Thiol is released into surrounding environment by
phytoplanktons when the phytoplanktons encounter oxidation stress induced by metal
exposure. Additionally, thiol can be also released into surrounding environments from cell
lysis.

II.3.2 Other sources of thiol in natural waters
In addition to production by phytoplankton, the release of thiol from sediment is
another source to the total thiol pool in natural waters. Thiol in the benthic layer of lagoon
water was contributed by the benthic fluxes from sediments and porewater (Chapman et
al., 2009; Luther et al., 1985). Thiol in anoxic environment is produced by reaction between
45

sulfide and sedimentary organic matter (Vairavamurthy and Mopper, 1990). Zhang et al
(2004) also proposed the flux of thiol from pore water in sediments, where the micro
organisms degraded the sulfur-containing amino acids and/or dimethylsulfoniopropionate
(DMSP). The thiol flux from sediments to overlying waters however, required a large
concentration gradient between these two compartments (Chapman et al., 2009). Other
thiol sources in natural waters include microbial degradation of DMSP produced by marine
algae (Shea and MacCrehan 1988) and halophytic plants (Yoch, 2002), the production by
abiotic reaction between sulfide and unsaturated organic compounds (Vairavamurthy and
Mopper, 1990), and pedogenic source probably linked to the bacterial degradation (Marie
et al., 2015).

II.3.3 Factors that affect the production of phytoplankton
Multiple factors have been found to affect the production of thiol by phytoplanktons,
including the phytoplankton species, the type of metal, exposure time to metal, nutrients,
and light. The variations of these factors result in the variation of thiol with respect to
structure and concentration. Each of these factors is specifically discussed below.

II.3.3.1 Phytoplankton species
The molecular structures of thiol produced by phytoplanktons varies between
phytoplankton species. GSH is the most common species produced by phytoplanktons,
irrespective of species variation (Ahner et al., 2002), possibly because GSH is essentially
required to main regular cellular functions (e.g. electron donator at the course of reductive
pathway from sulfur to sulfide) (Stefels, 2000). The production other thiol structures, such
as -Glu-Cys (-EC), is more specific to phytoplankton species (Ahner et al., 2002). The
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number of GSH molecules (n) in a PC complex (PCn) is also specific to phytoplankton
species (Ahner et al., 1995).

II.3.3.2 Metal exposure
Phytoplanktons produce thiols to counter oxidation stress as a result of metal
exposure. The sensitivity, however, depends on specific metals. For example, Cd is the
most effective inducer of PC for T. weissflogii, T. maculata, and E. huxley in seawater,
whereas Cu, Zn, Co, and Ag are less effective or not effective (Ahner and Morel, 1995).
Similar conclusion was reported for Chlorella fusca (Gekeler et al., 1988), chlamydomonas
reinhardtii (Howe and Merchant, 1992), and stigeoclonium (Pawlik-Skowroska, 2001).
These variations indicate that phytoplankton species may have different detoxification
strategies for different metals.
The diversity of thiol structures produced by the same phytoplankton species can
be different when different metal inducers are present. For example, Dupont and Ahner
(2005) found that the structure of thiol synthesized by E. huxleyi was different between Cu,
Cd and Zn inducer. Cu and Cd commonly induced arginine-cysteine, glutamine-cysteine,
and cysteine but Cd also induced GSH. Zn predominantly induced -EC. Kawakami and
coworkers (2006) reported that Cu and Cd, but not Zn, can induced production of shortchained PC by diatom Phaeodactylum tricornutum.
Additionally, the effect of metal mixtures on the production of thiol is different
from that of the individual metal ion in the mixtures. Kawakami et al. (2006) found that
the mixture of Zn + Cu and Cu alone resulted in similar PC production, whereas the mixture
of Zn + Cd led to an antagonistic effect on PC production, which was probably caused by
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metal competition for cellular binding sites. Wei et al (2003) found the mixture of Cd + Cu
+ Zn suppressed the intracellular PC production as compared with Cd, Cu, and Zn alone.
Similarly, Pawlik-Skowronska (2001) found for freshwater stigeoclonium the rate of PC
production induced by Cd, Pb, and Zn alone was higher than that with their mixtures. The
mechanism to explain the effect of metal mixture is unclear, but cannot be simply
considered as additive or metal competitive effects (Dupont and Ahner, 2005).

II.3.3.3 Exposure time
The biogenic production of PC varied between different length of exposure time.
Wu and Wang (2012) compared Hg2+ and MeHg+ accumulation and different monothiol
and polythiol synthesized by a marine diatom Thalassiosira weissflogii at exposure time of
3 hours, 96 hours, and the recovery period after 96 hours exposure. The authors found that
the thiol compounds (cysteine, -EC, and PC2-3) underwent a rapid synthesis at the first 30
minutes of exposure, followed by a slow decrease of their cellular concentration at longer
exposure time, and returned back to the control levels after the 96-h recovery period. This
means different thiol concentration would be observed for the same phytoplankton at
different metal exposure time.

II.3.3.4 Nutrient and light
Nutrient plays an important role in biogenic production of thiol. Limited nutrients
can slow or inhibit the cell growth and their thiol biosynthesis. Under limited silica,
nitrogen and phosphorus, the GSH and PC synthesis was noticeably disturbed (Ahner et
al., 2002), probably due to the fact that nitrogen limitation is not favourable for sulphate
assimilation (Koprivova et al., 2000), while phosphorous limitation may cause deficiencies
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of Adenosine Triphosphate (ATP) and the consequent sulphate reduction, which is an
energy-required process (Stefels, 2000). For the growth of E. huxleyi from exponential to
stationary phase, nutrient level was observed to decrease, leading to the decline in
production of monothiol (Dupont and Ahner, 2005). The total thiol concentration however,
was reported to increase as algal culture aged (Leal et al., 1999), possibly because of the
cell lysis after death.
Light has been reported to affect intracellular thiol production by marine
phytoplankton. For example, Dupon et al. (2004) found that the intracellular thiol
production followed a diurnal cycle. Specifically, the glutathione concentration gradually
increased during the daylight hours and decreased during the night. Cysteine concentration
exhibited two-fold diurnal variation. The maximum concentration occurred early in the
dark period and gradually decreased until the onset of the next dark period. This variation
is driven by the need to scavenge hydrogen peroxide (H2O2) generated during the
photosynthesis saturation at high light levels. Oxidized and reduced glutathione is also
expected to vary in response to light and glutathione reductase activity, which determines
the alternation between oxidized and reduced thiol species (Dupont et al., 2004).
Matrai (1988) reported the combined effects of light and nutrients on particulate
thiol production by phytoplankton. The concentration of particulate GSH decreased with
prolonged light radiation at low nitrate concentration, but increased at high nitrate
concentration.
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II.3.3.5 Other factors
Water chemistry, such as pH, alkalinity, and suspended solid matter, also affects
the extracellular environments of phytoplankton and their thiol productions. pH changes
metal speciation, living condition for phytoplankton, and the availability of labile species
for phytoplankton. Pawlik-Skowronska (Pawlik-Skowroska, 2001) observed the
acidification of mining water from 8.2 to 6.8 significantly (i.e. 2.5 – 2.8 fold) increased PC
production by freshwater Stigeoclonium sp and Stigeoclonium tenue. Additionally, due to
the increasing bioavailability of Zn2+ (i.e. entering into the algal cell), the production of PC
with longer chain was increased to counter enhanced Zn toxicity. From the same study, the
authors also found that thiol was produced more effectively in alkaline condition than in
acidic condition, possibly because the living condition for this algae is more favourable at
alkaline condition. In addition to pH, inorganic and organic ligands also affects PC
production. Pawlik-Skowronska (2001) found the optimal condition for metabolism of
Stigeoclonium and PC production was at alkaline pH condition (pH = 8.2) with high
bicarbonate level. From the same study, the author also found the PC produced by
Stigeoclonium with suspended solid matter was lower than that without suspension,
possibly due to the adsorption or complexation of free metal ions by the suspended solid
matter.

II.3.4 Thiol in natural waters
II.3.4.1 Molecular structures
The molecular structures of thiols in natural waters are heterogeneous and not
clearly characterized. A recent study by high resolution Orbitrap mass spectrometry has
found that the total number of potential thiol molecules yielded by three freshwater
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phytoplanktons (i.e. S. obliquus, E.mutabilis and E.gracilis) varied from 113 to 343
(Mangal et al., 2016). Elucidating these diverse thiol structures is intriguing but
determining their specific concentrations is practically difficult, not only because the
structures are not clearly defined, but also lack of specific model compounds for
calibrations. In most cases, either High Performance Liquid Chromatography (HPLC)
coupled with derivatization of thiol compounds with fluorescent tag (Tang et al., 2000b)
or Cathodic Stripping Voltammetry (CSV) (Laglera and van den Berg, 2003) is used to
determine the thiol concentration in natural waters. In addition to determine the total thiol
concentration, HPLC has the ability to separate and identify different thiol compounds,
such GSH, cysteine, γ-L-Glutamyl-L-cysteine (-Glu-Cys), Arginine-cysteine (Arg-Cys),
Glutamine-cysteine (Gln-Cys), thioglycolic acid (TA), N-acetyl-L-cysteine (NAC),
mercaptoethanol, 3-mercaptopropionic acid (3MPA), mercaptosuccinic acid (MSA) and
phytochelatins (Tang et al., 2000a, 2000b). CSV can only separate 2 to 3 thiol compounds
by dedicated optimization of instrumental parameters (Luis M. Laglera et al., 2014; Laglera
and Tovar-Sánchez, 2012) but typically the analytical signal of different thiol compounds
is overlapped and difficult to differentiate (Laglera and van den Berg, 2003). The thiol in
natural waters is usually assigned as GSH, cysteine, or TA by CSV because the CSV signal
of these three compounds usually agree with that of thiol in natural waters.

II.3.4.2 Molecular weight
The thiol compounds distribute at varying molecular weight or size fractions of
DOM. Mangal and Guéguen (2015) explicitly reported that the molecular weight of thiol
released by four freshwater algae species varied from 443 to 810 Da. Other studies
characterized thiol in different size fractions roughly separated by ultrafiltration or only
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between dissolved and particular phase. Tang et al. (2000a) reported that thiol structure
species and concentration varied between different size fractions in Galveston Bay, Texas.
The dissolved fraction (< 1kDa) had higher GSH and PC2 concentration than the colloidal
(>1 kDa) and particulate fraction. Some thiol species, such as EC,

was only detected

in particulate fraction. Similar size distribution of thiol was reported for GSH in three
diverse estuaries in the continental United States (San Diego Bay, Cape Fear Estuary, and
Norfolk Estuary) (Tang et al., 2004). On the contrary, Dupont et al. (2006) found GluCys (i.e. 2 – 14 nM) and GSH (i.e. 0.2 – 0.8 nM) were most abundant in particulate phase,
but very limited in dissolved phase (i.e. < 0.08 nM for Glu-Cys; < 0.5 nM for GSH) in
subartic open seawater. For freshwater, Hu et al. (2006b)reported that GSH from a
Canadian lake was more abundant in particulate phase (i.e. > 0.45 m; 5nM) than in the
dissolved phase (i.e. < 0.45 m; < 3nM), while the opposite was true for MPA. The reason
to explain the variation of size distribution of thiol between different aquatic environments
is unknown, but possibly related to the variation of phytoplankton species for thiol
production (Mangal and Guéguen, 2015), and the thiol stability (Santschi et al., 1997). By
investigating the thiol stability in different DOM size fractions from the Galveston Bay
(Santschi et al., 1997), the high-molecular-weight reduced sulfur (i.e. not oxidized after 24
h) was found to be more stable and resistant to UV and/or H2O2 oxidization than the lowmolecular-weight thiol (i.e. being completely oxidized within 24 h).

II.3.4.3 Concentration
The concentration of thiols (i.e. either total or specific thiol molecules) in natural
waters, including river, lake, wetland, and sea waters, ranges from < 0.1 to 410 nmol L-1
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(Table II-2). Either total or specific thiol molecule is reported. The highest value in this
range was found in wetland sample with [DOC] = 151 mg L-1 (Liem-Nguyen et al., 2015),
while the concentration of thiol < 0.1 nmol L-1 was reported for a sea water sample with
[DOC] < 1 mg L-1 (Kading, 2013). The comparison of thiol density in DOC (i.e. normalized
to DOC) between samples cannot be made because DOC was not always reported.
Nonetheless, Table II-1 shows that the concentration of thiol varies between different
aquatic environments as well as between different sampling sites within the same type of
aquatic environment. This variability is possibly due to the specific condition that affects
the production of thiol by specific phytoplanktons.

II.3.4.4 Distribution
The distributions of thiols are summarized along with the spatial (i.e. water depth),
temporal (i.e. seasonal), and salinity change. These distributions can indicate the
environmental factors that affect the production of thiols.

II.3.4.4.1 Water depth
Water depth determines euphotic zone for phytoplankton activity and thiol
production. For seawater, Matrai and Vetter (1988) reported that the particulate GSH
concentration in Sannich Inlet (British Columbia, Canada) was maximum at subsurface
water layer (i.e.  pmol L-1 at water depth < 10 m), but decreased with increasing
depth (i.e. < 50 pmol L-1 at water depth 20 – 160 m). Christine et al. (1998) found the
dissolved thiol concentration in the North East Atlantic was highest at surface water (i.e.
5nmol L-1 at water depth 100 – 250 m), but drastically decreased or became
undetectable in deep water (i.e. < 5 nmol L-1 at water depth 200 – 4000 m). Dupont et al
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(2006) investigated the depth-distribution of particulate and dissolved thiol with different
molecular structures in subartic Pacific Ocean. The authors found similar depthdistribution for all investigated thiol species, and their concentrations were highest at water
layer beyond 100 m, but became very limited or completely depleted at deeper water (i.e.
100 – 500 m). For freshwater, Hu et al. (2006) evaluated the depth-distribution of different
thiol species in Connecticut lakes. The author found dissolved and particulate GSH were
most abundant in the warm and shallow epilimnion (i.e. 1nmol L-1 for dissolved GSH
and 2nmol L-1 for particulate GSH at water depth < 8 m), but decreased with increasing
depth and became undetectable. Compared with GSH, MPA concentration in metalimnion
was higher than that in epilimnetic layer, but the MPA concentration were similar between
metalimnion and hypolimnion. These different depth-distributions between GSH and MPA
may be attributed to their differences in origin. GSH in epilimnion is mainly contributed
by phytoplankton, whereas the MPA in metalimnion may be a product of the metabolic
degradation of sulfur-containing organic compounds. Additionally, MPA in the
hypolimnion may be formed through abotic nucleophillic addition to unsaturated
functionalities in dissolved organic matter. Overall, the depth at which thiol concentration
reaches maximum approximately corresponds to the euphotic water layer, although the
depth varies between aquatic environments and locations.
Chlorophyll a, a indicator of phytoplankton growth , was also observed to
significantly correlate with thiol production (Al-Farawati and Van Den Berg, 2001; Dupont
et al., 2006; MATRAI and VETTER, 1988). Coupled with the depth-distribution, it
confirms that light is an important factor for thiol production by phytoplankton, and the
thiol production is highest at the euphotic zone where sunlight is sufficient for
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photosynthesis. For the water layers below euphotic zone, penetration of solar illumination
is very limited, which in turn inhibits the growth of phytoplankton and reduce thiol
production (Dupont and Ahner, 2005; Dupont et al., 2004; Materai and Vetter, 1988). Light
also affects the transformation and stability of thiol. The depth-distribution of other water
chemistry variable, such as metal concentration and nutrients, may also affect thiol stability
and distribution (Matrai and Vetter, 1988; Moingt et al., 2010).
In some case, the thiol concentration increases with depth because of the change in
redox condition. Plavsic et al. (2011) found a distinctive depth-distribution of reduced
sulfur in a saline lake. The concentration of reduced sulfur was at nanomolar level at oxic
water layer, but at micromolar level at hypoxic-anoxic layer, indicating the thiol is possibly
produced by anoxic organism or released from sediments.

II.3.4.4.2 Seasonal change
Seasonal distribution of thiol reflects the seasonal change in phytoplankton activity.
Hu et al. (2006) reported the spatiotemporal (i.e. season and depth) variations of GSH and
MPA in Connecticut lakes. The authors found that dissolved GSH (i.e. GSH in 0.45m
filtrate) was only detected from June to August (i.e. 1 nmol L-1) but depleted from
September to May (i.e. < 1 nmol L-1). Particulate GSH occurred from July to November
(i.e. 2nmol L-1) with highest concentration at July. The highest concentration of
dissolved (i.e. 13 nmol L-1) and particulate MPA (i.e. 4 nmol L-1) in the metalimnetic layer
corresponded to the lake stratification period (i.e. July to September). Dryden et al. (2007)
reported the concentration of total thiol content (i.e. sum of concentration of different thiol
molecules) in Elizabeth River, Virginia were most abundant between June and September
(i.e. 288nmol L-1), corresponding to the period for the highest blooming level of
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bacterioplankton and autotrophic picplankton (i.e. the < 2 m component of the
phototrophic planktonic microflora). Marie et al (2015) reported the lowest GSH
concentration in Penzé river, France occurred in winter (i.e. < 50 nmol L-1; January to
March) and summer (i.e. < 25 nmol L-1; July to August) and the highest one occurred in
Spring (i.e. 150 nmol L-1; April). These results conclude that thiol produced by
phytoplankton is most effective and abundant at agreeable growth season (i.e. temperature
and solar radiation).

II.3.4.4.3 Salinity
The effects of salinity on thiol distribution were reported from the thiol
measurements in estuarine or coastal water with great salinity gradient. Thiol concentration
generally increases with decreasing salinity. Christine et al (1998) observed the highest
thiol concentration at the water layer with highest salinity in North East Atlantic, but this
effect may be more related to euphotic zone rather than the direct salinity effect. Kawakami
and Achterberg (2012) evaluated the particulate GSH and PC distribution in Tamar Estuary,
and found that the particulate GSH concentration was highest (i.e. 250 mol g-1
Chlorophyll a) at the very low-salinity site (i.e. salinity: 0-5 ppt), high (i.e. 150 mol g-1
Chlorophyll a ) at intermediate salinity site (i.e. salinity: 5-20 ppt), and decreased (i.e. <
100 mol g-1 Chlorophyll a) at high salinity site (i.e. salinity: > 20 ppt). PC2 concentration
(i.e. about 16 mol g-1 Chlorophyll a) was highest at lowest salinity site, but consistently
decreased with salinity (i.e. < 10 mol g-1 Chlorophyll a). The GSH in Mersey estuary
(Gall and Berg, 1993) and in Bay of Brest (Pernet-Coudrier et al., 2013), as well as the
thiol-like organic ligands for Cu binding in Scheldt estuary (Laglera and van den Berg,
2003), were reported to decrease with increasing salinity, indicating the coastal origin of
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thiol (Al-Farawati and Van Den Berg, 2001). No systematic co-variation was observed
between thiol and salinity in the coastal waters of Western North Sea and English Channel,
indicating that the thiol distribution in this area is not related to a specific freshwater or
oceanic source.

II.3.4.5 Stability and potential effects of sampling procedure on thiol integrity
Although thiol can be detected and determined in oxic water, a fundamental
question remains: why thiol is stable in oxic water ? Although no direct answer is available
for this question, some implications can be found from previous studies that explain the
stability of inorganic sulfide in oxic surface water. Kramer and coworkers (Kramer et al.,
2007) proposed that inorganic sulfide ligands are stabilized as metal-sulfide complex
associated with organic matter by mutli-ligand binding or in nano-ore encapsulations in
organic matter. Similar mechanism therefore, may explain the stability of thiol in oxic
water. If this is true, thiol is not present as an individual molecule, but associated with
DOM, and the presence of metal ions is important to stabilize thiol in oxic water.
Resination is sometime used to remove ambient metal ions prior to characterizing the metal
binding property of DOM. The thiol potentially associated with DOM therefore, may be
destabilized or altered due to the removal of metal ions. Additionally, spectroscopic
evidences showed that the sulfur speciation in humic and fulvic fractions of soil organic
matter is not representative of the sulfur speciation in the bulk organic matter, from which
the humic and fulvic fractions were derived, due to the oxidation of reduced sulfur during
the alkaline extraction process (Solomon et al., 2003). Similarly, the isolation procedure
had showed impacts on Ag speciation (Kleja et al., 2016). The Ag(I) binding affinity by
intact soil materials was stronger than that by the isolated humic substances from the same
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source. One possible explanation could be that the thiol groups associated with natural
humic materials are oxidized during the isolation procedure, or that thiol groups are mainly
associated with the 'non-humic' component of the soil materials (Kleja et al, 2016).
Accordingly, if attempting to determine thiol concentration and study the metal binding
properties by thiol, we may have to preserve DOM integrity without any treatment of
resination and isolation. Acidification is also a common procedure to preserve DOM
sample for further metal speciation analysis. The effects of acidification on the thiol
integrity however, remains unknown.
The content of salt also affects the stability of thiol. The addition of 28 mg L-1 NaCl
has been found to indirectly promote GSH photo-oxidation in a freshwater sample,
probably through the role in the formation of chlorine radicals that directly oxidize GSH
(Moingt et al., 2010). The half lives of GSH in response to photo-oxidation ranged from 4
to 30 h in natural freshwater and from 1.6 to 7 h in saltwater (Moingt et al., 2010),
indicating that the thiol in freshwater is more stable than in seawater.

II.4 Important role of thiol in metal binding
II.4.1 Protecting the most sensitive organisms against metal toxicity
Although the concentration of thiol in natural waters (i.e. 0.1 nmol L-1; Table
II-2) is much lower than that of carboxyl (i.e. 1 mol L-1), the concentration may be
still high enough to potentially protect the most sensitive organisms against metal toxicity.
For example, the critical concentration of Pb, Zn and Cd is 19.3 (Grosell et al., 2006),
 (Ambient Water Quality Guidelines for Zinc, Minstry of Environment, British
Columbia, Canada,1981), and 0.8 nmol L-1 (Canadian Water Quality Guidelines for the
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Protection of Aquatic Life), respectively, in freshwaters; and 8 (Ambient Water Quality
Values for Protection of Aquatic Life, Enviromental Protection Agent, US, 1998), 153
(Ambient Water Quality Guidelines for Zinc, Minstry of Environment, British Columbia,
Canada,1981), and 1.1 nmol L-1 (Canadian Water Quality Guidelines for the Protection of
Aquatic Life), respectively, in seawater.
The ambient total dissolved Pb, Zn, and Cd concentration is 0.005nmol L-1,
0.1 and 0.01 nmol L-1 in surface waters (Stumm and Morgan, 1995), within or
comparable with the concentration range of thiol (0.1 nmol L-1), indicating that thiol
may play an important role in Pb, Zn, and Cd speciation in a native environment to regulate
metal toxicity.

II.4.2 Conditional stability constants of thiol for metal binding
According to the classification of metal ions based on polarity, thiol is expected to
strongly bind with soft to intermediate-soft (i.e. or highly polarized to polarized) metal ions,
typically including Hg2+, MeHg+, Ag+, Cu2+, Cd2+, Pb2+, Ni2+, and Zn2+ (Al-Reasi et al.,
2011; Qian et al., 2002). The conditional stability constant of metal-thiolate complex
(K'metal-thiolate) is a parameter to determine the ability of thiol bind with specific metals. For
a classic complexation reaction of aRS + bM = Mb(RS)a (charge is omitted for
simplification), K'metal-thiolate is defined as

K 'metal-thiolate 

[ M b ( RS ) a ]
[ RS ]a [ M ]b
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where a and b is stoichiometric factor; [Mb(RS)a], [RS] and [M] is the concentration of
metal-thiolate complexant, free thiolate ligand, and free metal ion, respectively.
The higher K', the more stable is the metal-thiolate complex, and therefore, the
metals are less bioavailable for toxicity concern. To evaluate how strongly thiol can bind
with Pb, Zn, and Cd for this thesis interest, available K' values of thiol for binding with
these three metals or relevant information are reviewed.
For Pb, no specific K'metal-thiolate was reported for Pb-thiolate in organic matter.
Structure spectroscopy found Pb2+ prefers to bind with salicylic- and/or catechol-type
ligand in organic matter (Manceau et al., 1996; Xiong et al., 2013). No direct structure
evidence of Pb2+ binding by thiol in DOM is reported. These structure studies were based
on X-ray absorption fine structure (XAFS) method, which may not be sensitive enough to
detect Pb2+ binding by thiol because the concentration of thiol is low. Nonetheless,
differential pulse polarography had suggested the presence of two kinds of Pb-GSH
complexes with 1:2 (Pb : GSH) or 2:2 stoichiometric factor(Cruz et al., 2001). By searching
of Pb2+ by model thiol compounds from NIST (National Institution Standard and
Technology; Version 8.0) database (Martell and Smith, 2004), the thermodynamic stability
constant of Pb-thiolate complex with 1:2 (metal:thiol) stoichiometric ratio is 11.53 (DL(2-Mercaptopropionyl)glycine). The conditional stability constant of Pb bound by bulk
DOM molecule widely spanned from 4 to 12 at varying pH (i.e. assuming 1:1 binding
stoichiometric factor) (Town and Filella, 2002). Although direct comparison of stability
constants between thiol and DOM is not feasible due to the varying pH, we cannot preclude
Pb2+ binding by organic thiol in DOM.
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For Zn, Zn2+ was found to be coordinated by 4 thiol molecules and 2
oxygen/nitrogen ligands and/or by 6 oxygen ligands (i.e. mass ratio of Zn:organic soil
ranging from 1:2000 to 1:100 and pH = 5.6in soil organic matter (Karlsson and
Skyllberg, 2007). No K'Zn-thiolate value, however, was reported. At a comparable pH = 6, the
conditional stability constant of Zn2+ by model thiols from NIST database (Martell and
Smith, 2004) ranges from 1.17 to 5.04 for a 1:1 complex (i.e. N-Acety-L-cystein, Dpenicillamine,

N-Acetyl-D-penicillamine,

2-Mercaptoethylamine,

GSH,

DL-(2-

Mercaptopropionyl)glycine, Mercaptoacetic). The conditional stability constant of Zn
binding by bulk DOM molecule in natural waters spanned from 7.0 to 11.5 at varying pH
(i.e. assuming 1:1 binding stoichiometric factor) (Town and Filella, 2000), higher than that
of model thiols. Differential pulse polarography had found Zn2+ complexed with GSH
following a 2:2 stoichiometric factor(Dıá z-Cruz et al., 1998), indicating chelating effects.
Together it concludes that Zn2+ can be bound by organic thiol in DOM, but there is great
uncertainty about the K'Zn-thiolate. Chelating effect at low mass ratio of Zn:DOM should be
considered.
For Cd, Cd2+ is coordinated by 4 thiols in soil and aquatic DOM at a mass ratio of
Cd:organic matter ranging from 1:2000 to 1:19(Karlsson et al., 2007, 2005). The K'Zn-thiolate
in soil organic matter was reported to vary from 11.2 to 11.6 (pH = 3.1 to 4.6; pKa = 9.96)
or from 10.0 to 10.4 (pH = 3.1 to 4.6; pKa = 8.75), depending on the pKa value selected to
calculate the active thiol for binding (Karlsson et al., 2007). More studies, therefore, are
required to clarify the thiol structure in DOM and the pKa value. At a comparable pH (3.0),
the conditional stability constant of Cd2+ binding by model thiol from NIST data base
(Martell and Smith, 2004) ranges from -0.3 to 3.88 for a 1:1 complex (i.e. D61

penicillamine,N-Acetyl-D-penicillamine,

2-Mercaptoethylamine,

2-mercaptoethanol,

glutathione, DL-(2-Mercaptopropionyl)glycine), lower than that reported for soil organic
matter (11.2). This difference can be explained by two possibilities: 1) these thiol
model molecules are not representatives of thiol molecule in soil water; 2) Cd is bound by
more than one thiol molecule in soil water. Differential pulse polarography found that one
Cd2+ complexes with two GSH molecules (Díaz-Cruz et al., 1997). Without specific
information about organic thiol, the conditional stability constant of Cd binding by bulk
DOM from natural waters and algal exudates ranged from 7 to 12 at varying pH (Lenoble
et al., 2008; Strmeki et al., 2010; Town and Filella, 2000a). The thermodynamic binding
constant of carboxyl and amino group for Cd2+ binding is 2.24 ± 1.39 and 3.84 ± 0.75,
respectively (Smith et al., 2002), lower than that of Cd-DOM. Therefore, the range of 712
should include Cd2+ binding by thiol group.

II.5 Conclusion
The occurrence of thiol in natural waters is mainly attributed to the production of
thiol by phytoplankton through a series of reduction reactions that converts sulphate to
thiol. This mechanism, however, is only implied by laboratory study, and therefore, may
be simplified. More complicated process may be involved in natural waters. Laboratory
studies have revealed that thiol production is influenced by multiple factors (e.g.
phytoplankton species, metal exposures and etc). However, more studies should be
performed to determine the limiting factor that controls the overall process with
environmentally relevant concerns. The molecular structures of thiols are highly
heterogeneous. To understand the biogeochemical process of thiol in natural waters, these
structures need to be clearly characterized. Additionally, the distribution of thiol in
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response to the change of environmental factors (i.e. season, water chemistry and etc) needs
to be further studied. Although thiol is a strong ligand for metal binding, the role of thiol
in metal binding has been historically ignored due to their low concentration, particularly
in the study of metal binding. Actually, the thiol concentration is high enough to buffer the
metal toxicity for the most sensitive aquatic organisms. Therefore, the role of thiol should
be emphasized in the future speciation and toxicity study. The conditional stability constant
(K') of Pb, Zn, and Cd binding by thiol in natural waters is not available from literatures.
This data is important for the development of speciation model for monitoring metal
toxicity, particularly for the toxic and soft metals which show strong affinity to thiol.
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II.7 Tables and Figure
Table II-1 Thiol produced by different phytoplanktons in the presence of different metal ions and metal mixtures; GSH: reduced
glutathione; PC2, PC3 and PC4: phytochelatin with 2, 3 and 4 GSH molecules; the molar amount of thiol (i.e. mol, nmol or fmol) is
normalized to the mass of chlorophyll a (g chl a) or the cell number (cell) of the mass of dry weight (g dry weight); conversion to the
same concentration unit is not possible because the 'g chl a', 'cell' and 'g dry weight' are not always reported
Species
Chlorophyte (gree algae)
(occurrence)
[Ahner et al., 1995]
Dunaliella tertiolecta
(esturaine)
[Wei et al., 2003]
Dunaliella tertiolecta
[Muhaemin 2008]
Dunaliella tertiolecta
[Knauer et al., 1998]
Dunaliella salina
(marine)
[Le Faucher et al., 2005,a]
Scenedesmus subspicatus
(freshwater)
[Ahner et al., 1995]
Scenedesmus vacuolatus
(freshwater)
[Pawlik-skowronska, 2000]
Tetraselmis maculate
(estruine)
[Rijistenbil et al., 1998]
Stigeoclonium tenue
(freshwater)
[Rijistenbil et al., 1998]
Stigeoclonium sp
(freshwater)
[Rijistenbil et al., 1998]
Enteromorpha prolifera
(esturine)
[Rijistenbil et al., 1998]
Fucus serratus L

Thiol
GSH

PC2

PC3

PC4

Unit

Metal

Remarks

umol/g chl a
Cd
---

5 - 19

2 - 75

2 - 75

umol/g chl a

---

2

---

---

umol/g chl a

---

0.5 - 8.5

---

---

fmol/g chl a

0.03-0.07

---

---

---

total PC concentration

---

23

---

---

amol/cell

127 - 175

0 - 25

0 - 42

0 - 22

umol/g chl a

---

12.5 - 425

3 - 363

---

nmol/g dry weight

---

100-580

100-700

50-300

nmol/g dry weight

---

500-2300

100-1450

100-300

nmol/g dry weight

---

10 -170

5 - 15

---

nmol/g dry weight

1552 - 2313

100 - 160

15 - 40

15 - 20

nmol/g dry weight

Cu, Cd,
Zn mix
Cu, Cd,
Zn

PC production varies among phytoplankton sepcies

PC level in nature is regulated by interaction of Cd, Cu and Zn

Diurnal cycle (16:8 h light-dark cycle) of GSH and Cys

Cu

Questionable feasibility of using PC as bioindicator of metal
exposure in lakes

Cd

Relationship between PC concentration, biaccumulated metal
and sensitivity of algal growth

Cd

PC production varies among phytoplankton sepcies

Cd and
Zn

Effects of type of metal ion, pH, bicarbonate, suspended

solid matter on PC production
Cu

Usage of glutathione redox ratios as indicator of copper toxicity

Thiol compound produced by assemblage of macroalgae in seawater
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(macroalgae-large seaweed)
[Rijistenbil et al., 1998]
F. vesiculosus L
(macroalgae-large seaweed)
[Pawlik-skowrongska, 2007]
Solieria chordalis
(macroalgae-small seaweed)
[Pawlik-skowrongska, 2007]
Chlamydomonas reinhardtii
[Scheidegger et al, 20111]
Chloreella vulgaris
[Simmons and Emery, 2011]
Ulva compressa
(marine)
[Mellado et al., 2011]
Hizikia fusiforme
(seaweed)
[Wood et al., 2012]
Fucus spiralis
(seaweed)
[Wood et al., 2012]
Bacillariophyte
(diatoms) (occurrence)
[Wood et al., 2012]
Thalassiosira weissflogii
(coastal)
[Ahner and Morel, 1995]
Thalassiosira weissflogii
[Ahner et al., 2002]
Thalassiosira weissflogii
(marine)
[Tang et al., 2005]
Thalassiosira weissflogii
(marine)
[Wu and Wang, 2012]
Ditylum brightwellii
(coastal)
[Rijstenbil and Wijnholds,
1996]
Skeletonema costatum
(coastal)
[Wei et al., 2002]
S.costatum
[Wei et al., 2002]

Pb and
Zn
2919 - 3969

40 - 150

648 - 885

50
---

nmol/g dry weight

---

nmol/g dry weight

30
---

500 - 1500

5 - 30

0.5 - 3

10 - 100

10 - 8000

100 - 1000

1-6

100 - 600

5 - 30

0.02 - 0.3

pmol/cell
umol/g dry weight

20 - 55

Pb

Kinetics of PC synthesis in response to lead exposure

Se

High sulfate concentration suppressed GSH and PC synthesis

Cu

Tolerance of Cu stress by Ulva compress is contributed by PC synthesis

nmol/g dry weight
64 - 1048

20 - 73

11 - 296

As-PC complexes seem not to be a principal storage form for long-term
---

---

---

---

nmol/g dry weight

As

6.3 - 8.3

3 - 730

arsenic storage within these two seaweeds

1 - 500

1 - 250

---

umol/L

Cd, Cu,
Zn, Ag,
Pb, Co,
Ni, Hg

Cd is the most sensitive PC inducers

Cd, Cu

GSH and PC change in response to increasing concentration of
metal exposure

15 - 1200

12 - 690

5.9 - 160

1.0 - 6.0

---

---

---

amol/cell

Cu

400 - 2000

about 0 - 200

about 0 - 70

about 0 - 16

umol/L

Hg and
MeHg

Detoxification of Hg(II) and MeHg by thiol

140 - 270

0 - 42

0-9

---

umol/L

Cd, Cu

Redox state of thiols and specific responses of thiols to heavy metals

573 - 643

39 - 173

0 - 14

0 - 26

umol/L

---

50

---

---

umol/L

1000 - 2000

amol/cell

Effect of chelators (EDTA) and growth phase on production of GSH

PC level in nature is regulated by interaction of Cd, Cu and Zn
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Cd, Cu,
Zn
mixture
Phaeodactylum tricornutum
(esturine)
[Rijstenbil and Wijnholds,
1996]
Phaeodactylum tricornutum
[Ahner et al., 1995]
Phaeodactylum tricornutum
[Morelli and Scarano, 2001]
Thalassiosira pseudonana
(coastal)
[Rijstenbil and Wijnholds,
1996]
Thalassiosira pseudonana
[Wei et al., 2003]
Thalassiosira oceanica
(oceanic)
[Ahner et al., 1995]
Prymnesiophyte
(coccolithophores)
(occurrence)
[Ahner et al., 1995]
Pleurochrysis carterae
(Coastal)
[Ahner et al., 1995]
Emiliania huxleyi
(coastal/oceanic)
[Ahner et al., 2002]
Emiliania huxleyi
[Ahner and Morel, 1995]
Emiliania huxleyi
(marine)
[Vasconcelos et al., 2002]
Pavlova lutheri
(estuarine)
[Ahner et al., 1995]
Dinoflagellate
Heterocapsa pygmaea
(estuarine)
[Ahner et al., 1995]

1970 - 2359

315 - 570

0 - 239

0 - 515

umol/L

Cd, Cu

Redox state of thiols and specific responses of thiols to heavy metals
GSH and PC change in response to increasing concentration of
metal exposure

560 - 2100

2.2 - 160

3.6 - 87

0.7 - 8.1

amol/cell

58 - 120

20 - 72

---

---

umol/L

Cu, Zn
Cd, Pb,
Zn

811 - 1298

147 - 286

0 - 191

24 - 48

umol/g chl a

---

5 - 20

---

---

umol/g chl a

Cd, Cu
Cu, Zn
mixture

---

10 - 112

5 - 60

---

nmol/L

Cd

PC production varies among phytoplankton species

---

0 - 80

0 - 28

---

umol/L

Cd

PC production varies among phytoplankton species

500 - 2400

46 - 430

58 - 490

17 - 560

umol/g chl a

25 - 450

13 - 375

---

---

umol/g chl a

Cd, Cu
Cd, Cu,
Zn, Pb

76 - 105

---

---

---

umol/g chl a

Metal
mixture

---

2 - 17

---

---

umol/g chl a

Cd

PC production varies among phytoplankton species

---

5-9

9 - 13

---

umol/g chl a

Cd

PC production varies among phytoplankton species

Mechanisms of degradation and release of metal-PC complexes

Redox state of thiols and specific responses of thiols to heavy metals
PC level in nature is regulated by interaction of Cd, Cu and Zn

GSH and PC change in response to increasing concentration
of metal exposure

Effect of exudates from different microorganism on production of thiol
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Table II-2 Summary of thiol concentration in natural waters; the freshwater is categorized into river, lake, and wetland group;
concentration range (i.e. from minimum to maximum) or average or single measurement was reported when it is available; 'Total'
means the sum of thiol concentration of different thiol species (GSH: reduced glutathione; TA: thiolacetamide; Cys: Cysteine:
Cys-Gly: L-Cysteine-L-glycine; NAC: N-acetyl-L-cysteine; MPA: 3-mercaptopropionic; Gln-Cys: Glutamine-cysteine; r-GCS:
-glutamylcysteine)

Reference

Water Type

DOC

[-SH] (nmol L)
Average or
Equivalent
min
max
single
Compounds
measurement

River
(Marie et a., 2015)

Penze River

(Mangal and Gueguen, 2015)
(Laglera and van den Berg, 2003)

Churchill River
Scheldt River
Stream water (SRD)
Stream water (KSN)
Stream water (SKM)
Elizabeth River, Virginia
Lake
Linsley pond, Connecticut
(dissolved)
Linsley pond, Connecticut
(particulate)

(Liem-Nguyen et al., 2015)
(Dryden et al., 2007)

(Hu et al., 2006)

1.7-8.1
(3.6)
N/A
N/A
37
49
86
N/A
3.6

10

160

GSH

5.03
47

21
107

GSH
GSH
120
120
99

27

338

1

3

Total
Total

GSH
N/A

2

22

1.3
0.25
0.21
0.14

2.4
0.9
0.4
0.4

(Leclerc et al., 2015)

Lake Croche, oligotrophic
Precambrian Shield Lake

N/A

(Liem-Nguyen et al., 2015)

Angessjon Lake, Sweden

13

5

12

TA
Cys
GSH
Cys-Gly
Cys
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(Liem-Nguyen et al., 2015)

(Zhang et al., 2004)

(Chapman et al., 2009)
(Kading, 2007)
(Laglera and van den Berg, 2003)
(Tang et al., 2000a)
(Laglera et al., 2014)
(Gall and Berg, 1993)

(Dupont et al., 2006)

(Hand et al., 2006)
(Tang et al, 2004)

Wetland
Boreal wetland (SRD)
Boreal wetland (KSN)
Boreal wetland (SKM)
Canadian Lake (Forster's Bay;
Lake 632; Baie St Francois)
Seawater
Venice Lagoon, Northern
Adriatic coast
Northwest Atlantic
Sargasso Sea
Scheldt Estuary
North Sea
Galveston Bay, Texas
Sea Salines Cape
Mersey Estuary

34
63
151

170
200
410

Total

12.2-17.6

2
1
10
1
1

80
150
200
100
200

GSH
Cys
TA
NAC
MPA

1.8-9

62

154

GSH

< 0.1
0.1
24

3.2
1.1
114

Cys and
GSH

0.6-0.96
N/A
1.44-5.4
N/A
N/A

Subartic Pacific Ocean
(particulate)

N/A

Galveston Bay, Texas
San Diego Bay
Cape Fear Estuary
Norfold Estuary

1.2-3.6
0.86-1.7
2.6-10.4
2.4-3.5

107
0.23

6.2

16
0.003
0.001
0.009
0.42
1.48
0.3
0.01
0.09
18
0.17
0.08
0.37

320
0.1
0.8
0
2.3
15
2.1
0.8
0.6
111
0.8
0.1
0.5

1.62

GSH
GSH
MPA
GSH
Cys
GSH
Arg-Cys
Gln-Cys
rEc
Cys
GSH
Arg-Cys
GSH
GSH
GSH
GSH
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(Shen et al., 2012)
(Matrai and Vetter, 1988)
(Al-Farawati and van den Berg,
2001)
(Christine et al., 1998)
(Laglera and van den Berg, 2003)
(Pernet-Coudrier et al., 2013)

National-Sun Yat-Sen
University
Saanich Inlet, British
Columbia, Canada
Western North Sea and
English Channel
North Easst Atlantic
Estary of River Scheldt
Aulne Estuary

3.02
0.46
0.17

N/A

GSH
r-GCS
PC2

N/A

0.01

0.1

GSH

N/A

0.77

3.5

GSH

N/A
N/A
N/A

<1
24
13

15
114
410

GSH
GSH
GSH
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N assimilation

Glutamine
(Glu)

-glutamylcysteine
synthetase -glutamylcysteine

(EC)

Glycine (Gly)

glutathione synthetase
Glutathione (GSH)
PC
synthetase
Phytochelatins (PC)

Figure II-1 Biochemical process of GSH and PC production by phytoplankton
(Illustration based on (Stefels 2000))
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Assessing effects of pH, metal ion and natural organic matter
on detection and determination of reduced glutathione by cathodic
stripping voltammetry

Chapter III

III.1 Abstract
Cathodic stripping voltammetry (CSV) has been widely used to determine the
concentration of thiol in seawater where the concentrations of dissolved organic matter
(DOM) and metals are low, but its applicability in water samples with high concentrations
of DOM and metals remains unknown. This study assessed the single and combined effects
of pH, metals and DOM on the detection and determination of reduced glutathione (GSH)
in synthetic estuarine water matrix with salinity of 18.6 ppt. Cu, Cd, Pb, and Zn were
selected as the representative of metals and Suwannee River Natural Organic Matter
(SRNOM) were selected as the representative of DOM. The presence of GSH was detected
by the signature peak position on CSV voltammogram (i.e. a plot of potential vs. current),
and the concentration was determined based on the peak height using standard addition of
GSH. The most critical parameter that regulates the peak position, peak height, and the
occurrence and/characteristics of interferences from metals and SRNOM was pH. In
presence of Cu and Cd, secondary peaks were found when the metal concentration to GSH
ratio ([Metal]/[GSH] )was >1 due to formation of GSH complexes at pHs of 8.0 (Cu and
Cd) and 2.5 (Cu only).Pb and Zn showed negligible influence on GSH peak at pH 8.0 and
2.5 when the [Metal]/[GSH] ratio ranged from 0.01 to 2.0. SRNOM peak overlapped with
GSH peak at pH 8.0 and [SRNOM] > 1 mg L-1, but was clearly separated from the GSH
peak at pH 2.5. Therefore, we recommend acidifying water samples to an acidic condition
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before applying CSV for the determination of thiol. However, the presence of metal ions
and/or SRNOM underestimated GSH concentration by 21%-69%, possibly due to metal
complexation with GSH and/or SRNOM adsorption onto Hg electrode. To prevent the
complexation of GSH with metals, addition of EDTA is necessary. The adsorption of
SRNOM onto Hg electrode was alleviated when SRNOM concentration was reduced to 1
mg L-1 (or 0.5 mg L-1 dissolved organic carbon (DOC)) and the spiked concentration of
GSH was recovered. Thus, when CSV is applied to measure thiol concentration in a DOM
sample with DOC > 0.5 mg L-1, sample dilution is required. Overall, the results of this
study shows CSV is applicable to measure thiol in water samples with high concentration
of metals and DOM as long as appropriate sample pre-treatment is conducted, including
acidification, addition of EDTA and dilution.
Keyword: reduced glutathione, metal ions, natural organic matter, interference, cathodic
stripping voltammetry
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III.2 Introduction
In most cases, metal toxicity for aquatic life increases with increasing concentration
of free metal ions, but can be alleviated once the free metal ions are bound by dissolved
organic matter (DOM). DOM contains a wide variety of functional groups, such as
carboxyl, phenol, amide, and thiol. Among these functional groups, thiol is most polarized,
and therefore, exhibits strong binding with 'soft' metal ions (e.g. the conditional stability
constant of thiol is 10.6 31.6 for Cu(Chapman et al., 2009; Dryden et al., 2007; Laglera
and van den Berg, 2006, 2003), 11.7 14.7 for Hg(Benoit et al., 2001; Drexel et al., 2002;
Haitzer et al., 2003; Han et al., 2006; Lamborg et al., 2004; Qian et al., 2002; Ravichandran,
2004), 11.2  11.6 for Cd(Karlsson et al., 2005), 5  8.6 for Zn (D. S. Smith et al., 2002),
and 8  12.4 for Pb(D. S. Smith et al., 2002)). The concentration of thiol in natural waters
(i.e. < 0.1 to 410 nmol L-1 among river, lake, wetland, and seawater (Dryden et al., 2007;
Dupont et al., 2006; Gall and Berg, 1993; Han et al., 2006; Hu et al., 2006; Kawakami and
Achterberg, 2012; Liem-Nguyen et al., 2015; Matrai and Vetter, 1988; Pernet-Coudrier et
al., 2013; Tang et al., 2000a, 2000b, 2004; Zhang et al., 2004)) is much lower than that of
carboxyl group (i.e. 1 mol L-1 (S. Smith et al., 2002)). The role of thiol in metal
binding is usually ignored in natural waters. However, from a toxicological perspective,
the concentration of thiol is still high enough to buffer metal toxicity for the most sensitive
organism. For instance, according to the Canadian Water Quality Guidelines for the
Protection of Aquatic Life (i.e. chronic effect), to protect 95% aquatic species the
concentration of total dissolved Cu, Hg, Cd, Zn, and Pb cannot exceed 31.5, 0.02, 0.8, 181,
and 4.83 nmol L-1, respectively, in freshwaters. These critical concentrations are within the
concentration of thiol in natural waters, indicating that thiol can potentially bind all these
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metal ions for protecting aquatic life from toxicity. Therefore, accurately estimating the
concentration

of thiol in natural waters is necessary for better prediction of metal

speciation and the consequent risk assessment of metal toxicity.
Several analytical techniques have been developed to determine the concentration
of thiol in natural waters, including capillary electrophoresis (CE) (Shen et al., 2012), high
pressure

liquid

chromatography(HPLC)(Tang

et

al.,

2000b),

fluorescence

spectroscopy(Joe-Wong et al., 2012; Mangal and Guéguen, 2015; Rao et al., 2014) and
cathodic stripping voltammetry (CSV)(Laglera and Tovar-Sánchez, 2012; Pernet-Coudrier
et al., 2013). HPLC and CE have higher sensitivity and selectivity than CSV, but require
derivatization step before quantification. Additionally, compared with HPLC, CSV does
not require derivatization, and is direct, rapid, and affordable (Pernet-Coudrier et al., 2013).
CSV detects thiol through two steps: deposition and stripping. The deposition is to
preconcentrate thiol. Over the deposition procedure (i.e. anodic stage), the oxidized Hg (i.e.
Hg(I) or Hg(II)) binds with thiol, forming a Hg-thiol complex adsorbed on the hanging Hg
electrode. After a period of preconcentration, a stripping step is performed by a cathodic
potential scan, which reduces the adsorbed Hg-thiol complex (i.e. Hg-thiol+ e-↔thiol +
Hg0) and produces a plot of potential vs. current called voltammogram. Thiol shows a
signature peak on the voltammogram. By comparing the peak position between natural
thiol and model thiol compound, the equivalent structure of natural thiol can be estimated.
Reduced glutathione (GSH) is the most common equivalence of natural thiol, although
other model compounds are also suggested (e.g. thiolacetamide, and cysteine). The peak
height is the analytical signal for the determination of thiol concentration by standard
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addition of specific thiol compound. Therefore, when CSV is applied to determine the
concentration of thiol, a voltammogram with distinctive thiol peak is prerequisite.
Natural water is an unknown matrix and the thiol peak position and height are
conditional to specific water chemistry. For seawater with low concentration of dissolved
organic carbon ([DOC]) (i.e. [DOC] = 0.4 1.4 mg L-1) (Ogawa and Tanoue, 2003), the
thiol peak is distinctive and can be clearly identified (i.e. 'Gaussian-like' peak shape with
highest peak height). Most of studies using CSV to determine thiol, therefore, are limited
to seawater. However, the applicability of CSV in water samples with higher DOC level
(e.g. humic lake) remains unclear. Gall et al (Gall and Berg, 1993) has reported that the
thiol peak in seawater at pH 8.0 was completely inhibited by DOM when [DOC] was
greater than 1.5 mg L-1, possibly due to the hydrophobic adsorption of DOM onto Hg
electrode. Pernet-Coudrier et al (Pernet-Coudrier et al., 2013) have separated thiol peak
from DOM interferences by reducing pH to 1.9, but did not reported the DOC concentration.
Whether this method can be applied to water samples with high DOC concentration
remains unclear. The metal effects on thiol peak are not well documented and usually
ignored, although metals are naturally present and their metal-thiol complexes may be
electrochemical active. For example, the addition of Cu causes the coexistence of Cu(I)thiol and Hg-thiol complexes at the Hg electrode. The reductions of these two complexes
result in a peak complex as a result of peak overlap (Gall and Berg, 1993; Laglera and van
den Berg, 2003). The peak height of the peak complex is not simple superposition of the
peak height of these two complexes, which complicates the data analysis. The effects of
other metals, particularly Pb, Cd, and Zn that show strong affinity to thiol, have been
evaluated. In addition to water chemistry, the peak potential and height of thiol on
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voltammogram are also conditional to specific electrochemical parameters (i.e. deposition
potential, scan rate, and etc) (Pernet-Coudrier et al., 2013). Some studies have investigated
the optimal electrochemical parameters for best sensitivity of thiol peak and differentiation
of different thiol species (Laglera et al., 2014; Laglera and Tovar-Sánchez, 2012). These
studies, however, did not take the presence of DOM and metal ions into consideration.
This study will emphasize on assessing the effects of pH, metal ions (i.e. Cu, Pb,
Cd, and Zn), and DOM on the detection and determination of thiol by CSV. Specifically,
we aim to find out the highest concentration of metals and DOM at specific pH that cause
interferences for the detection and determination of thiol by CSV. The results of this study
will imply the applicability of CSV to determine thiol concentration in more complicated
water matrix with simultaneous presence of metals and DOM at high concentration.

III.3 Material and Methods
III.3.1 Reagents
All the experiments were conducted in artificial saltwater, which was prepared by
dissolution of appropriate mass of specific salts with Milli-Q water (water resistivity = 18.2
MΩ-cm-1, TOC < 4 ng L-1, Millipore) (Guillard and Ryther, 1962). The final salinity was
18.6 ppt, equivalent to the salinity in estuarine or coastal waters (Pernet-Coudrier et al.,
2013). A stock solution of 1 mmol L-1 GSH was prepared weekly by dissolution of GSH
compound with Milli-Q (SigmaAldrich, assay ≥ 98%), and a working solution of 10 mol
L-1 GSH was daily obtained by direct dilution from stock solution. Both stock and working
GSH solutions were acidified with 1 mol L-1triple distilled HNO3and stored at 4

before

and after usage. Working metal ion solutions were diluted from 1000 mg L-1 stock solution
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(SigmaAldrich, TraceCERT) under acidic condition. Suwannee River Natural Organic
Matter standard (SRNOM, 1R101N) was selected as the representative of DOM, which
was purchased from the International Humic Substances Society (IHSS, St. Paul, MN,
USA) and used without pre-treatment. When necessary, the pH of working solution was
adjusted using triple-distilled HNO3 and ultrapure NaOH (Sigma Aldrich, Trace metal
grade). All plastic or glassware used in the experiments were soaked with 10% HCl (Trace
metal grade) and rinsed with sufficient MQ water before usage.

III.3.2 Cathodic Stripping Voltammetry (CSV)
All the voltammetric measurements were carried out using a Metrohm Autolab
type III potentiostat in conjunction with Metrohm 663 VA Stand, IME 663 interface and
GPES 4.9 software package. The voltammetric cell consisted of a static mercury drop
electrode (SMDE), a double junction reference electrode (Ag|AgCl| 3 mol L-1KCl
capsulated by a 3 molL-1KCljacket), and a glassy carbon rod as counter electrode. 25 mL
sample was transferred into a 50 mL thermostatic glass vessel (25°C). A daily-calibrated
glass pH electrode (Mantech, double junction, 4 mol L-1KCl for inner electrolyte) coupled
with a meter (XL 500, Fisher Scientific) was inserted into the voltammetric cell for pH
monitoring. The voltammetric procedures were adapted and modified based on previous
work (Pernet-Coudrier et al., 2013). Firstly, the solution was purged with high purity N2
(i.e. > 99.999%; Praxair) for 60 to 300 s to remove oxygen, and then the thiol was deposited
onto SMDE drop at 0 V for 60 s followed by 10 s of equilibrium. Deposition potential = 0
V was selected because highest sensitivity of GSH signal was achieved at this potential in
the presence of organic matter (pH 1.95) (Pernet-Coudrier et al., 2013). Subsequently, a
potential scan from – 0.1 to – 0.8 V in square wave mode (i.e. frequency 10 Hz, pulse
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height 25 mV, and step increment of 2.5 mV) was applied for cathodic stripping, and the
voltammogram was recorded.

III.3.3 Experimental design
The effects of pH, metals and SRNOM on the detection of thiol peak, including
peak position and peak height, were evaluated by different sets of experiments summarized
in Table 1. A spiked concentration of 50 nmol L-1 GSH was commonly used in these
experiments for representing thiol in natural waters. To evaluate the effects of pH alone,
the experiment I (Exp-I) was performed without metal ions and SRNOM. To isolate the
metal effects, the Exp-II to Exp-V were run without SRNOM at two pH conditions: pH =
2.5 and pH = 8.0. The selection of these two pH conditions was to compare the metal effects
between acidic and alkaline conditions. With attempt to removing the Cu effects on thiol
peak, Exp-VI was run with addition of EDTA (i.e. 230 nmol L-1) upon the presence of 100
nmol L-1 Cu at pH 2.5. A parallel experiment (Exp-VII) with increasing EDTA
concentration (i.e. 0 to 230 nmol L-1) was run without metals to check the effects of EDTA
itself on thiol peak. To isolate the SRNOM effects, the Exp-VIII was run without metals at
pH = 2.5 and pH = 8.0. To check the combined effects of metals and SRNOM, the Exp-IX
was run with mixture of metals and SRNOM at pH 2.5. Only pH = 2.5 was selected for
Exp-VI and Exp-IX because pH = 8.0 was found to cause substantial interferences on thiol
peak at pH 8.0 (i.e. see result part). The concentrations of specific metals in the metal
mixture were environmentally relevant. To evaluate the effects of metals and SRNOM on
the determination of thiol, standard addition of GSH following the last addition of metals
and SRNOM was performed at Exp-II to Exp-IX. The linearity of the standard addition
was evaluated. If it was a linear line, the GSH concentration was calculated (i.e. intercept
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/ slope). To compare with the spiked GSH concentration, a recovery percentage was
calculated (i.e. Recovery % = calculated GSH concentration / spiked GSH concentration x
100 %). If Recovery% is closed to 100%, it means the effects of metals and/or SRNOM on
GSH determination is limited. If Recovery% is less than 100%, it indicates metals and/or
SRNOM affect GSH determination.

III.3.4 Data analysis
The voltammograms of GSH at all experimental conditions were smoothed and
baseline corrected using the GPES 4.9 for determining peak position and peak height.
When the GSH peak was distinctive without interferences by additional peaks (i.e. no peak
overlap and/or overshadow), the peak position (i.e. potential) and height were directly
determined. When additional peaks were present and caused interferences for the detection
of GSH peak, peak deconvolution analysis was performed to separate GSH peak from
additional peaks. The deconvolution implemented by a in-house Matlab script (Version
2011; MathWorks) (Cuss and Guéguen, 2013).

III.4 Results and Discussion
III.4.1 pH, metal ions or SRNOM effects on detection of GSH peak
III.4.1.1 pH effects
No noticeable GSH peak was found at pH < 1.57. With increasing pH from 1.57 to
10, the GSH peak position consistently shifted toward the cathodic direction from V
to V (Figure 1), which is a result of decreased GSH protonation and enhanced
stability of Hg-GSH complex (Gall and Berg, 1993). The peak height consistently
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increased with increasing pH from 1.57 to 6 and remained relatively constant from pH 6 to
8 but decreased afterward (Figure 1). Conclusively, the best sensitivity of GSH peak height
was obtained at pH = 6 – 8 in the absence of metal ions and SRNOM.

III.4.1.2 Metal effects
For Cu effects at pH = 8.0, GSH peak position was shifted toward negative direction
with consistent increase in peak height (Figure 2A). At [Cu]/[GSH] = 1.8, the peak position
was shifted from to V, and the peak height was two times higher than that
without Cu. Similar observations had been reported in previous studies (Gall and Berg,
1993; Laglera and van den Berg, 2003). Using deconvolution analysis (Figure 2B), a
secondary peak was found at V as [Cu]/[GSH] increased to 2, which is due to
formation of Cu(I)-GSH complex on the hanging Hg electrode surface (Gall and Berg,
1993; Laglera and van den Berg, 2003). Because Cu(I) forms the more stable complex with
thiol than Hg (II)(Laglera and van den Berg, 2003), Cu(I)-GSH complex progressively
replaces Hg-GSH complex at higher [Cu]/[GSH], leading to peak shift and increase of peak
height(Laglera and van den Berg, 2003). Alternatively, the shift of GSH peak can be
explained by a change in morphology deposited film on the Hg electrode. Specifically, the
GSH molecules released from reduction of Hg-GSH complexes remain immobilized on the
electrode surface due to additional interactions with copper ions. Therefore, a stable
hydrophobic complex with GSH adsorbs onto the electrode surface, leading to a more
deposited film on the electrode (Mladenov et al., 2004). For Cu effects at pH 2.5, Cu
showed negligible effect on GSH peak at [Cu]/[GSH] < 0.2 (Figure 2C), but as [Cu]/[GSH]
increased to 1, a secondary peak appeared, and became more dominant at [Cu]/[GSH] = 2.
Deconvolution (Figure 2D) analysis revealed the presence of a secondary peak at V,
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attributed to formation of Cu(I)-GSH(Gall and Berg, 1993; Laglera and van den Berg, 2003)
or change of Hg electrode morphology (Mladenov et al., 2004). The GSH peak at V
was substantially diminished by 37 % at [Cu]/[GSH] = 2.
For Cd effect at pH = 8.0, no noticeable effect was observed at [Cd]/[GSH] < 1
(Figure 3A). However at [Cd]/[GSH] ≥ 1, deconvolution showed a secondary peak at
V, different from the GSH peak at V (Figure 3BC). The presence of the
secondary peak is possibly due to the formation of Cd-GSH complexes (i.e. Cd2(GSH)2
and Cd(GSH)) (Díaz-Cruz et al., 1997). The peak height of this secondary peak increased
with increasing [Cd]/[GSH] from 1 to 2 (Figure 3B and C), indicating enhanced Cd effect
with increasing Cd concentration. Meanwhile, the GSH peak height at [Cd]/[GSH] = 2 was
reduced by 21% (Figure 3C), showing competition between Cd and Hg for GSH
complexation at pH 8.0. For the Cd effects on GSH peak (i.e. both peak position and peak
height) at pH 2.5, it was negligible within the investigated range of [Cd]/[GSH] (Figure
3D).
Pb showed negligible effects on GSH peak position and height at both pH 8.0 and
2.5 within the investigated range of [metal]/[GSH] (Figure S1AB). Voltammetric peak
relevant to Pb-GSH complex was reported to occur when Pb concentration was up to
micromolar level(Gall and Berg, 1993), higher than the highest Pb concentration used in
our investigation (100 nmol L-1). Zn only caused decrease of GSH peak height at pH 2.5,
but showed negligible effects on peak position. Zn effects on GSH peak were negligible at
pH 8.0 (Figure S1CD). These combined results indicate that unlike the Cu and Cd case,
displacement of Hg(I) or Hg(II) in Hg-GSH complex by Pb and Zn is limited on Hg
electrode surface, which explains the absence of additional peak induced by Pb and Zn.
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Nonetheless, Pb and Zn may still complex with GSH molecule through binding with
carboxylic group on GSH (Cruz et al., 2001; Dı́az-Cruz et al., 1998), but the complexes
may be not adsorbed onto Hg electrode, and therefore cannot be detected by cathodic
stripping voltammetry.

III.4.1.3 SRNOM effects
For the SRNOM effects at pH 8.0, the GSH peak height at – 0.55 V was slightly
increased from – 1.4 to – 1.6 nA, and the GSH peak lost its regular shape (i.e. 'Gaussianlike') and became wider in the presence of 1 mg L-1 SRNOM (Figure 4A). At SRNOM > 5
mg L-1, a broad and ill-defined peak complex developed, which completely engulfed the
original GSH peak and made it indiscernible on the voltammogram (Figure 4A). Similarly,
Le Gall and van den Berg (1993) reported that GSH peak was completely inhibited by 3
mg L-1 humic acid at pH 8.5. In order to better interpret the peak complex induced by the
presence of SRNOM, the voltammograms at SRNOM ≥ 5 mg L-1 were deconvoluted
(example showed in Figure 4B). Three peaks were resolved, and their peak positions were
quite consistent regardless of SRNOM concentration (Figure 4C). The most negative peak
at – 0.55 V corresponded to the GSH peak, and the additional two peaks (i.e. –0.40 V and
–0.25 V) were likely due to the adsorption of SRNOM on the Hg electrode (Gall and Berg,
1993; Ochs et al., 1994), which is the major interference in voltammetric measurement of
labile metal species (Louis et al., 2008; Potin-Gautier et al., 1995; Sánchez-Marín et al.,
2011; Scarano and Bramanti, 1993).The peak height of these two adsorption-related
complexes only increased when SRNOM increased to 10 mg L-1, and was relatively
constant afterward (Figure 4D). Adsorption of humic substances onto Hg electrode is
kinetically fast (i.e. < 600 s) and the primary equilibrium can be achieved even at a low
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humic substance concentration (i.e. < 1 mg L-1)(Ochs et al., 1994). The coverage of Hg
electrode by humic substance due to this adsorption was almost 100% at a humic substance
concentration of 10 mg L-1 (i.e. pH = 3.0)(Ochs et al., 1994), which may explain the
constant peak height of SRNOM peak at [SRNOM] > 10 mg L-1. The height of the GSH
peak (i.e. – 0.55 V) increased with SRNOM addition to

5 mg L-1 (Figure 5D), possibly

due to the presence of thiol in SRNOM (Joe-Wong et al., 2012; Mangal and Guéguen,
2015), but did not changed with further increase of [SRNOM] from 5 to 25 mg L-1, possibly
because of SRNOM adsorption on Hg electrode.
For the SRNOM effect at pH 2.5, a new peak complex between – 0.30 V and – 0.60
V was found upon the addition of 1 mg L-1SRNOM (Figure 5). This peak complex was
clearly separated from the GSH peak at – 0.15 V, congruent with previous study (PernetCoudrier et al., 2013). Therefore, reducing pH is recommended to solve the peak overlap
problem observed at pH 8.0. As SRNOM concentration further increased to 5 mg L-1, the
GSH peak position was shifted toward the anodic direction, and the peak height was
progressively reduced. At SRNOM = 7 mg L-1, the GSH peak disappeared, and a new peak
was formed at – 0.21 V. Subsequent addition of GSH, however, did not cause any obvious
change in the voltammogram, implying that the new peak formed was not due to GSH.
Overall, the change in the GSH voltammogram in response to increasing SRNOM
concentration can be explained by enhanced SRNOM adsorption onto Hg electrode due to
hydrophobic interaction. Adsorption of humic substances onto hydrophobic surface is
promoted at low pH (Tipping, 2004). Additionally, strong adsorption of polyacrylic acid
and humic substance onto Hg electrode has been also reported under acidic condition
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(Plavšić et al., 1996). Nonetheless, pH 2.5 allowed clear separation of GSH peak from
NOM peak complex. Therefore, the following analysis was conducted at pH 2.5.

III.4.1.4 Combined effects of metals and SRNOM
For the combined effects of metals and SRNOM at pH 2.5, the first addition of 2.5
mg L-1 SRNOM caused anodic shift of GSH peak (Figure S4A), and reduction of peak
height by 60% (Figure S4B), but the following addition of metal ions did not cause further
change. The result indicates that SRNOM is the major interferences for the detection of
GSH peak when the concentration of metals (i.e. 15.74 nmol L-1Cu, 15.30 nmol L-1 Zn,
1.78 nmol L-1 Cd and 4.83 nmol L-1 Pb) is environmentally relevant.

III.4.2 Metals and SRNOM effects on determination of GSH concentration
For the Cu effects, two distinct peaks were found by deconvolution in the presence
of 100 nmol L-1 Cu, indicating coexistence of Hg-GSH and Cu(I)-GSH complex (Figure
S2A). These two peaks further developed with addition of GSH. The peak height of Cu(I)GSH peak increased non-linear with increasing GSH, whereas that of Hg-GSH increased
linearly (R2> 0.98) (Figure S2B). The concentration of GSH, therefore, was calculated
based on the Hg-GSH peak. The spiked GSH concentration was underestimated by 69 %
(Figure 6) due to competition between Cu and Hg for GSH complexation. The addition of
230 nmol L-1 EDTA minimized the formation of the Cu(I)-GSH peak (Figure S3C), and
improved the GSH recovery (84 ± 14%; Figure7). It is noted that EDTA itself showed
negligible effect on the GSH voltammogram (Figure S3D).
The presence of 100 nmol L-1 Zn and Pb underestimated the spiked GSH
concentration by 34% and 21%, respectively (Figure 6). No noticeable secondary peak was
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formed in response to GSH addition. The underestimation, however, may be still attributed
to complexation of Zn and Pb by GSH as increasing [GSH]. For example, if the Zn-GSH
and Pb-GSH complexes are non-electrochemical active (not adsorbed on Hg electrode), the
complexes cannot be reduced over the cathodic stripping step. The measured concentration
of GSH was closed to 100% recovery in presence of 100 nmol L-1 Cd at pH 2.5, further
showing the importance of reducing pH (i.e. pH = 2.5) to remove Cd interference.
For SRNOM, a linear response of GSH signal was not achieved at SRNOM >2.5
mg L-1 or DOC > 1.25 mg L-1. The GSH recovery at [SRNOM] = 2.5 mg L-1 was very low
(< 29%, Figure 6), possibly due to SRNOM adsorption on Hg electrode. NOM
interferences were also found in estuarine studies (Gall and Berg, 1993). Two studies with
DOC = 1.8 to 9 mg L-1(Chapman et al., 2009; Marie et al., 2015) have successfully
measured thiol concentrations. Although a DOC concentration of of 1.25 mg L-1 SRNOM
was used in the present study, the highly aromatic character of SRNOM may show stronger
adsorption on Hg electrode. The NOM interference may not only depend on NOM
concentration, but also on NOM quality. With attempt to reduce or minimize interference
induced by NOM, sample dilution was assessed. We found that GSH signal linearly
decreased with increasing [SRNOM] from 0.1 to 7 mg L-1 at pH = 2.5, and the reduction
was < 10% at [SRNOM] ≤ 1 mg L-1 and 64% at [SRNOM] = 7 mg L-1 (Figure 7). The
recovery was improved to 98% when [SRNOM] diluted to 1 mg L-1 (Figure 6). Before
applying CSV to measure thiol content in NOM samples, dilution to at least 1 mg L-1 is
recommended.
The GSH recovery in this scenario of metal mixtures and SRNOM was 54% ± 3% ,
higher than the case in only presence of 2.5 mg L-1SRNOM (29% ± 1%)(Figure 6), possibly
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due to the alleviated SRNOM adsorption on Hg electrode through metal complexation with
SRNOM. But again, to fully recover spiked thiol concentration, it is necessary to
completely remove interferences from SRNOM.

III.5 Conclusion
This study has assessed the effects of pH, metals and SRNOM on the detection and
determination of thiol by CSV in a estuarine water matrix. The GSH voltammogram was
less impacted by the presence of SRNOM and metals at pH 2.5 than at pH 8.0. Therefore,
acidic condition is recommended for GSH detection by CSV. The presence of Cd, Pb, and
Zn (i.e. ≈ 100 nmol L-1) had no noticeable effects on the GSH peak position and height at
pH = 2.5, but Pb and Zn still caused underestimation of GSH concentration, probably due
to formation of metal-GSH complexes that are non-electrochemical active. The presence
of Cu (i.e. ≈ 100nmol L-1) at pH 2.5 induced the formation of secondary peak, which was
attributed to the formation of Cu(I)-GSH complex. The Cu interferences can be minimized
by the addition of EDTA. Although reducing pH to 2.5 can clearly separate GSH peak from
SRNOM peak, the presence of SRNOM, even at concentration as low as 2.5 mg L-1, still
resulted in substantial underestimation of GSH concentrations. NOM-rich samples should
be diluted to at least 1 mg L-1 DOM before applying CSV for thiol measurement.
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III.7 Tables and Figures

Table III-1 Summary of experiments with different conditions of pH, metals, and
SRNOM

Experiment (Exp)
Exp-I
Exp-II
Exp-III
Exp-IV
Exp-V

Variable
pH
Cu
Pb
Cd
Zn

pH
2 10
2.5 and 8.0
2.5 and 8.0
2.5 and 8.0
2.5 and 8.0

Exp-VI

Cu

2.5

Exp-VII
Exp-VIII

EDTA
SRNOM

2.5
2.5 and 8.0

Exp-IX

Combined
effects

2.5 and 8.0

Metal ions
SRNOM
None
None
None
0 100 n mol L-1 Cu
-1
None
0 100 n mol L Pb
None
0 100 n mol L-1 Cd
None
0 100 n mol L-1 Zn
-1
100 nmol L Cu with 230
None
nmol L-1 EDTA
None
None
None
025 mg L-1
-1
15.74 nmol L Cu
15.30 nmol L-1 Zn
2.5 mg L-1
1.78 nmol L-1 Cd
4.83 nmol L-1 Pb
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Figure III-1 Change in GSH peak position and height in response to increasing pH from
1.57 to 10
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Figure III-2 GSH peak position and height, and voltammograms in the presence of Cu at
(A, B) pH 8.0 and (C, D) at pH 2.5.
Note: (●) GSH peak potential without Cu; (○) GSH peak potential with Cu; (■) GSH peak
height without Cu; (□) GSH peak height with Cu

Figure III-3 GSH peak position and height, and voltammograms in the presence of Cd at
(A,B) pH 8.0 and (C) pH 2.5.
Note: (●) GSH peak potential without Cd; (○) GSH peak potential with Cd; (■) GSH peak
height without Cd; (□) GSH peak height with Cd.
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Figure III-4 (A) Change in GSH (i.e. 50 nmol L-1) voltammogram with increasing
SRNOM concentration at pH 8.0; (B) deconvolution analysis of 50 nmol L-1 GSH
voltammogram in presence of 10 mg L-1 SRNOM at pH 8.0; change in resolved (C, D)
peak position and height with increasing SRNOM.

Figure III-5 Change in GSH (i.e. 50 nmol L-1) voltammogram with increasing SRNOM
concentration at pH 2.5.
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Figure III-6 The recovery of spiked GSH concentration under different scenarios at pH
2.5 (see text for details).
Note: Me corresponds to the mixture of metal ions (15.74 nmol L-1 Cu + 1.78 nmol L-1 Cd
+ 4.83 nmol L-1Pb + 15.30 nmol L-1 Zn) and 2.5 mg L-1 SRNOM.

Figure III-7 Change in GSH peak height (i.e. 50 nmol L-1) in response to increasing
[SRNOM] at pH 2.5.
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III.8 Supplementary information

Supplementary Figure III-1 GSH peak position and height, and voltammograms in the
presence of Pb at (A, B) pH 8.0 and (C) pH 2.5.
Note: (●) GSH peak potential without Cd; (○) GSH peak potential with Cd; (■) GSH peak
height without Cd; (□) GSH peak height with Cd.
A

B
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-2
-1
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□ Cu(I)-GSH peak
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-2
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0
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-0.199
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-0.196
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○ peak potential
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-1.6
-1.5
-1.4
-1.3
-1.2
-1.1

-2
0
-0.1
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-0.3
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-0.4
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Peak height (nA)
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Peak potential (V)

-10

250
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Supplementary Figure III-2 (A) voltammograms of GSH addition upon spiked GSH in
presence of 100 nmol L-1 Cu at pH 2.5; (B): signal response from resolved Hg-GSH peak
and Cu(I)-GSH peak (i.e. from deconvolution) with increasing GSH addition; (C):
voltammogram of GSH addition upon spiked GSH in presence of 100 nmol L-1 and 230
nmol L-1EDTA (i.e. addition of Cu followed by addition of EDTA upon spiked GSH) at
pH 2.5; (D): the change of GSH (i.e. 50 nmol L-1) peak position and peak height with
increasing EDTA concentration.
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Peak Current (nA)
SRNOM

Peak potential (V)
SRNOM
Supplementary Figure III-3 Change in GSH peak height (A) and peak position (B) in
response to addition of 2.5 mg L-1SRNOM, 15.74 nmol L-1 Cu, 15.53 nmol L-1 Zn, 1.78
nmol L-1 Cd, and 4.83 nmol L-1Pb in sequence at pH 2.5.
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Dependence of Pb, Zn and Cd binding on the sources of
dissolved organic matter

Chapter IV

IV.1 Abstract
This study evaluated the dependence of Pb, Zn and Cd binding by dissolved organic
matter (DOM) on DOM sources (i.e. autochthonous- and allochthonous-dominant). Metal
binding curves were determined by Absence of Gradient and Nernstian Equilibrium
Stripping (AGNES) at a constant condition ([dissolved organic carbon] = 10 mg L-1, pH =
8.0 and ionic strength = 0.1 mol L-1KNO3) over a total metal titration range of 10-8.4.25

mol L-1. The [Pb2+], [Zn2+], and [Cd2+] varied between DOM samples by up to 504, 74

and 14-fold, respectively. The allochthonous-dominant DOM consistently had a higher
level of Pb binding than autochthonous-dominant DOM. This discrimination, however,
was less pronounced for Zn and Cd binding. The variations of DOM sources also affected
the performance of Windermere Humic Aqueous Model (WHAM) on predicting [M2+]
through an input parameter called active fraction of DOM (f). The widely-adapted f = 0.65
was not suitable to predict [Pb2+] and [Zn2+] in the presence of autochthonous DOM, but
acceptable for [Cd2+], regardless of variations of DOM sources. To improve the prediction
of [M2+], f was optimized (fopt) according experimental determination of [M2+]. fopt varied
from 0.015 to 0.5 for autochthonous-dominant DOM, and from 0.24 to 0.95 for
allochthonous-dominant DOM, depending on specific metals. The results indicate the
necessity of adjusting f. fopt formed significant correlations with metal-specific optical
indicators (i.e. calculated from simple measurements of fluorescence and absorbance),
providing a potential tool to estimate fopt for specific DOM samples. The results of this
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study is important for improving WHAM performance on predicting [M2+] for toxicity
assessment.

Key words: dissolved organic matter, source, AGNES, WHAM, active DOM fraction,
optical indicators

IV.2 Introduction
Dissolved organic matter (DOM) is ubiquitous in natural waters with concentration
of dissolved organic carbon ([DOC]) ranging from 0.1 to 50 mg L-1 (Leenheer and Croué,
2003). DOM is a complex mixture of aromatic and aliphatic hydrocarbon structures that
have attached various types of functional groups (Leenheer and Croué, 2003), which
essentially regulates metal speciation and toxicity. In most cases, the free metal ion is the
most toxic species for aquatic biota (Zhao et al., 2016) but becomes less toxic or non-toxic
once bound by DOM (Allen et al., 1980; Sánchez-Marín et al., 2010; Sunda et al., 1978;
Tait et al., 2016). Therefore, to evaluate metal toxicity, it is imperative to achieve a reliable
concentration of free metal ions ([Mf]).
[Mf] highly depends on metal binding to DOM at an equilibrium condition. The
understanding of this reaction, however, is challenged by the heterogeneous nature of DOM
with respect to compositions, structures, and molecular weights. This heterogeneity results
from the varying relative abundance of autochthonous and allochthonous DOM source and
their contrasts in physicochemical properties and lability. The autochthonous DOM is
produced by photosynthetic biota (e.g. periphyton, macrophytes, phytoplanktons) within
the water column (Bertilsson and Jones, 2003; Søndergaard and Thomas, 2004; Toming et
al., 2013), while the allochthonous DOM is derived from terrestrial inputs, including
decompositions of vascular plants and soil water transported from surrounding catchment
105

areas (Bertilsson and Jones, 2003; Toming et al., 2013). The autochthonous DOM is
relatively more aliphatic, proteinaceous, bioavailable, and has low molecular weight,
whereas the allochthonous DOM is more aromatic, humic, recalcitrant, and has high
molecular weight (Bertilsson and Jones, 2003; Søndergaard and Thomas, 2004). For
freshwater system, eutrophic lakes are dominated by autochthonous DOM, while wetland,
marsh, humic lake or stream are dominated by allochthonous DOM (Toming et al., 2013)
The effects of variation of DOM sources on metal binding, however, remains
unclear. Only a few studies have been performed to evaluate the dependence of metal
binding on DOM sources. Most of these studies are for Cu (Baken et al., 2011; Cabaniss
and Shuman, 1988; Chappaz and Curtis, 2013; Craven et al., 2012; Luider et al., 2004;
Mueller et al., 2012) and only a few for Pb (Pernet-Coudrier et al., 2011; Sánchez-Marín
et al., 2011), Zn (Baken et al., 2011; Cheng et al., 2005; Cheng and Allen, 2006; Mueller
et al., 2012) and Cd (Baken et al., 2011; Mueller et al., 2012; Xue and Sigg, 1999). These
studies, however, are subjected to at least one of following limitations: 1) the effects of pH
and [DOC] on metal binding were not isolated from the DOM source-effects (Cao et al.,
2004); 2) the DOM samples were heavily processed and may lose integrity (PernetCoudrier et al., 2011); 3) the DOM samples for expressing source-effects were only
differentiated by [DOC] rather than composition- or structure-relevant characteristics
(Cheng et al., 2005; Cheng and Allen, 2006); 4) metal titration was not always performed
to compare metal binding by strong and weak ligands (Baken et al., 2011; Chappaz and
Curtis, 2013; Mueller et al., 2012); 5) only the concentration of 'labile' species (e.g. Anodic
Stripping Voltammetry-labile) rather than [Mf] was measured (Baken et al., 2011; Cheng
and Allen, 2006; Mueller et al., 2012). To better evaluate the dependence of metal binding
on DOM sources, these experimental and analytical limitations should be overcome.
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The variations of DOM source may also affect the prediction of [Mf] by speciation
models, such as Windermere Humic Aqueous Model (WHAM). The performance of
WHAM intimately affects the toxicity assessment by Biotic Ligand Model (BLM). To
consider the heterogeneous nature of DOM, WHAM allows users to specifically define the
fraction of active DOM participating in metal binding (f; f = 0). Based on f, the
corresponding concentration of active DOM ([Active DOM]; g L-1) is estimated by
following relation (Equation IV-1):
[Active DOM] = 2 × [DOC] × f
Equation IV-1:
This relation is derived based on two assumptions: 1) DOM consists of 50% DOC
by mass; 2) DOM can be represented by 100% fulvic acid. These two assumptions are
reasonable for most surface waters (Buffle, 1989). [DOC] can be measured experimentally
as an explicit input, whereas f is operationally selected by users for specific DOM samples.
Once [Active DOM] is determined, the total ligand capacity of metal binding (LT; mol L1

) can be estimated based on a constant of site density (d; d = 4.3 × 10-4 mol g-1 DOM for

weak sites and d = 2.1 × 10-4 mol g-1 DOM for strong site) (Tipping, 1998). The f value,
therefore, importantly modulates LT. However, no explicit method has been proposed to
determine f. Bryan et al (Bryan et al., 2002) found f = 0.65 for a set of UK waters (i.e. a
geometric mean value) for Cu. Since then, the f = 0.65 has been assumed by many users to
predict [Mf] (Baken et al., 2011; Cheng et al., 2005; Cheng and Allen, 2006; Gandois et al.,
2010; Guthrie et al., 2005; Pampura et al., 2006; Ren et al., 2015; Tipping et al., 2002),
although the DOM samples in their specific studies may be different from those in Bryan's
study. The suitability of assuming f = 0.65 for universal DOM, therefore, needs to be
evaluated. If f is DOM source-specific, f should be adjusted accordingly.
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In this study, we aim to 1) evaluate the dependence of Pb, Zn, and Cd binding on
DOM sources; 2) evaluate the WHAM performance to predict [Mf] using f = 0.65 for
different sources of DOM; 3) if f is DOM source-dependent, determine the optimal f (fopt)
based on the experimental determination of [Mf]; 4) explore the potential correlations
between DOM properties and fopt. The results of this study will assess the necessity of
integrating DOM property parameters into WHAM modeling work.

IV.3 Materials and methods
IV.3.1 DOM samples
Five DOM samples were collected from different sites, and one Suwannee River
Humic Acid (SRHA) standard (1S101 H) was purchased from International Humic
Substance Society (used without treatment). The five sampling sites included: Desjardin
Canal (DC; N 43°15'59.2308"N, W 079°56'33.8280"), Burlington Bay (BBL; N
43°18'03.3984",

W

079°50'42.3528"),

Amazon

River

(AMR;S

3°5’41.5”S,W

60°21’19.6”), Bannister Lake (BL; N 43030'N, W 80038'), and Luther Marsh (LM; N 43039',
W 80026'). Based on the understanding of these sampling sites from previous studies (H.
A. Al-Reasi et al., 2013; Richards et al., 2001). DOM samples were expected to span from
autochthonous-dominant

to

allochthonous-dominant

source.

The

selection

of

autochthonous-dominant and allochthonous-dominant source is important to express
potential source-effects on metal binding. At the sampling sites, the raw water samples
were firstly filtered through a 1 m pore-size filter, and then the DOM samples were
concentrated by reverse osmosis (RO) (Sun et al., 1995). RO was employed because it
can preserve the integrity of natural organic matter (Al-Reasi et al., 2011). The RO-DOM
concentrates were immediately transported back to lab, and then treated by cation exchange
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resins (AG50W-X8, H+ form, BioRad, Richmond, CA, USA) (activated by 4 mol L-1HCl,
followed thoroughly rinsing with MilliQ water) to remove background metal ions. The
final pH of DOM samples after resination was adjusted to 2which avoids precipitation
of humic acid. All RO-DOM concentrates were stored at 40 C in darkness until usage.
Because chloride ions were manually introduced by resination, the concentration of
chloride ion ([Cl-]) in RO-DOM concentrates were determined by chloride ion selective
electrode to account for metal-chloride binding.

IV.3.2 Characterization of DOM properties
To ensure that DOM samples are collected from autochthonous-dominant and
allochthonous-dominant source, fluorescence excitation-emission matrix (FEEM),
absorbance, proton reactivity, the concentration of Cr-reducible-sulfide (CRS) were
measured and compared between DOM samples.
All DOM solutions for FEEM and absorbance measurements were prepared by
diluting RO concentrates to 10 mg L-1 DOC at pH = 8.0, with 0.1 M NaCl electrolyte and
0.01 M NaHCO3 buffer. FEEMs were measured using a Horiba Jobin-Yvon Fluoromax-4
spectrofluorometer inside a 1-cm quartz cuvette (i.e. excitation wavelength: 250nm;
emission wavelength: 300nm; wavelength interval = 5 nm and slit width = 5 nm for
both excitation and emission). All FEEMs were corrected for instrumental specification
and inner-filter effects, followed by MilliQ blank subtraction and normalization to Raman
Unit (Murphy et al., 2008). Parallel factor analysis was not performed to resolve DOM
components due to the small number of FEEMs (i.e. the method typically requires ≥ 20
FEEMs (Stedmon and Bro, 2008)). However, for better data interpretations, FEEMs were
operationally delimitated into three fluorescence regions that represent three DOM
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components (Chen et al., 2003) (Supplementary information IV.7.2): protein-like at
Ex250-300/Em300-400 (C1), terrestrially-derived humic-like at Ex250-300/Em400-600
(C2), and humic-like at Ex300-500/Em400-600 (C3). Their respective abundances
(C1%C3%) were estimated by integrating the volume under the fluorescent peak (IV.7).
The abundance ratio of humic-like component to protein-like component (Hum/Pro =
(C2% + C3%) / C1%) was calculated. Fluorescence index (FI = fluorescence
intensityEX370nm/

Em450nm/

fluorescence intensityEx370nm/

Em500nm)

was also calculated to

distinguish DOM sources (FI ≈ 1.9 for autochthonous DOMs, and ≈ 1.4 for allochthonous
DOMs) (McKnight et al., 2001). Index of autochthonous contribution (BIX = fluorescence
intensityEx310nm/Em380nm / fluorescence intensityEx310nm/Em430nm) was also calculated (Huguet
et al., 2009). BIX > 1 corresponds to DOM source dominated by autochthonous
contribution, whereas BIX < 1 is allochthonous DOM. The autochthonous feature increases
with increasing BIX (Huguet et al., 2009).
Absorbance was measured using a Shimadzu UV-2550 spectrophotometer inside a
1-cm quartz cell. Different absorbance indicators of DOM physicochemical properties
were calculated, including specific absorbance coefficient at 254 nm (SUVA254 =
2.303×absorbance at 254 nm / [DOC]; the 2.303 is a factor that converts common logarithm
to natural logarithm) (Weishaar et al., 2003), specific absorbance coefficient at 340 nm
(SAC340 = 2.303×absorbance at 340 nm / [DOC]) (H. a. Al-Reasi et al., 2013), specific
absorbance coefficient at 436 (SCOA436 = 2.303×absorbance at 436 nm / [DOC]) (H. a.
Al-Reasi et al., 2013), ratio of absorbance at 254 nm to that at 365 nm (Abs254/Abs365) (AlReasi et al., 2012) and ratio of spectral slope at 275 nm to that at 350400 nm (SR)
(Helms et al., 2008). SUVA254 and SAC340 increase with increasing DOM aromaticity (H.
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a. Al-Reasi et al., 2013; Weishaar et al., 2003). SCOA436 increases with increasing yellowbrown colored moieties (H. a. Al-Reasi et al., 2013). Abs254/Abs365 and SR decreases with
increasing molecular weight (Al-Reasi et al., 2012; Helms et al., 2008).
The proton reactivity of DOM was determined by potentiometric titration of NaOH
against RO-DOM concentrates without dilution. The ionic strength of DOM concentrates
was fixed to 0.10 mol L-1with KNO3 (Trace metal grade; Sigma Aldrich). The initial pH
before titration was adjusted to ~2 by addition of concentrated HCl and NaOH (Sigma
Aldrich). The DOM concentrates were then titrated at ~0.1 pH intervals by adding 0.103
N NaOH (standardized by dried potassium hydrogen phthalate). All titrations were
performed by an automated titrator (848 Titrino Plus attached to 801 magnetic stirrer with
support rod, Metrohm Canada) with a daily-calibrated pH sensor (Unitrode with Pt 1000;
Metrohm, 6.0258.000) at room temperature and CO2-free atmosphere (consistent purge of
ultrapure N2 gas). The proton binding affinity spectra (i.e. site capacity (LT-H) vs. site
affinity (pKa)) were determined by the fitting proton binding data to a Fully Optimized
ContinUouS (FOCUS) model (Smith and Ferris, 2001). Based on these affinity spectra
(Supplementary Figure IV-1), proton sites were categorized into three groups: acidic site
(pKa ≤ 5), intermediate site (5 < pKa≤ 8.5), and alkaline site (pKa > 8.5), representing the
detection of acidity group from carboxyl to phenol as pH increases (Smith and Kramer,
1999). The total proton binding capacity (LT-H; mol mg-DOC-1) was determined by
integrating the area within their pKa ranges. Proton Binding Index (PBI= LT-H at
intermediate site / (LT-H at acid site + LT-H at basic site)/2) was calculated (H. a. Al-Reasi et
al., 2013). PBI increases with increasing potential of being strong metal binding ligand (H.
a. Al-Reasi et al., 2013). The method used to determine CRS was described elsewhere
(Kramer et al., 2007).
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IV.3.3 Metal titration
It is recommended that DOM binding with metal ions should be studied at an
environmentally relevant pH and low DOM concentration to avoid any artifacts and
underestimation of binding parameters (Pernet-Coudrier et al., 2011; Town and Filella,
2002). Accordingly, metal titrations were performed at [DOC] = 10 mg L-1, pH = 8.0, and
ionic strength = 0.1 mol L-1 KNO3. This condition was the same for all DOM samples,
which allowed us to isolate the effects of DOM sources from other chemistry factors. Metal
ions were accumulatively titrated against DOM solutions to reach a final concentration
([M]T) ranging from 10-8.5 to 10-4.0 mol L-1 (10-0.25 mol L-1 increment), corresponding to a
metal:DOM ratio (mg/mg) spanning from

to

. The metal titrants (0. ppm

Pb, Cd, and Zn were prepared by dilution of 1000 ppm AAS standard solutions (Sigma
Aldrich).

IV.3.4 Absence of Gradient and Nernstian Equilibrium Stripping (AGNES)
The [M2+] was exclusively determined by AGNES at each titration point
(Companys et al., 2007; Galceran et al., 2004; Puy et al., 2008). The principles and
experimental specifications of AGNES are summarized in IV.7.3. Briefly, AGNES is a
electrochemical technique that determines the [M2+] at an Nernstian equilibrium. The
analytical signal of AGNES, therefore, only proportional to [M2+], independent of any
complications arisen from electrodic adsorption or complexation kinetics (Galceran et al.,
2004). The performance of AGNES had been preliminarily tested by determining [M2+] in
the presence of tryptophan over pH 2.0. Good agreement of [M2+] was achieved
between AGNES measurements and model predictions (Supplementary Figure IV-2),
validating the reliability of AGNES.
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IV.3.5 Predict [M2+] by WHAM
[M2+] at each titration point was predicted by WHAM VI with inputs of water
chemistry the same as metal binding experiments (i.e. [DOC], pH, and 0.1 mol L-1 KNO3).
No metal binding by mineral oxides was considered. All DOM samples (except SRHA)
were assumed to be represented by 100% fulvic acid with 50% DOC by mass. The SRHA
was modeled with 100% humic acid according to the isolation procedure. f = 0.65 was
initially used for modeling. Then the optimal f (fopt) values were determined by iteratively
adjusting f until the minimum root mean squared errors (RMSE;(Equation IV-2) was
achieved between measured ([M2+]i,measured) and predicted [M2+] ([M2+]i,WHAM) (n is the total
number of metal titration points; i is specific point). The RMSE corresponded to f = 0.65
and fopt was RMSEdef and RMSEopt, respectively.

RMSE 

1 n
(log[ M 2 ]i ,measured  log[ M 2 ]i ,WHAM ) 2

n i 1

(Equation IV-2)

IV.4 Results and discussion
IV.4.1 Characterizing DOM properties
FEEMs are showed in (Supplementary Figure IV-3), and relative abundance of
DOM components are summarized in Table IV-1. The abundance of humic-like
components (C2%+C3%) varied by a factor of 1.5 between DOM samples (70.3%),
whereas that of protein-like component (C1%) varied by a factor of 6 (5%). The
Hum/Pro varied by a factor of 7.6 (2.36). These component-relevant parameters
indicate that the variability in protein-like component is more than that of humic-like
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component. The FI (1.13) and BIX (0.94) varied by a factor of 1.13 and 1.29,
respectively, comparable with the factor for DOM samples varying from autochthonous to
allochthonous source (i.e. 1.17(Al-Reasi et al., 2011)for FI and 0.6(Huguet et al.,
2009)for BIX).
SUVA254 (4.04) and SAC340 (0.86) (Table IV-1) varied by a factor of
3.50 and 7.29, respectively, indicating variation of DOM aromaticity (H. a. Al-Reasi et al.,
2013; Weishaar et al., 2003). SCOA436 (0.15) (Table IV-1) varied by a factor of 11.7,
indicating the variation of colored moieties (Abbt-Braun and Frimmel, 1999). SR
(1.89) and Abs254/Abs365 (3.3) (Table IV-1) by a factor of 3.48 and 2.61,
respectively, showing variation of molecular weight (Al-Reasi et al., 2012; Helms et al.,
2008). Comparable variation factors have been also reported by previous studies for DOM
varying from autochthonous to allochthonous source (i.e. 2for SUVA254 (H. a. AlReasi et al., 2013; Chappaz and Curtis, 2013; Craven et al., 2012; Inamdar et al., 2012;
Mueller et al., 2012); 1.18for SAC340 (Al-Reasi et al., 2011; H. a. Al-Reasi et al.,
2013); 7.8 for SCOA436 (H. a. Al-Reasi et al., 2013); 3.48 for SR (Inamdar et al., 2012);
2.62 for Abs254/Abs365 (Al-Reasi et al., 2012)).
The proton binding affinity spectrum was only determined for SRHA, LM, AMR,
and BL because the [DOC] of RO-concentrates from BBL and DC were too low to provide
reproducible and valuable titration data (i.e. [DOC] ≤ 81 mg L-1). Both total and groupspecific (i.e. acidic, intermediate, and basic) proton site capacity varied between samples
(Table IV-1). PBI values varied from ≤ 0.21 to 1.48 (i.e. the PBI values for BBL and DS
were estimated to be < 0.21 according to the linear correlation between PBI and SAC340 by
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previous study (H. a. Al-Reasi et al., 2013)), indicating different potential for strong metal
binding (H. a. Al-Reasi et al., 2013).
The CRS varied from 4.67 to 84.25 nmol mg-DOC-1 (Table IV-1). The highest
value was in DC, possibly because DC was contaminated by effluents from waste treatment
plant. The CRS in other samples was below 8 nmol mg-DOC-1.
To facilitate the sample-to-sample comparison, a hierarchical clustering method (i.e.
Supplementary information IV.7.4) was employed to differentiate DOM samples based on
the property parameters in Table IV-1 (i.e. except PBI due to missing data for DC and
BBL). The differentiation is illustrated by a dendrogram (Supplementary Figure IV-4; the
cophenetic correlation coefficient = 0.9979). The y-axis of the dendrogram indicates the
dissimilarity between DOM samples (i.e. the higher the value, the more dissimilar). To
better describe and compare the level of dissimilarity, a parameter called inconsistency
coefficient is employed (i.e. the higher, the more distinct). The dendrogram statistically
classifies the DOM into three major groups. The first group contains SRHA and LM (i.e.
inconsistency coefficient = 0), which represents allochthonous-dominant DOM according
to the understanding of these sampling sites from previous studies (H. A. Al-Reasi et al.,
2013; Richards et al., 2001). The second group contains AMR, BL and BBL. Within this
group, BL and BBL are most similar (i.e. inconsistency coefficient = 0) but distinct from
AMR (i.e. inconsistency coefficient = 0.7071). The second group can be regarded as a
representative of autochthonous-dominant DOM. The difference between AMR and the
pair of BL and BBL can be explained by the higher allochthonous signatures of AMR. The
autochthonous-dominant DOM is distinct from the allochthonous-dominant DOM (i.e.
inconsistency coefficient = 1.0251) due to their property contrasts. Briefly speaking, the
autochthonous-dominant DOM is relatively more aliphatic (lower SUVA254 and SUVA340),
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optically lighter (lower SCOA436), more proteinaceous (lower Humic/Pro) and have lower
molecular weight (higher SR and Abs254/Abs365), whereas the allochthonous-dominant
DOM is more aromatic, optically darker, more humic and have higher molecular weight.
The third group only contains DC, which is quite distinct from any other DOM sample (i.e.
inconsistency coefficient = 1.7819), possibly because DC is influenced by the effluents
directly from the waste treatment plants.
Overall, the DOM samples in this study contain autochthonous-dominant to
allochthonous-dominant source and their properties are different to express potential
source-effects on metal binding.

IV.4.2 Evaluating the dependence of Pb, Zn, and Cd binding on DOM sources
Figure IV-1 compares metal binding curves ([M2+] vs. [M]T; logarithmic scale)
between different DOM samples. The Pb and Zn binding curves visually varied between
DOM samples (Figure IV-1,A), but the variation was more substantial for Pb than for Zn
(Figure IV-1,B). On the contrary, the Cd binding curves were relatively comparable across
all DOM samples (Figure IV-1,C). The variability in [Pb2+], [Zn2+], and [Cd2+] (i.e. at
specific [M]T between DOM samples, the variability in [M2+] = the highest [M2+] / the
lowest [M2+]) ranged from 84- to -fold, 12- to 74-fold, and 2- to 14-fold, respectively,
depending on specific [M]T. Triplicate binding experiments were only performed for Pb
binding by SRHA, and the experimental uncertainty of [Pb2+] was 1-to -fold (i.e. at
specific [Pb]T between triplicate experiments, the uncertainty of [Pb2+] = the highest [Pb2+]
/ the lowest [Pb2+]). Assuming similar uncertainty level for Zn and Cd, the variability in
[M2+] was generally larger than the experimental uncertainty, confirming that the observed
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difference in [M2+] is attributed to variation of DOM sources (i.e. at fixed DOC, pH and
ionic strength).
The variability in [Pb2+] induced by DOM-source variation tended to decrease with
increasing [Pb]T (Figure IV-1,A), indicating that the DOM source-effects on Pb binding
decrease with increasing [PbT]. Within the full Pb titration range (i.e. [Pb]T = 108.5

mol L-1), the allochthonous-dominant DOM (SRHA, LM, and AMR) consistently

showed higher level of Pb binding than the autochthonous-dominant DOM (DC, BBL, and
BL), in accordance with previous Pb toxicity studies for rainbow trout (Richards et al.,
2001; Schwartz et al., 2004), which concluded that the allochthonous-dominant DOM had
higher protectivity (i.e. higher lethal concentration) than the allochthonous-dominant DOM.
Compared with Pb, DOM-source effects on Zn less pronounced (Figure IV-1,B).
For Zn, greater variability in [Zn2+] between DOM samples was observed within [Zn]T =
10-7mol L-1 (54- to 74-fold), indicating the functional groups detected within this
[Zn]T titration range are most different between DOM samples. Like the Pb case, the
allochthonous-dominant DOM tended to show higher level of Zn binding than the
autochthonous-dominant DOM. Cheng and coworkers (Cheng et al., 2005) also observed
difference in Zn binding between a set of European surface waters, but the difference in
their study may be not only attributed to variation of DOM source, but also the
contemporary variation of DOC and pH. Cheng and Allen (Cheng and Allen, 2006)
observed similar Zn binding between DOM samples from different geographic locations.
However, the DOM samples in their study were only differentiated based on [DOC] rather
than composition- or structure-relevant characteristics. Therefore, it is possible that their
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DOM samples were not different enough to express noticeable source-effects on Zn
binding.
Compared with Pb and Zn, the DOM-source effects on Cd were less noticeable
(Figure IV-1,C). The variability in [Cd2+] induced by variations of DOM sources was
slightly higher at lower [Cd]T (< 10-7.25 mol L-1) (10- to 14-fold) than that at higher [Cd]T
(2- to 10-fold), indicating the strong, but low abundant Cd functional groups may play role
in differentiating Cd binding between DOM sources, such as thiol suggested by
spectroscopic evidence (Karlsson et al., 2007). At comparable [Cd]T = 10-8 mol L-1 and pH
= 7.8, Xue and Sigg (Xue and Sigg, 1999) also observed similar discrimination of Cd
binding (~ 10-fold) between lake organic ligands and Suwannee River humic standards.
The authors highlighted that the lake organic ligands with biological origins had stronger
Cd binding affinity than commercial substances. However, no consistent discrimination of
Cd binding was observed between allochthonous-dominant and autochthonous-dominant
DOM.

IV.4.3 Comparing WHAM performance on predicting [M2+] between f = 0.65 and fopt
Good agreements were found between measured and predicted [Pb2+] using f = 0.65
for SRHA, LM, and AMR (RMSEdef = 0.79) (Figure IV-2). Therefore, it is
appropriate to use 'f = 0.65' for modeling Pb binding by allochthonous-dominant DOM.
However, 'f = 0.65' substantially overestimated the Pb binding by two autochthonousdominant DOM samples (i.e. BBL and DC; RMSEdef = 1.11) (Figure IV-2). Using fopt
values, the agreement between measured and predicted [Pb2+] was improved for all
autochthonous-dominant DOM (BL, BBL, and DS) (RMSEopt ≤ 0.58), but only slightly
improved for allochthonous-dominant (SRHA, LM, and AMR) (RMSEopt = 0.57)
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(Figure IV-2). The major contributor of RMSEopt was from the disagreement at [Pb]T < 107

mol L-1, where measured [Pb2+] was consistently higher than predicted [Pb2+] (Figure

IV-2), possibly due to the approach of [Pb2+] detection limit. Except for SRHA (fopt = 0.95),
other fopt values varied from 0.02 to 0.40, smaller than f = 0.65 by 1.6times (Figure
IV-3). Therefore, to achieve reliable [Pb2+] prediction by WHAM, it is important to adjust
the f value for specific DOM samples, particularly for autochthonous-dominant DOM.
The performance of using f = 0.65 to predict [Zn2+] was also DOM source-specific
(Table IV-2 and Supplementary Figure IV-5). The RMSEdef for allochthonous-dominant
DOM (SRHA, LM, and AMR) and autochthonous-dominant DOM (BL, BBL and DS) was
0.45 and 0.70respectively (Table IV-2). The fopt values improved [Zn2+]
prediction, but the improvements were more for autochthonous-dominant DOM (RMSEopt
= 0.24) than for allochthonous-dominant DOM (RMSEopt = 0.45) (Table IV-2).
The fopt values varied from 0.06 to 0.55, partially within the range reported by previous
studies (0.394.1) (Cheng et al., 2005; Mueller et al., 2012). The fopt values were smaller
than f = 0.65 by 1.2times (Figure IV-3). Accordingly, like the Pb case, it is necessary
to specify the f value to predict [Zn2+] for specific DOM samples.
Unlike the Pb and Zn case, WHAM performance on [Cd2+] prediction using f = 0.65
was less affected by DOM sources (Table IV-2 and Supplementary Figure IV-6). The
RMSEdef varied from 0.23 for LM to 0.84 for BBLTable IV-2. Using fopt, the [Cd2+]
prediction was further improved for SRHA, AMR, BL, and BBL (RMSEopt≤ 0.4), but not
for LM and DS (RMSEdef = 0.23 and 0.38, respectively). The fopt values ranged from 0.15
to 0.60, different from the range reported by previous study (0.612.50) (Mueller et al.,
2012). The fopt values were only 1.14.3 times smaller than f = 0.65 (Figure IV-3),
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indicating the fopt value for Cd is less dependent on DOM sources. Using f = 0.65 for [Cd2+]
prediction therefore, is not ideal, but acceptable.

IV.4.4 Correlating optical DOM properties to fopt
The statistics (i.e. correlation coefficient (r) and significant level (p)) of linear
correlations between different DOM property parameters (except PBI) and fopt are
summarized in Supplementary Table IV-1. Only the strongest and most significant
correlation is plotted in Figure IV-4 for each metal.
For Pb, fopt formed the strongest and most significant correlation with the relative
abundance of humic component (Hum/Pro; r = 0.96 and p < 0.003) (Figure IV-4), but
weaker and less significant correlations with aromaticity (SUVA254 and SAC340) and color
moieties (SCOA436) (r ≤ 0.90 and p < 0.04). fopt also formed negative correlations with FI,
BIX, and C1 (r ≤ 0.83 and p < 0.04). These correlations indicate that the fraction of DOM
responsible for Pb binding increases with increasing allochthonous signature, particularly
the increase of humic component. According to structure spectroscopy, the dominant Pbbinding ligands in humic substances are characterized by salicylic- or catechol-type
structures (Manceau et al., 1996; Xiong et al., 2013). The presences of these aromatic
structures in our DOM samples, therefore, may explain the strong correlation between fopt
and Hum/Pro. However, the weaker correlation between fopt and aromaticity (SUVA254 and
SUVA340) indicates that not all aromatic structures are involved in Pb binding.
For Zn, when full data set was used for analysis, no significant linear correlation
was formed between any DOM property parameter and fopt. However, when SRHA was
excluded, the fopt values formed strongest correlation with Abs254/Abs365 and FI (r ≤ 
and p ≤ 0.03) (Figure IV-4), and weaker correlations with SUVA254, SAC340, and SCOA436
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(r ≥ 0.89 and p < 0.04; Table S1). Like the Pb case, fopt increases with increasing
allochthonous DOM signature, particularly the increase of molecular weight indicated by
decrease of Abs254/Abs365. On the contrary, Muller et al (Mueller et al., 2012) reported that
fopt for Zn binding decreased with increasing allochthonous feature. This disagreement
indicates the complexity of Zn-binding ligands in organic matter. Only single optical
indicator cannot fully explain the variability in Zn-binding ligands between DOM samples.
For Cd, when the full data set was considered, no significant correlation was
derived between any DOM property parameter and fopt. However, when SRHA and DC
were excluded, fopt formed strong correlations with SAC340 and SCOA436 (r ≥ 0.98 and p ≤
0.02) (Figure IV-4), indicating that the structures of Cd-binding ligands in BBL, BL, AMR
and LM are mainly aromatic. On the contrary, SRHA had the highest SUVA340 and
SCOA436 (i.e. highest aromaticity), but corresponding to relatively low fopt. DC had the
lowest SUVA340 and SCOA436 (i.e. low aromaticity), but corresponding to the second
highest fopt. Accordingly, it can be inferred that the Cd-binding ligands in SRHA and DC
are mostly not aromatic, different from those in other DOM samples. Other ligands or
structures not indicated by absorbance and fluorescence may be important for Cd binding
in SRHA and DC. For example, the CRS was exceptionally high in DC and may play role
in Cd binding, although the structure of CRS is unknown. It has been reported that CRS is
a strong ligand for Cd binding (i.e. stability constant up to 1010.5) (Smith et al., 2002).
Although CRS is not specifically considered in WHAM, the amount of strong Cd binding
by CRS can be still equivalently modeled by increasing the amount of bidentate and
tridentate binding sites, which can be realized by increasing f value.
Overall, although the compositions and structures of metal binding sites
corresponding to fopt are unknown, fopt can be potentially estimated by optical indicators
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(metal-specific) based on their linear correlations. These correlations however, may be only
conditional to this current study. Therefore, before applying this correlation to estimate fopt,
the possible impacts of water chemistry, particularly pH that strictly regulates
deprotonation of organic ligands, on fopt need to be evaluated. Moreover, optical indicators
only account for the metal binding sites with fluorescence or absorbance features. If the
strong functional groups, such as thiols and CRS, are not attached to fluorescent or
absorbance ligands, the fopt would be underestimated by optical indicators. Additionally,
fopt only determines the site capacity. Metal binding, however, is also controlled by stability
constant (logK).

If only adjusting fopt cannot fully explain variability in metal binding

between DOM samples, adjusting logK is required. Meanwhile, the question that whether
the defaulted logK database in WHAM can represent the actual binding affinity of DOM,
and that how metal binding affinity varies between DOM samples, remain unknown.
Therefore, future work will evaluate the variability in logK between these DOM samples.
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IV.6 Tables and Figures
Table IV-1 Characterization of DOM properties; 'n.a' means proton binding site data were
not available because the [DOC] in these samples were too low to have reproducible
results. *: the PBI values for BBL and DS were estimated based on the linear relationship
between SAC340 and PBI reported by previous study
Fluorescence

SRHA

LM

AMR

BL

BBL

DC

FI

0.85

0.97

0.94

1.13

1.22

1.28

BIX

0.33

0.72

0.56

1.07

0.94

1.22

C1%

5%

13%

11%

27%

23%

30%

C2%

36%

31%

35%

33%

34%

31%

C3%

59%

56%

55%

40%

43%

39%

Hum/Pro ((C2 + C3) / C1)

17.93

6.74

8.23

2.72

3.35

2.36

SUVA254

13.97 ±
0.00

14.79 ±
0.02

7.14 ±
0.04

5.78 ±
0.00

4.04 ±
0.01

4.28 ±
0.00

SAC340

6.27 ±
0.01

5.99 ±
0.00

2.79 ±
0.00

1.50 ±
0.00

0.90 ±
0.00

0.86 ±
0.00

SCOA436

1.75 ±
0.00

1.47 ±
0.00

0.74 ±
0.04

0.253 ±
0.00

0.17 ±
0.01

0.15 ±
0.01

SR

1.89 ±
0.00

2.19 ±
0.02

2.09 ±
0.01

4.42 ±
0.01

4.53 ±
0.03

3.80 ±
0.04

Abs254/Abs365

3.3 ± 0.01

3.51±
0.03

3.55 ±
0.00

6.39 ±
0.19

7.42 ±
0.36

7.66 ±
0.47

Acidic

0.24

0.8 ± 0.04

0.58 ±
0.05

3.78 ±
0.13

n.a

n.a

Intermediate

0.34

0.46 ±
0.02

0.40 ±
0.01

0.70 ±
0.03

n.a

n.a

Absorbance

Proton binding site (mmol
mg-C-1)
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Basic

0.22

0.53 ±
0.04

0.62 ±
0.18

2.94 ±
0.10

n.a

n.a

PBI

1.48

0.72 ±
0.02

0.67 ±
0.10

0.21 ±
0.01

< 0.21*

< 0.21*

4.67 ±
1.61

3.08 ±
0.41

2.03 ±
1.56

7.74 ±
1.42

7.53 ±
2.60

84.25 ±
0.34

Reduced Sulfide (nmol mgC-1)
CRS

Table IV-2 Comparison of RMSE to indicate WHAM performance on predicting [M2+]
between using f = 0.65 and fopt
Pb

Zn

Cd

RMSEdef RMSEopt

RMSEdef RMSEopt

RMSEdef RMSEopt

SRHA

0.79

0.71

1.15

1.00

0.83

0.40

LM

0.91

0.82

0.45

0.45

0.23

0.22

AMR

0.97

0.57

0.80

0.78

0.41

0.30

BL

1.11

0.58

0.70

0.46

0.73

0.38

BBL

1.86

0.58

1.26

0.24

0.84

0.40

DS

2.52

0.50

1.21

0.57

0.38

0.35
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A

B

C

SRHA
LM
AMR
BL
BBL
DC

Figure IV-1 Compare Pb(A), Zn(B) and Cd(C) binding curves between DOM samples at
[DOC] = 10 mg L-1, pH = 8 and ionic strength = 0.1 mol L-1 KNO3. The black line
indicates [M2+] without DOM. Data from triplicate experiments of Pb binding by SRHA
were showed in plot A.
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Figure IV-2 Comparison of WHAM performance on predicting [Pb2+] between using f =
0.65 (the red dash line) and fopt (the black dash line); circle in different colors represent
[Pb2+] values measured by AGNES for different DOM samples
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Figure IV-3 Comparison of fopt and f = 0.65 for different metals and DOM samples; the
black dash line indicates f = 0.65
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Figure IV-4 Linear correlations of fopt with Hum/Pro for Pb, Abs254/Abs365 for Zn, and
SCOA436 for Cd. Note: blue line indicated the linear regression line; to derive significant
correlations, data point of SRHA (black) was excluded for Zn, and data point of SRHA
(black) and DC (yellow) were excluded for Cd.

133

IV.7 Supplementary Information (SI)
IV.7.1 List of acronyms
SUVA254: specific absorbance coefficient at 254 nm
SAC340: specific absorbance coefficient at 340 nm
SCOA436: specific absorbance coefficient at 436 nm
Abs254/Abs365: ratio of absorbance at 254nm to that at 365 nm
SR: ratio of spectral slope at 275 nm to that at 350400 nm
FI: Fluorescence index
BIX: Index of autochthonous contribution to DOM
C1%: abundance of protein-like fluorescence component at Ex250-300/Em300-400
C2%: abundance of terrestrially-derived humic-like fluorescence component at Ex250300/Em400-600
C3%: abundance of humic-like fluorescence component at Ex300-500/Em400-600
Hum/Pro: ratio of abundance of humic-like component to that of protein-like component
(i.e. (C2%+C3)/C1%)
CRS: Cr-reducible-sulfide
FEEM: Fluorescence Excitation-Emission matrix
FOCUS: Fully Optimized ContinUouS
f: active fraction of DOM participating in metal binding
fopt: optimal active fraction of DOM participating in metal binding
AGNES: Absence of Gradient and Nernstian Stripping

134

IV.7.2 Determination of the relative contribution of DOM components from FEEM
analysis
FEEMs were analyzed for extracting information with respect to DOM components
and their relative contributions using a method suggested by Chen et al. (Chen et al., 2003)
Firstly, the FEEMs were operationally delimited into three different fluorescence regions
for three different DOM components (Supplementary Figure IV-3). Fluorescence regions
for aromatic protein with excitation wavelengths less than 250 nm (Chen et al., 2003) were
not considered here because only excitation wavelengths above 250 nm were scanned
(250). Once the fluorescence regions are operationally defined for different
components, the relative abundance of each component (Ci%; i = 1) was determined
based on the volume (i) beneath each component estimated by the following equations:
Supplementary Equation IV-1:

 i   I  Ex  Em   Ex   Em
Ex Em

Supplementary Equation IV-2 :
3

Ci %   i /   i
i 1

where
location;

 Em

 Ex

I ExEm

is the fluorescence intensity (R.U) at given excitation and emission

and

 Em

are the excitation and emission wavelength intervals (

 Ex

=

= 5 nm), respectively.
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IV.7.3 Determination of [M2+] by AGNES
Details about ANGES principles and method enhancements have been described
elsewhere (Galceran et al., 2004; Puy et al., 2008).

Briefly, AGNES consists of two

stages: deposition and stripping. Deposition aims to reach Nernstian equilibrium, at which
M2+ from bulk solution is accumulated into Hg amalgam (M0) up to a prescribed
concentration factor or "gain", Y defines the ratio [M0]/[M2+]; where [M0] is M0
concentration in Hg amalgam (Supplementary Equation IV-3). This is realized by applying
a potential E1 (to reduce M2+) associated with the desired Y for a sufficiently long
deposition time (t1).
Supplementary Equation IV-3:
[M 0 ]
2F
Y
 exp[ 
( E1  E 0' )]
2
[M ]
RT

where F is the Faraday constant, R is the gas constant, T is the temperature. E1 is
computed based on Y and E0', which is formal standard potential of the M2+/M0 redox
couple. E0' is direcly determined from a differential pulse polarogram (DPP) of the metal
ion in 0.1 M KNO3 without DOM. At the end of the deposition stage, there are no
concentration gradients either inside or outside the Hg amalgam and Nernstian equilibrium
is established. Once this special condition has been achieved, the accumulated M0 is
reoxidized and stripped away from Hg amalgam by applying a much less negative potential
E2. Under this diffusion limited conditions, the reoxidation current intensity (I) (analytical
signal) is linearly related to [M0] through a proportionality factor h (Equation S4),
independent of any complications arising from electrodic adsorption of organic ligands and
complexationkinetics.(Galceran et al., 2004) h can be experimentally determined by
calibration (under the same background electrolyte concentration, 0.1 M KNO3) in metal
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solution without DOM (i.e. Once h is known, [M2+] can be simply calculated by [M2+] = I/
(h × Y).
Supplementary Equation IV-4:
I  h  [M 0 ]    Y  [M 2 ]

Practically, the most important step of AGNES is to optimize t1 required to reach
Nernstian equilibrium. t1 can be prohibitively long for measurement for [M2+] ≤ 10-9mol L1

. To reduce t1, a 'two-pulse' deposition strategy was implemented. 'Two-pulse' strategy

means splitting the deposition procedure into two phases: 1st phase with a very large gain
Y1,a = 108 for a duration of t1,a, and 2nd phase with the desired Y for a time of t1,b. In our
study, we found that t1,a = t1,b = 3500 s is sufficiently long to establish diffusive and
Nernstian equilibrium for metal:DOM (mg:mg) ratios ≤ 0.03 with Y = 50000. For the
titration points with metal:DOM ratios >0.03, the conventional strategy of t1,a = 0.7 ×Y and
t1,b = 3 ×t1,a was used with Y = 50. Other specifications: resting period (application
of desired gain without stirring) tw=50 s; Y for stripping (Y2) equals to10-10 for a time t2 =
50 s.
All AGNES procedures were implemented by Autolab type III potentiostat in
conjunction with Metrohm 663 VA stand, IMDE 663 Interface and GPES 4.9 software
package. The voltammetric cell consisted of a Metrohm multimode mercury drop
electrode, a double junction reference electrode (Ag|AgCl| 3 mol L-1KCl capsulated by 0.1
mol L-1KNO3), and a glassy carbon rod as counter electrode. Smallest Hg drop size (drop
size '1') was used for measurement (r0= 1.41 × 10-4 m). The sample solution in voltammetric
vessel was stirred with a PTFE tip stirrer on the Metrohm 663 VA stand. The rotation rate
was 1500 rpm for all experiments over the deposition stage, but no stirring was applied
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over the resting and stripping stage. A micro-pH electrode (Mantech, double junction, 4
mol L-1KCl for inner electrolyte) was inserted into the voltammetric vessel for pH
monitoring and adjustment (to fix pH = 8.0 ± 0.1) over the deposition process, but carefully
removed immediately before the resting stage.
AGNES was preliminarily validated by measuring [Pb2+], [Cd2+] and [Zn2+] in
presence of 1 mmol L-1 tryptophan at varying pH from 2.0 to 9.0 (Supplementary Figure
IV-2). Good agreements on [Pb2+], [Cd2+] and [Zn2+] was achieved between AGNES
measurements and model prediction (Supplementary Figure IV-2), validating the reliability
of AGNES measurement.

IV.7.4 Generation of dendrogram for differentiation of DOM samples based on DOM
properties
Ideally, when multiple DOM property parameters (or variables) were compared
between DOM samples, principal component analysis (PCA) should be performed to
reduce the dimensions of variables. The small number of sample size (6) in this study
however, limited the application of PCA. Alternatively, a hierarchical clustering method
can be employed to differentiate DOM samples based on their differences in DOM
properties. Each DOM property variable represents one dimension, and each DOM sample
is coordinated by different DOM property variables representing from different
dimensions. The idea of hierarchical method is to calculate the distances between DOM
samples in this multi-dimension space. The distances were then clustered and plotted as a
dendrogram to show varying levels of sample differentiations. The accuracy of the
clustering is statistically described by a parameter called cophenetic correlation coefficient,
which ranges from 0 to 1 and increases with increasing accuracy. The accuracy is sensitive
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to the method used to calculate the distances between DOM samples. In our case, the
Minkowski distance was selected because it provided the best accuracy. To better describe
and compare the levels of differentiation between DOM samples, a statistic parameter
called inconsistency coefficient was employed. For the pairs of DOM samples with most
similar properties, the inconsistency coefficient is zero. As the differences between DOM
samples increase, the inconsistency coefficient increases. To compare all DOM samples,
the inconsistency coefficient is calculated for all levels of differentiations. Practically, all
the computations described above were performed by Matlab.
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IV.7.6 Supplementary Tables and Figures
Supplementary Table IV-1 Summary of statistics (correlation coefficient (r) and significant
level (p)) of linear correlations between fopt and different DOM property parameters; the
bold text highlighted correlations that were statistically significant (i.e. 95% confidence
level); * no significant correlation until data point of SRHA was excluded for Zn case; **
no significant correlation until data point of DC and SRHA were excluded for Cd case
Abs
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Supplementary Figure IV-1 Proton affinity spectrum (site capacity (LT-H) vs. site affinity
(pKa) ) for LM, AMR, and BL determined by a fully optimized model (FOCUS)3 based
on proton titration curve. Proton binding affinity for BBL and DS could not be
determined due to low [DOC] levels in the RO-concentrates. The solid lines are the mean
spectrum (n = 4) and the dashed lines are standard errors.

Supplementary Figure IV-2 Comparison of [M2+] between AGNES measurement and
model prediction in a system of 1 mmol L-1 tryptophan and [M]T=1.15 mol L-1 at varying
pH from 2.0 to 9.0. The [M2+] was modeled by Visual Minteq with stability constants of
tryptophan for binding with H+, Pb2+, Cd2+ and Zn2+ from NIST database (Version 8.0; H+:
pKa,1= 9.33 and pKa,2 = 2.37; Pb2+: logK1 = 5.08 and logK2 = 9.62; Cd2+: logK1 = 4.83 and
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logK2= 8.58; Zn2+: logK1 = 4.69 and logK2 = 8.94; Ionic strength = 0.1mol L-1; effects
of ionic strength were not corrected).

Supplementary Figure IV-3 Fluorescence Emission-Excitation Matrices (FEEM) for
different DOMs samples; the vertical and horizontal lines delimit regions of different
components according to suggestions by Chen and coworkers.2 C1 (Protein-like):Ex250300/Em300-400; C2(Terrestrially-derived humic-like): Ex250-300/Em400-600;
C3(humic-like): Ex300-500/Em400-600; Raman peak and Rayleigh scattering were
removed.
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Supplementary Figure IV-4 Average-linkage dendrogram generated based on the DOM
property parameters summarized in Table IV-1in the main text.
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Supplementary Figure IV-5 Comparison of WHAM performance on predicting [Zn2+]
between using f = 0.65 (red dashed line) and fopt (black dashed line); Circles in different
colors represent measured [Zn2+] values by AGNES for different DOM samples
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Supplementary Figure IV-6 Comparison of WHAM performance on predicting [Cd2+]
between using f = 0.65 (red dashed line) and fopt (black dashed line); Circles in different
colors represent measured [Cd2+] values by AGNES for different DOM samples
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Determining the conditional affinity spectrum (CAS) of Pb
binding by organic matter using a fully optimized continuous method
(FOCUS)

Chapter V

V.1 Abstract
A fully Optimized and Continuous Spectrum (FOCUS) method coupled to
Langmuir model (1:1 stoichiometric factor) was developed to calculate the conditional
affinity spectrum (CAS) for Pb complexation by Suwannee River Humic Acid (pH = 8.0
and ionic strength = 0.1 mol L-1 KNO3) (Langmuir-CAS). The FOCUS procedures were
described with step-wise progress. FOCUS enables us to achieve CAS solution at a
compromise between best data fitting quality and smoothest feature. Langmuir-CAS shows
Pb affinities within the range of different functional groups (carboxylic, amine, thiol and
chromate reducible sulfide) on various model compounds that may represent the unit
structures of humic substances. The FOCUS concept was also adapted to derive unique
NICA (Non-ideal Competitive Adsorption) parameters for computing CAS analytically
(NICA-CAS). NICA-CAS did not completely agree with Langmuir-CAS (different
maximum site density, number of modes, and peak position of each mode), indicating
NICA model is intrinsically different from Langmuir model. NICA model assumes Pb and
protons compete for all deprotonated carboxylic and phenolic sites, whereas Langmuir
model does not specify any proton site for Pb binding. The binding sites from LangmuirCAS therefore, not only contain carboxylic and phenolic group, but may also other
functional groups, which are weak acid, but strongly bind with Pb, such as amine and thiol.
Although NICA-CAS is theoretically more sophisticated, application of NICA-CAS may
be practically not convenient, particularly when proton binding information is not
available. On the contrary, the application of Langmuir-CAS does not require this
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information. Therefore, Langmuir-CAS is a good alternative to describe the heterogeneity
of metal binding sites on organic matter, which allows one to better understand the
protectivity of organic matter against metal toxicity.

V.2 Introduction
Natural organic matter (NOM) is a heterogeneous mixture of diverse ligands
responsible for metal binding (Smith et al., 2002), and therefore, regulates metal speciation
and toxicity in aquatic environments (Sánchez-Marín et al., 2010). The most common
parameters used to describe NOM metal binding properties are conditional binding affinity
and capacity, which can be derived by optimally fitting experimental data (i.e.
concentration of MetalNOM complexes) into a discrete or continuous model (Dzombak
et al., 1986; Falck, 1989). Discrete models assume NOM only contains a few types of
binding sites (Dzombak et al., 1986; Falck, 1989). Using discrete model for data fitting is
easy in practice, and usually generates stable solution, especially when the number of types
of binding sites is small. The derived metal binding parameters however, may not truly
represent the chemical reality of binding sites (Dzombak et al., 1986; Falck, 1989).
Meanwhile, the number of binding sites determined by discrete model is only constrained
by fitting performance (Dzombak et al., 1986). In contrast to discrete models, continuous
models assume metal binding sites on NOM vary continuously with respect to affinity and
capacity (Dzombak et al., 1986; Falck, 1989). Therefore, to highlight NOM heterogeneity
(Falck, 1989), continuous models could be more suitable (Falck, 1989; Puy et al., 2009).
Rather than discrete or multiple sites, a continuous model produces a conditional affinity
spectrum (CAS) (i.e. fixed pH and ionic strength), which describes the abundance
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distribution of microscopic sites as a function of conditional binding affinity (Garćs et al.,
2006; Pernet-Coudrier et al., 2011; Puy et al., 2008). CAS can be determined by either
analytical (Dzombak et al., 1986; Fish et al., 1986; Pernet-Coudrier et al., 2011; Puy et al.,
2008) or numerical method (Cernik et al., 1995; Černík et al., 1996), depending on whether
the specific distribution function of CAS is assumed.
Non-ideal Competitive Adsorption (NICA) isotherm is a sophisticated version of
continuous model based on the Hill equation (Kinniburgh et al., 1996; Koopal et al., 1994,
2005). The mode of distribution of metal binding sites is determined by that of proton
binding sites. In most cases, a bimodal distribution of metal binding sites is assumed by
NICA, including carboxylic and phenolic distribution. In such case, the NICA isotherm
contains 12 different parameters when the competition for binding sites is only between
the metal of interest and proton (Koopal et al., 2005; Pernet-Coudrier et al., 2011; Puy et
al., 2008). These NICA parameters describe multiple factors that directly regulate metal
binding, including site capacity, site heterogeneity, stoichiometry for competition concern,
and the mean of intrinsic stability constant (Koopal et al., 2005; Puy et al., 2009). A
prerequisite to determine CAS underlying NICA isotherm (NICA-CAS) is to derive all
these NICA parameters (Garćs et al., 2006; Koopal et al., 2005; Puy et al., 2009), which is
a process of data fitting through optimization (Koopal et al., 2005). Because a large number
of NICA parameters are fitted simultaneously (i.e. a total of 8 when the proton-specific
parameters are independently determined from proton binding curve) (Koopal et al., 2005),
and also because these NICA parameters are highly correlated (Lenoir et al., 2010), the
optimization is inevitably subjected to an ill-posed problem, meaning many different
solutions can converge toward an equal goodness-of-fit (Koopal et al., 2005; Lenoir et al.,
2010). Although several optimization strategies have been proposed to overcome this ill148

posed problem for deriving unique NICA parameters (Koopal et al., 2005; Lenoir et al.,
2010), NICA-CAS may be still sensitive to any change of NICA parameters induced by
various optimization strategies.
Alternatively, CAS can be determined numerically based on a simple Langmuir
model (Langmuir-CAS) (Cernik et al., 1995; Černík et al., 1996).The overall concentration
of NOM-metal species in Langmuir model is simply linear superposition of NOM-metal
species from microscopic sites (Cernik et al., 1995; Černík et al., 1996).

Because the

computational window and window size of metal binding affinity can be defined
experimentally, the corresponding matrix of binding capacity is the only parameter to be
optimized (Cernik et al., 1995; Černík et al., 1996). Without necessity to presumably
specify CAS function, the Langmuir-CAS should be more generic. Unfortunately, the
optimization process is also halted by ill-posed problem (Cernik et al., 1995; Černík et al.,
1996; Orsetti et al., 2009). To overcome this problem, different types of regularization are
introduced to constrain solution toward a desired fashion (Cernik et al., 1995; Černík et al.,
1996), particularly including smoothness for smooth and continuous CAS (Černík et al.,
1996). An appropriate level of regularization is important, but the method used to select
this regularization level may vary between different users. Although statistical analysis is
suggested for this purpose (Cernik et al., 1995; Orsetti et al., 2009), a more systematic
method, named 'Fully Optimized ContinUouS' (FOCUS) procedure, has been developed
by Smith and Ferris (2001) to select the optimal level of smoothness. The FOCUS criteria
is to reach a compromise between best goodness-of-fit and greatest smoothness (Smith and
Ferris, 2001). FOCUS has been successfully applied to derive unique solution of proton
affinity spectrum for mineral surface(Smith and Ferris, 2001) and NOM (Al-Reasi et al.,
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2013). This method, however, has never been used to determine CAS for metal binding by
NOM.
In this study, we experimentally determined the Pb binding by Suwannee River
Humic Acid (SRHA) using Absence of Gradient and Nernstian Equilibrium Striping
(AGNES) (Pernet-Coudrier et al., 2011; Puy et al., 2008). With this data, we aim to 1)
modify FOCUS procedure to calculate Langmuir-CAS; 2) evaluate the chemical feasibility
of Langmuir-CAS by comparing Pb affinities of proposed unit structures on humic
substances; 3) adapt the FOCUS idea to derive reasonable and unique NICA parameters,
and then compute the NICA-CAS analytically;

4) compare and interpret the difference

between Langmuir-CAS and NICA-CAS; 5) relate Langmuir-CAS to SRHA protection
against Pb toxicity. The results of this study can provide an alternative tool to interpret
NOM site heterogeneity for metal binding.

V.3 Materials and methods
V.3.1 Pb titration
Triplicate experiments of Pb titration against SRHA (1S101H; International Humic
Substance Society) were conducted to achieve Pb binding isotherm. The titration was
performed in 20 mg L-1 SRHA solution with 0.1 M KNO3 electrolyte at pH 8.0. To detect
a wide range of binding sites, the total Pb concentration was accumulatively increased in a
logarithmic scale (Garnier et al., 2004) from − 7 to − 4 (0.25 log unit increment).
The SRHA solution was used without any pre-treatment. 0.1, 1, and 100 ppm Pb
working standard was diluted from 1000 ppm Pb stock solution with 2% HNO3
(SigmaAldrich, Trace metal grade). At any given Pb titration point a (a = 1 to A), the
concentration of Pb2+([Pb2+] a) was voltammetrically determined by AGNES. Over the
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measurement process, pH was adjusted to 8.0±0.1 by adding micro-liter of HNO3 and
NaOH solutions (i.e. 0.01, 0.1 and 1 mol L-1).

V.3.2 AGNES for determining Pb binding curve
To avoid complications arising from electrodic adsorption of organic ligands and
complexation kinetics (Galceran et al., 2004), AGNES was employed to determine [Pb2+] a
(Pernet-Coudrier et al., 2011; Puy et al., 2008). Principle and experimental specifications
of AGNES were summarized in Supporting information (V.7.1). The overall Pb bound
species ([PbLT] exp,a) was computed by subtracting [Pb2+] a and Pb hydrolysis species from
total concentration of Pb ([Pb] T,a). The Pb hydrolysis species is calculated using a tableau
method based on stability constant from NIST.

V.3.3 NICA model and NICA-CAS
Assuming all Pb binding sites are contributed by deprotonation of carboxylic and
phenolic sites (i.e. reference sites), NICA model (Koopal et al., 2005; Puy et al., 2008)
reads (Equation V-1):
Equation V-1:
[ PbL L ]mod, a 
2

nPb , j

n
j 1

H,j

Qmax, j

( K Pb , j [ Pb 2 ]a )
( K H , j [ H  ])

nH , j

nPb , j

 ( K Pb , j [ Pb 2 ]a )

nPb , j



(( K H , j [ H  ])

nH , j

1  (( K H , j [ H  ])

 ( K Pb , j [ Pb 2 ]i )

nH , j

nPb , j

 ( K Pb , j [ Pb 2 ]i )

)

pj

nPb , j

)

pj

 [ SRHA]

[PbLT]mod,a is the calculated concentration of Pb bound species by model at titration point
a; j is

the reference site index (i.e. 1 for carboxylic and 2 for phenolic). Qmax,j is the

maximum capacity for proton binding (mol kg-mass-1). nX,j (0 <nX,j< 1) is the ion-specific
factor relevant to stoichiometry. log K H , j and log K Pb , j are the average binding affinity at
each reference site for proton and Pb, respectively. pj (0 <pj< 1) is generic site
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heterogeneity. [H+] is proton concentration from pH measurement (mol L-1). [SRHA] is 2
×10-5 kg L-1 by mass.
Once all NICA parameters are determined, the NICA-CAS can be computed
according to the analytical expression presented in Puy's papers (2008, 2009). In this study,
the proton NICA parameters for the same SRHA are taken from Ritchie and Perdue's paper
(2003) (Qmax-H,1 = 5.62 mol kg-1, Qmax-H,2 = 1.20 molkg-1, K H ,1 = 104.42, and K H , 2 = 109.68,
m1 = 0.26, and m2 = 0.90), while other NICA parameters ( K Pb , j ,nPb,j, nHj, and pj) are
determined by a specific FOCUS procedure (V.7.2). According to NICA definition (Puy et
al., 2009, 2008), this specific FOCUS procedure constrains the solution of nH,j and pj toward
nH,j×pj = mj.

V.3.4 Langmuir model and Langmuir-CAS
Langmuir model assumes 1) at each microscopic site, the Pb binding follows 1:1
stoichiometric ratio; 2) no interaction occurs among different sites. Therefore, based on
chemical equilibrium and mass balance, the [PbLT]mod,a is defined as (Equation V-2:).
Equation V-2:
AX
where
Am,s 

'
2
K Pb
, LTs [ Pb ]m
'
2
K Pb
, LTs [ Pb ]m  1

for m = 1...p and s = 1...q and Xs = LTs

'
K Pb
, LTs is the conditional Pb binding affinity at microscopic site s; LTs is the corresponding

site capacity (mol L-1). AX is the list of the summation of Pb bound species from all
microscopic sites ([PbLT]mod,a). A is a p × q matrix; X is a q × 1 vector of LTs; Once the
'
computational window of K Pb
, LTs is defined, X is the only unknown, and can be solved
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numerically by FOCUS optimization procedure for Langmuir-CAS. The solution of X is
constrained by non-negativity (all LTs ≥ 0).

V.3.5 FOCUS procedure for optimization
FOCUS procedure for optimization was modified based on

previous work by

Smith et al.(Smith and Ferris, 2001) The modification will be described in result Section.
The general idea of FOCUS is to make the optimization converge toward a desired solution
with best goodness-of-fit. To achieve this purpose, the objective function subjected to
optimization is logarithmic transformation of the sum of two terms (Π; Equation V-3):
classic sum of residual square () and regularization (R).
Equation V-3
  log 10(   R)

where  is calculated by Equation V-4 and R is calculated by Equation V-5
Equation V-4:
A

   ([ PbLT ]mod,a  [ PbLT ]exp,a ) 2
a 1

Equation V-5:
S 1

R( LT 1 ,....LTS )   ( LTs 1  2 LTs  LTs 1 ) 2
s 2

determines the sum of residual of Pb bound species between experimental
measurement and model calculation. R is a specific regularization function designed to
constrain solution. For Langmuir-CAS, R is smoothness, which is the sum of squares of
finite difference approximation of the second derivatives (Equation V-5) (Cernik et al.,
1995). For Pb NICA parameters, R is the sum of absolute difference between nH,j×pj and
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mj (Supplementary Equation V-3), which constrains solution of nH,j and pj toward nH,j×pj=
mj is the power level of regularization, optimally selected by FOCUS procedure. All
step-wise procedures and associated progresses toward final solution will be presented in
results and discussion session. All computations are implemented by in-house Matlab
scripts (Mathwork).

V.4 Results and discussion
V.4.1 Derivation of Langmuir-CAS by FOCUS
'
The first step of FOCUS is to define a computational window of log K Pb
, LTs

'
(logarithmic transformation of K Pb
, LTs ) according to experimental measurement of

2
'
]min   to  log[Pb 2 ]max  
[PbLT]exp,a. log K Pb
, LTs was set to increase from  log[ Pb
'
with 0.1 grid resolution (i.e.  log K Pb
, LTs = 0.1).The value is a suitably chosen constant

to cover a wide range of binding sites (Cernik et al., 1995; Černík et al., 1996; Orsetti et
al., 2009). According to Tipping's suggestion (Tipping, 2004), we assumed 90% and 10%
of the overall Pb binding sites were unoccupied at the first and last Pb titration point (i.e.=
'
1). The derived computational window of log K Pb
, LTs not only overlaps with the [PbLT]exp,a

window, but also includes the binding sites not detected by experimental measurement
within an appropriate range. For the binding sites below and above computational window
'
within 3  log K Pb
, LTs , their concentrations were forced to be zero to avoid unreasonable LTs
'
'
values. In this study, the computational window of log K Pb
, LTs is 4 14 with  log K Pb , LTs

= 0.1.
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'
With this defined computational window of log K Pb
, LTs , the second step of FOCUS

is to minimize without regularization term (). The [PbLT]exp,a was satisfactorily
fitted by Langmuir model (Equation V-2). The global minimum of was 10-10.38,
established after consistently adjusting the initial estimation. As expected, the derived
Langmuir-CAS

(Figure

V-1) barely showed smoothness without

smoothness

regularization, but only spike-like oscillation at two binding sites. The major one was at
'
-1
log K Pb
, LTs ≈ 6.33  6.62 with exceptionally high LTs around 10.9molmg-C , and the

minor one was at

'
-1
log K Pb
, LTs ≈ 8.73 with LTs= 0.376mol mg-C , while other binding

sites was not present (i.e. 0 molmg-C-1). This distribution can be regarded as the
equivalence of discrete sites, which may not represent

the chemical reality of humic

substance (Dzombak et al., 1986; Falck, 1989). Therefore, it is necessary to add an optimal
level of smoothness to constrain the Langmuir-CAS solution toward a more realistic,
continuous and smooth distribution. The optimal level of smoothness, , should
simultaneously fulfill smallest residual for best goodness-of-fit, and greatest smoothness
for representing binding site heterogeneity. Therefore, the search of this optimal value
can be translated into a trade-off problem between residual minimization and smoothness
maximization (Smith and Ferris, 2001; Vetterling et al., 1992). To better understand and
visualize this trade-off problem, a two-dimension plane of smoothness and residual is
considered (Smith and Ferris, 2001; Vetterling et al., 1992). Points on this plane represent
different combinations of residual and smoothness for different solutions. Theoretically,
the best solution would be found at the origin point. This origin point corresponds to the
smallest residual (origin) and the greatest smoothness (Rorigin). However, because and
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R are inversely correlated (increases as R decreases) (Vetterling et al., 1992), solution
at the origin is not achievable mathematically. Alternatively, from a practical perspective,
the best solution can be found at a point with shortest distance to the origin. For origin, it is
simply equal to the global minimum without regularization ( = 0). For Rorigin, its value
was implicit and operational. In the case of calculating proton affinity spectrum for NOM
and ferric oxides, Smith et al (1999) assumed Rorigin = 0. However, preliminary results
found Rorigin = 0 was too large in our Pb binding case, and led to poor data fitting quality,
possibly because much higher data resolution from proton binding experiment than Pb
binding experiment, or because the proton binding sites are more heterogeneous than Pb
binding sites. Instead of assuming Rorigin = 0, Rorigin can be estimated by using a  value
as large as possible. To evaluate this large  value, the residual and smoothness as a
function of  ranging from 10-6 to 100 were calculated. Residual remained relatively
constant with increasing  from 10-6 to 0.1, but gradually increased as  increased from 0.1
to 1, and then rapidly increased as > 1 (Figure V-2A). Smoothness consistently increased
with increasing value from 10-6 to 1, but the increase became less substantial at > 1.
Accordingly, 1 is the threshold point. Any R value at  > 1 will provide smoother
CAS solution, but at the same time it will inevitably deteriorate data fitting quality.
Therefore, the R at was selected as Rorigin (Rorigin = 6.61 × 10-12) for further
analysis.
After establishing the origin coordination, a plane of Rwas defined for from
10-6 to 1 (Figure V-2B). Fitting quality decreased with increasing smoothness, following a
'L-shape' curve proposed by previous studies (Smith and Ferris, 2001; Vetterling et al.,
1992). Among different solutions on this curve, the one with shortest distance to the origin
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corresponds to the best solution, reaching a compromise between smallest  and greatest

R. This shortest distance can be easily determined by standard nonlinear regression, but
to demonstrate the process more straightforwardly, the distance was calculated as a
function of (Figure V-2C).The shortest one was at With this best , the
optimal fitting of Langmuir-CAS was achieved (Figure V-2D). The resultant residual was
10-10.36, slightly higher than 10-10.39 without smoothness regularization. The derived
Langmuir-CAS shows smooth and continuous site distribution (Figure V-3), distinguished
from the spike-like feature without smoothness regularization (Figure V-1), indicating the
importance of regularization to constrain LTs solution.

V.4.2 Interpretation of Langmuir-CAS with respect to chemical feasibility
To better interpret Langmuir-CAS and to facilitate comparison with previous
studies, the Langmuir-CAS are categorized into four groups according to different
distribution features (S1S4;Table V-1). To evaluate the chemical feasibility of LangmuirCAS, Pb binding affinities are compared between S1S4 and different functional groups
from various model compounds (Supplementary Table V-2). The affinity values of these
model compounds are taken from NIST database (Version 8.0), and corrected to pH = 8.0
according to their lowest acidity value (highest pKa value). Corrections for effects of ionic
strength are not necessary because most of the affinity values are determined at ionic
strength = 0.1 mol L-1. These model compounds may represent unit structures on humic
substances, providing carboxylic (RCOO), amine (RNH), thiol (RS), and chromate
reducible sulfide (CRS) for Pb binding. Phenol or polyphenols (ArO) are also important
functional groups in humic substances, but because model compounds containing ArO
with well-known Pb affinities are scarcely found, they are not considered here. RCOO,
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RNH,

RS

and

CRS

show

Pb

binding

affinity

within

the

range

of

0.970.166.386.21and 8.012.40, respectively (Supplementary Table V-2).
The corresponding site density in natural waters (seawater, ground water, river water, and
lake water) is estimated within 0.50(Smith et al., 2002), 0.01(Smith et al.,
2002), 0.0003(Smith et al., 2002)and 0.001mol mg-C-1 (Chapman et al.,
2009a; Hu et al., 2006; Liem-Nguyen et al., 2015; Marie et al., 2015), respectively. S1
'
distribution ( log K Pb
, LTs = 5.4with peak at 6.30) is within or comparable with the

RCOO, RNH and RS domain, indicating the functional groups in S1 are possibly
mixtures of RCOO, RNH and RS. 71% model compounds that only contain RCOO,
'
however, show log K Pb
, LTs < 4 (Supplementary Table V-2), which is below the lower end

of our CAS window. Additionally, these molecules are mostly aliphatic, and therefore,
their abundances are possibly limited in SRHA. RCOO, however, should become more
important on aromatic chelators for strong Pb binding (Manceau et al., 1996). The total site
density of S1 distribution is 1.47 mol mg-C-1, within the COO density in natural waters,
but much greater than RNH and RS density, implying that S1 may be mainly comprised
'
of COO. S2( log K Pb
, LTs = 8.1with peak at 8.9) is within the RS and CRS domain

(Figure V-3 and Table V-1). Based on the SRHA property, S2 is more likely attributed to
ligands with phenol or polyphenol, which is less abundant than COO, but more abundant
than other minor functional groups, including RS and CRS. According to Quantitative
Structure-Property Relationship (QSPR) (Cabaniss, 2008), the number of phenol group has
'
a great contribution to log K Pb
, LTs , providing strong Pb binding through chelation by

salicylic- or catechol-type ligands (Manceau et al., 1996; Xiong et al., 2013). SRHA is
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characterized by high aromaticity, which enhances the Pb chelation by aromatic chelators.
'
'
S3( log K Pb
, LTs = 9.9with peak at 10.50) and S4( log K Pb , LTs = 11.8with peak at

12.00) are within the CRS domain, but also are likely attributed to unknown thiol-like
structures. The combined site density of S3 and S4 (0.0031mol mg-C-1) is closed to the
range of RS and CRS in natural waters. Overall, Pb binding sites on Langmuir-CAS show
chemical feasibility. The site densities are also within literature values. However, without
explicit determination of SRHA structure, the chemical identities of Pb binding sites are
unknown.

V.4.3 Derivation of NICA parameters by FOCUS method for computing NICA-CAS
The FOCUS idea was adapted to derive reasonable and unique NICA parameters
(nH,j × pj = mj with best goodness-of-fit) for computing NICA-CAS analytically. Detailed
procedures can be found in V.7.2. The derived NICA parameters are showed in Table V-2.
NICA parameters from other studies are also tabulated for comparison (different types of
organic matter and data fitting procedures). The log K Pb ,1 and log K Pb , 2 of SRHA was 5.71
and 10.67, respectively, similar to that of purified Aldrich Humic Acid (PAHA) (Puy et al.,
2008), but higher than that of other organic materials by up to 6 log magnitude, including
soil fulvic/humic acid (Villaverde et al., 2009; Xiong et al., 2013), fractioned organic
matter from wastewater (Pernet-Coudrier et al., 2011), and the generic humic/fulvic
material used in NICA speciation model (Milne et al., 2003). The similarity of Pb affinity
between SRHA and PAHA (Puy et al., 2008) could be explained by the fact that both
materials were extracted humic acid, and the same analytical technique (AGNES) was used
for the measurement of Pb2+ concentration. The nH,2, npb,1, and

npb,2was 0.9436, 0.8479,

and 0.5265, respectively, within the range reported by previous studies (nH,2 = 0.46 − 1;
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npb,1 = 0.31 − 0.97; npb,2 = 0.43 − 0.86) (Milne et al., 2003; Puy et al., 2008; Xiong et al.,
2013), but the nH,1(0.27) value was smaller than the low end of literature range (i.e. nH,1 =
0.53 − 1) (Kinniburgh et al., 1999, 1996; Milne et al., 2003; Mladenov et al., 2004; Puy et
al., 2008; Xiong et al., 2013). It is noted that NICA parameters may vary between different
types of organic matter (Ren et al., 2015), and may also depend on the way of data fitting
(Koopal et al., 2005). Therefore, it is possible to get nH,1 value out of the literature range.
With derived NICA parameters, NICA-CAS was computed using the analytical expression
provided by Puy and coworkers' studies (Table V-2) (Puy et al., 2008; Rey-Castro et al.,
2009).

V.4.4 Compare Langmuir-CAS with NICA-CAS
Langmuir-CAS was compared with NICA-CAS with respect to maximum Pb
binding density (Table V-1), distribution feature (Table V-1and Figure V-4), and
application from a practical perspective. These comparisons serve to cross-validate both
methods, as well as to show the intrinsic differences between these two models for
description of metal binding sites.
NICA-CAS assumes that all Pb binding sites are contributed by deprotonation of
carboxylic and phenolic group, and the maximum Pb binding density not only depends on
the maximum proton binding density (Qmax-H,j), but also nPb/nH relevant to stoichiometric
factor (maximum Pb binding density = nPb/nH × Qmax-H,j) (Kinniburgh et al., 1996; Puy et
al., 2009). Accordingly, the maximum carboxylic site density for Pb binding was 32.22
mol mg-C-1 (Table V-1), greater than the density for proton (10.69 mol mg-C-1),
indicating positive cooperativity (nPb,1 : nH,1> 1) (Kinniburgh et al., 1999). The maximum
phenolic site density for Pb binding was 1.27mol mg-C-1 (Table V-1), less than the
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density for proton (2.28 mol mg-C-1), indicating some degree of multi-dentism (nPb,1 :
nH,1< 1) (Kinniburgh et al., 1999). Langmuir-CAS does not specify any proton site for Pb
binding, and only considers 1:1 binding. The total maximum Pb binding density from
Langmuir-CAS was simply integration over affinity window (logK'Pb,Ls = 4 14;
∆logK'Pb,Ls = 0.1), which was 1.52mol mg-C-1 (Table V-1), 22 times lower than that from
NICA-CAS. This contrast implies that not all deprotonated carboxylic and phenolic sites
are responsible for Pb binding. In other word, Pb may not necessarily compete with proton
for carboxylic and phenolic sites.
To compare the distribution features between Langmuir-CAS and NICA-CAS,
Langmuir-CAS was converted to relative site distribution () based on the total site density
(normalizing to 1.52 mol mg-C-1) (Figure V-4). Langmuir-CAS shows multimodal
distribution (S1S4), whereas NICA-CAS shows bimodal distribution of carboxylic and
'
phenolic site. The S1 distribution is not as wide as carboxylic site ( log K Pb
, LTs = 4.0 ),

'
but showing stronger affinity peak than carboxylic site ( log K Pb
, LTs = 6.3 for S1vs.
'
log K Pb
, LTs = 5.71 for carboxylic). Nonetheless, they both represent dominant site, and their

abundances are very similar (96.20% for S1 vs. 96.68% for carboxylic). The S2S4
'
distributions are all within the broad phenol distribution range ( log K Pb
, LTs = 4 ). S2 is

most comparable with phenol sites in terms of their relative abundance (3.12% for S2 vs.
3.80% for phenol), but the S2 distribution is relatively narrower and shows stronger peak
'
'
affinity than phenol ( log K Pb
, LTs = 8.9 for S2 vs. log K Pb , LTs = 7.6 for phenol). S3 and S4 can

be regarded as equivalences of strong phenol sites showed on NICA-CAS, but may
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represent other ligand identities, such as amine, thiol, and CRS, which usually cannot be
measured by experiment of acid-base titration.
NICA-CAS provides more insights into competition between proton and Pb.
However, NICA-CAS needs to assume that proton and Pb compete for all carboxylic and
phenolic sites. In contrast, Langmuir-CAS does not need to make any assumption on
competitive effect. This intrinsic difference explains the deviation of peak position between
NICA-CAS and Langmuir-CAS. Practically, determination of Langmuir-CAS does not
need knowledge of proton binding, which means no additional experiment of acid-base
titration is required. Moreover, Langmuir-CAS considers that strong binding sites are not
limited to phenol, but also amine, thiol and CRS. These strong binding sites are mostly
weak acid (pKa= 8.649.66 for amine and 9.8113.87 for thiol; Supplementary Table V-2),
and usually have low site density (0.01mol mg-C-1for amine (Smith et al., 2002)
and 0.00016mol mg-C-1 for thiol (Chapman et al., 2009b; Hu et al., 2006; LiemNguyen et al., 2015; Marie et al., 2015; D. S. Smith et al., 2002; Tang et al., 2000; Zhang
et al., 2004)), which are difficult to be measured acid-base titration. Accordingly, NICACAS is prone to overlook these strong binding sites.
Langmuir model coupled with FOCUS procedure is a good alternative to calculate
affinity spectrum. Future study should emphasize on how the Langmuir-CAS evolves in
response to pH and ionic strength variation, which allows us to specify the site where
proton and metal ion may completely, partially or barely compete for, and eventually,
enables us to determine the thermodynamic affinity spectrum.
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V.4.5 Interpret NOM protectivity against Pb toxicity with Langmuir-CAS
NOM protects aquatic biota from Pb toxicity through binding with Pb ions. Because
strong sites are firstly responsible for Pb binding, followed by the weaker binding sites,
Langmuir-CAS can be used to estimate the types and abundance of binding sites active for
protection at a specific Pb level. Toxicity level is usually expressed by 20% effect (EC 20)
or 50% lethal concentration (LC50). For a site that 50% capacity is bound by Pb at EC20 or
'
LC50, the log K Pb
, LTs for this site is equal to log(1/EC20 or LC50). In other word, the sites

with

'
log K Pb
, LTs >log(1/EC20 or LC50) are particularly important for Pb binding. For

example, Lymnaea stagnail is the most sensitive freshwater organism to Pb toxicity with
EC20 = 14.5 nmol L-1 (in clean water without organic matter) (Brix et al., 2012). At 10 mgC L-1SRHA, Pb dose = 14.5 nmol L-1 Pb, and pH = 8.0, thiolate-sulfide (S3 and S4 on
'
Langmuir-CAS) provides binding sites for strong Pb binding( log K Pb
, LTs > 7.84), reducing

Pb toxicity. The combined site capacity of S3 and S4 is 32 nmol L-1, two times higher than
the Pb dose. Therefore, Pb dose = 14.5 nmol L-1 is not toxic for Lymnaea stagnail. Applying
the same method for Daphnia sp with LC50 = 12.1 mol L-1 Pb (Offem and Ayotunde,
2008), all binding sites from SRHA (S1  S4)

are important to encounter Pb toxicity (

'
-1
log K Pb
, LTs > 4.92). The total capacity of S1  S4 is 15 mol L , greater than the LC50,

meaning Daphnia sp is not affected by 12.1 mol L-1Pb in presence of 10 mg-C L-1 SRHA
at pH 8.0.
In summary, Langmuir-CAS can be used to estimate protectivity of organic matter
against metal toxicity under a given pH condition. Future studies should integrate this
concept into the framework of toxicity modeling work.
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V.6 Tables and Figures
Table V-1 Summary of site distributions on Langmuir-CAS and NICA-CAS. *: Total site
density was computed by integration over the distribution range; ˨: Total site density =
(nPb,j/ nH,j) × Qmax-H,j;Relative abundance = total site capacity at each distribution / sum of
totalsite capacity from all distributions

S1
Total site density
(mol mg-C-1)
Distribution range

Langmuir-CAS*
S2
S3

S4

NICA-CAS˨
Carboxylic Phenolic

1.47

0.05

1.70E-03

1.47E-03

34.88

1.36

5.4 - 7.7

8.1 - 9.7

9.9 - 11

11.8 - 12.6

4 - 12

4 - 12
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Peak position
Relative abundance

6.30
96.68%

8.90
3.12%

10.50
0.11%

12.00
0.10%

5.71
96.25%

7.60
3.75%

Table V-2 Compare Pb NICA parameters between SRHA in this study using FOCUS
method and different organic matters from literatures. Range of NICA parameters
indicates more than one sample
NICA parameters
LogKPb,1
nH,1
nPb,1
p1
LogKPb,2
nH,2
nPb,2
p2
SRHA (this study)
5.7139
0.2813
0.8479
0.9383
10.6730
0.9436
0.5265
0.9547
Waste Water8
0.21 - 4.56 0.53 - 1 0.31 - 0.68 0.61 - 0.85 5.65 - 8.06 0.55 - 1 0.43 - 0.86 0.6 - 1
Purified Aldrich humic acid7 4.310
0.920
0.650
0.410
10.400
0.460
0.610
0.340
1.250
0.810
0.600
0.620
4.480
0.630
0.690
0.410
Generic NICA model36
Soil water35
0.8 - 3.07 0.68 - 0.90 0.71 - 0.97 0.60 - 0.80 5.48 - 7.98 0.83 - 0.95 0.44 - 0.66 0.31 - 0.71
Peat soil solution34
2.530
0.630
0.950
0.910
n/a
n/a
n/a
n/a
Purified peak humic acid38
n/a
n/a
n/a
n/a
6.260
0.594
0.632
0.423
Purified peak humic acid13
0.730
0.860
0.600
0.540
4.900
0.570
0.900
0.540
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Figure V-1 (a) Pb isotherm fitted by Langmuir-model without smoothness regularization
and (b) associated Langmuir-CAS ;Open circle in (a): AGNES measurement; dashline in
(a): fitting line of Langmuir-model
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Figure V-2 Step-wise procedure for the search of best ; (a): plot of residual () and
smoothness (R) as a function of to find origin point; (b): different solutions with different
combinations of R and ; (c): distance as a function of  for different solutions; (d): Pb
isotherm from AGNES measurement (open circle) fitted by Langmuir-model best value
(dashline).
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Figure V-3 Langmuir-CAS derived from FOCUS procedure with smoothness
'
regularization. LTs values over log K Pb
, LTs 1013 were magnified by 5 times for

visualization. Oval circle roughly defines the region of different functional groups for Pb
binding, including carboxylic (COO), amide (NH), thiol (R-S), and Chromate Reduced
Sulfide (CRS). The horizontal boundary was defined by Pb affinity from various model
compounds that may represent NOM structure (See Table S2). The vertical boundary was
defined by range of COO, NH, R-S and CRS density (mol mg-C-1) in natural waters
from literature review.(Chapman et al., 2009b; Hu et al., 2006; Liem-Nguyen et al., 2015;
Marie et al., 2015; D. S. Smith et al., 2002; Tang et al., 2000; Zhang et al., 2004)
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Figure V-4 Compare relative site distribution () between Langmuir-CAS and NICA-CAS.
(a) is the global distribution (entire spectrum); S2, and S3S4 on Langmuir-CAS in (a) plot
was magnified by 5 and 50 times for better visualization; (b) is specific comparison
between S1 from Langmuir-CAS and carboxylic distribution from NICA-CAS; (c) is
specific comparison between S2, S3, and S4 from Langmuir-CAS and phenol distribution
from NICA-CAS.
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V.7 Supplementary Information
V.7.1 AGNES procedure
The AGNES procedures are summarized here with specific information relevant to
experimental adjustment for practical feasibility. Additional details about AGNES
principles (Galceran et al., 2004) and methodology enhancement (Puy et al., 2008) can be
found elsewhere. Briefly, AGNES consists of two fundamental steps: deposition and
stripping. Deposition aims to accumulate Pb2+ from bulk solution into Hg amalgam (Pb0)
up to a preconcentration factor, Y (Y = CPb0 /CPb2+; CPb0 is Pb0 in Hg amalgam; CPb2+ is
Pb2+ concentration in bulk solution). After deposition for operationally-defined period,
there is no Pb concentration gradient both inside and outside the Hg amalgam. Only under
this specific condition, Nernstian equilibrium is established, which allows us to relate Y to
the difference between applied potential (E1) and standard formal potential (E0; for redox
couple of Pb2+/Pb0) (Supplementary Equation IV-1)
Y

0
C Pb
2F
 exp[
( E1  E0 )]
C Pb2 
RT

Supplementary Equation V-1
where F is the Faraday constant, R is the gas constant, T is the temperature. E1 can
be specified by Y according to the Pb differential pulse polarography (DPP) performed
under the same electrolyte as Pb binding experiment (0.1 M KNO3).
Immediately after a short equilibrium time (50 s), a stripping step is employed by
applying a very low Y (Y = 10-8 to get CPb0 = 0), which serves to reoxidize the Pb0
accumulated in Hg amalgam. Under this diffusion limited condition, the faradaic current
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from oxidation (I) (analytical signal) only depends on proportionality constant (h) and CPb0
(Supplementary Equation IV-2).
0
I  hC Pb

Supplementary Equation V-2:
h can be determined by Pb calibration under the same electrolyte as Pb binding
experiment (0.1 M KNO3) using AGNES procedure. The theoretical {Pb2+} at each
calibration point can be computed using Visual Minteq (h = 0.007 ± 0.0008; n = 3). Because
the faradaic current, I, is independent of complexation, convection, and ligand adsorption,
only the CPb0 is quantified. Then CPb2+ can be simply calculated by CPb2+ = CPb0/(Y×h).
To reduce deposition time, particularly for the titration points with low Pb/SRHA
mass ratio ≤ 0.03 (high level of Pb binding by SRHA), a 'two-pulse' strategy was employed
for deposition. 'two-pulse' strategy means splitting the deposition procedure into two
phases 1stphase with a very large Ydep,1 = 108 for a duration of tdep,1, and 2nd phase with
prescribed Ydep,2 for a duration of tdep,2. In our study, we found tdep,1and tdep,2= 3500 is
sufficiently long to establish diffusive and Nernstian equilibrium for Pb/SRHA mass ratio
≤0.03. For the titration points with Pb/SRHA mass ratio > 0.03, conventional strategy of
tdep,1 = 0.7 ×Y and tdep,2 = 3 ×tdep,1 was used. Other specifications, including potential for
equilibrium (Yeq), equilibrium duration (teq), Y for stripping (Ystrip), and stripping duration
(tstrip) are summarized in Supplementary Table V-1.
The AGNES procedure was implemented by Autolab type III potentiostat in
conjunction with Metrohm 663 VA stand, IMDE 663 Interface and GPES 4.9 software
package. The voltammetric cell consisted of a Metrohm multimode mercury drop
electrode, a double junction reference electrode (Ag|AgCl| 3 mol L-1KCl capsulated by 0.1
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mol L-1 KNO3), and a glassy carbon rod as counter electrode. Smallest Hg drop size (drop
size '1') was used for measurement (r0 = 1.41 × 10-4 m). The sample solution was stirred
with a PTFE tip stirrer on the Metrohm 663 VA stand. The rotation rate was 1500 rpm for
all experiments over the deposition stage, but no stirring was applied over the equilibrium
and stripping stages. A daily-calibrated micro-pH electrode (Mantech) was inserted into
the voltammetric vessel for pH monitoring and adjustment (attempt to fix at 8.0 ± 0.1) over
the deposition process.

V.7.2 Derivation of NICA parameters using FOCUS procedure
The FOCUS idea was adapted to derive NICA parameters. The objective function
subjected to non-linear regression is written as Supplementary Equation V-3.
Supplementary Equation V-3:
dis  (  NICA   NICAmin ) 2  (RNICA  0) 2

where NICA and RNICA is expressed by Supplementary Equation V-4 and Supplementary
Equation V-5, respectively.
M

 NICA  log[ (log[ PbLT ] mod,m  log[ PbLT ]exp,m ) 2 ]
m 1

Supplementary Equation V-4
2

R NICA   n H , j  p j  m j
j 1

Supplementary Equation V-5
where dis is a distance function, which allows us to find the best solution of NICA
parameters with best goodness-of-fit and satisfaction of nH,j×pj = mj at a specific
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regularization power, NICAis residual of Pb bound species concentration (log
transformation)

between

experimental

measurement

and

model

calculation

(Supplementary Equation V-4). NICA-min is the global minimum without regularization
(= 0). The regularization term (Supplementary Equation V-5) constrains solution of nH,j
and pj toward nH,j×pj = mj. Ideally, difference between nH,j×pj and mj is 0. Therefore, the
origin point to define the NICARNICA plane is (NICA-min 0). The best solution would be
found at the point with shortest distance to origin.
The min was firstly determined. To ensure global minimum, and to reduce the
manual work on adjusting initial estimation, 100 unrepeated sets of initial estimation were
made by 'rand' function in Matlab (within the range of [0 +inf) for logKPb,j, (0 1] for nH,j,
nPb,j and pj). The 100 NICA values are shown in Supplementary Figure V-1, and min was
found at -1.0164. The associated NICA parameters are: logKPb,1 = 2.9, logKPb,2 = 9.6, nH,1
= 0.001, nH,1 = 0.69, nPb,1 = 0.80, nPb,2 = 0.52, p1 = 0.66, and p2 = 0.98. Without constraint
of nH,j×pj = mj, the nH,j and pj values are not reasonable.
After min was determined, NICA parameters were optimized again using objective
function of Supplementary Equation V-3. 100 sets of initial estimations were used.
Additionally, the solution of nH,j and pj were forced to be within 0.26for carboxylic (j =
1), and 0.9for phenolic (j = 2), according to their respective mj value. The shortest
distance for the best solution of NICA parameters is found at  = 2.54 with  = 0.0045.
The nH,j and pj values satisfies nH,j×pj = mj. The fitting of NICA model was showed in
Supplementary Figure V-2.
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V.7.3 Supplementary Tables and Figures
Supplementary Table V-1 Specifications of AGNES procedures

Titrated [Pb]T (M)
#1

#2

#3

Ydep,1

Deposition

Equilibrium

tdep,1
Ydep,2 tdep,2(S)
(S)

Yeq

9.90E-08 1.79E-07 1.79E-07

3500 50000 3500

50000

1.79E-07 3.17E-07 3.17E-07

3500 50000 3500

50000

3.17E-07 7.46E-07 5.57E-07

3500 50000 3500

50000

5.57E-07 9.91E-07 9.86E-07

3500 50000 3500

50000

9.86E-07 1.77E-06 1.74E-06

3500 50000 3500

50000

3500 50000 3500

50000

3.15E-06 5.54E-06 5.52E-06

3500 50000 3500

50000

5.52E-06 9.89E-06 1.01E-05

700

1000 2100

1000

1.01E-05 1.20E-05 1.79E-05

700

1000 2100

1000

3.19E-05 3.58E-05 3.17E-05

70

100

210

100

5.56E-05 5.67E-05 5.68E-05

70

100

210

100

1.74E-06 3.17E-06 3.15E-06

1010

Stripping

teq(s)

Ystrip

tstrip (s)

50

10-8

50
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Supplementary Table V-2

'
Conditional Pb binding affinity ( log K Pb
, LTs ) for various model compounds that may represent the unit

structures of humic substances. All values are corrected to pH 8.0 based on the thermodynamic values ( log K Pb ,LTs ) and pKa values
'
pKa
taken from NIST database (Version 8) ( log K Pb
[ H  ]  1) )pKa is the weakest acidity on the ligand. Effect of
, LTs  log K Pb , LTs  log(10
ionic strength was not corrected because most of the values were measured in 0.1 mol L-1 electrolyte, same as the ionic strength for
our binding experiment. # is the index for the search of specific compound in NIST.

Structure

Compound name (#)

Formula

pKa

'
log K Pb
, LTs

DOPA (2-amino-3,4dihydroxyphenyl propanoic)(71)

C9H11NO4

13.40

0.16

Acetic acid(3043)

C2H4O2

4.56

0.97

Pyruvic acid(3281)

C3H4O3

2.48

1.72

2 Methoxybenzoic acid(3358)

C8H8O3

3.87

1.90
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Benzoic acid(3098)

C7H6O2

4.01

2.00

Glycolic(3219)

C2H4O3

3.62

2.01

2 Hydroxy butanoic acid(3221)

C4H8O3

3.76

2.13

Glycine(2)

C2H5NO2

9.57

2.15

4-Hydroxy butanoic acid (3270)

C4H8O3

4.54

2.18

Malic acid(3554)

C4H6O5

5.10

2.45

Pentanedioic acid(3522)

C5H8O4

5.42

2.57
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Gluconic acid(3251)

C6H12N7

3.44

2.60

Glycylglycine(683)

C4H8N2O3

8.09

2.65

Triglycine (875)

C6H11N3O4

8.09

2.65

Phthalic acid(3539)

C8H6O4

4.92

2.78

Lactic acid(3220)

C3H6O3

3.67

2.78
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Hexanedioic(3534)

C6H10O4

5.04

2.80

D-penicillamine (112)

C5H11NO2S

10.67

2.95

Glutamic acid(46)

C5H9NO4

9.58

2.96

Malonic acid(3474)

C3H4O4

5.70

3.08

Succinic acid(3508)

C4H6O4

5.65

3.10

181

Tartaric acid(3556)

C4H6O6

4.37

3.12

Ethylenediamine (1468)

C2H8N2

9.92

3.12

Tricarballylic acid(3651)

C6H8O6

6.45

3.16

N-Acetyl-D-penicillamine(3374)

C7H13NO3S

10.10

3.51

L-cysteine(111)

C3H7NOS2

10.30

3.66
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Glutamine(94)

C5H10N2O3

9.00

3.66

Tryptophan(163)

C11H12N2O2

9.33

3.73

Adrenaline(1598)

C9H13NO3

13.10

3.97

Asparagine(93)

C4H8N2O3

8.73

4.11

Oxalic acid(3473)

C2H2O4

4.27

4.20
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Diglycolic (3575)

C4H6O5

3.96

4.41

Aspartic(44)

C4H7NO4

9.66

4.41

Citric acid(3662)

C6H8O7

5.56

4.44

Dopamine(1314)

C8H11NO2

13.10

5.08

Iminodiacetic acid (425)

C4H7NO4

9.34

6.00
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Carboxymethoxymalonic (3668)

C5H6O6

4.41

6.04

DL-(2Mercaptopropionyl)glycine(3376)

C5H9HO3S1

8.37

6.21

EDMA(223)

C4H10N2O2

9.84

6.38

TMS(3682)

C8H10O10

5.73

7.01

rac Oxybis(butanedioic
acid)(3679)

C8H10O9

5.97

7.44
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2-Mercaptoethylamine(1445)

C2H7NS

10.73

7.66

meso Oxybisbutanedioic acid
(3680)

C8H10O9

5.97

7.71

cis 2,6 dicarboxypiperidine acetic
(485)

C9H13NO6

9.33

9.89

NTA(463)

C6H9NO6

9.46

10.01
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-0.998
-1
-1.002

NICA

-1.004
-1.006
-1.008
-1.01
-1.012
-1.014
-1.016
-1.018

0

20

40

60

80

100

# of fit

Supplementary Figure V-1 NICAvalues from 100 fittings with 100 different sets of initial
estimation on NICA parameters.
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Supplementary Figure V-2 Pb isotherm fitted by NICA model using FOCUS method.
Symbol: circle is the concentration of Pb bound species by SRHA ([PbLT]); dashline is
the fitting line of NICA model.
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Dependence of Pb2+, Zn2+, and Cd2+ binding on sources of
dissolved organic matter (DOM): II. Compare affinity spectrum between
different DOM sources

Chapter VI

VI.1 Abstract
This study evaluated the dissolved organic matter (DOM) source-effect on
conditional affinity spectrum (CAS) of metal (Pb2+, Zn2+, Cd2+) binding. DOM properties,
including absorbance, fluorescence, acidity, and reduced inorganic sulfide, were measured
for differentiating six DOM samples into autochthonous and allochthonous source. CAS
was determined by a Fully Optimized Continuous Spectrum (FOCUS) method with
experimental data of metal binding. Quantitative Structure-Properties Relationship (QSPR)
was employed to estimate the functional groups and/or structures that determine metal
binding affinity. CAS varied between DOM, but the variability was metal ion-specific.
Allochthonous DOM, which was more aromatic, more humic, and had larger molecular
weight, consistently showed stronger Pb2+ binding affinity than autochthonous DOM,
which was more aliphatic, more proteinaceous, and had lower molecular weight. This
source-discrimination can be possibly explained by the higher phenol content in
allochthonous DOM, the most important functional group for Pb2+ binding. Relatively,
Zn2+ binding affinity showed similar, but less consistent source-discrimination, and was
affected by amine and/or amide group potentially in protein-like component. Cd2+ binding
affinity barely show any consistent source-discrimination, but can be enhanced by protein
component with small molecular weight from autochthonous DOM. We conclude that
metal binding affinity is determined by multiple DOM properties.
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VI.2 Introduction
Metal binding by dissolved organic matter (DOM) is DOM-source dependent
(Baken et al., 2011; Chappaz and Curtis, 2013), leading to variability in DOM protectivity
against metal (Cu2+, Pb2+, Cd2+, and Zn2+) toxicity (Al-Reasi et al., 2011; Blewett et al.,
2016; Bringolf et al., 2006; Luider et al., 2004; Richards et al., 2001; Sánchez-Marín et al.,
2011, 2010; Schwartz et al., 2004). Allochthonous DOM, which is generally more humic
and optically darker, has been reported to provide higher protectivity against Cu and Pb
toxicity than autochthonous DOM, which is more aliphatic and optically lighter (Luider et
al., 2004; Richards et al., 2001; Schwartz et al., 2004). To better understand and explain
this dependence, binding properties of DOM, including conditional affinity and capacity,
should be determined and compared between a wide variety of DOM sources (i.e.
allochthonous vs. autochthonous) over a naturally and toxicologically relevant
concentration range (i.e. 10-8.5 mol L-1 for Pb, Cd, and Zn).
Conditional binding affinity qualitatively describes the binding strength of an
organic ligand, while binding capacity quantitatively determines the amount of that ligand.
DOM is a heterogeneous mixture of functional groups (i.e. including multidentate) for
metal binding (Smith et al., 2002; Town and Filella, 2002). The diversity of potential
binding sites, as well as their relative abundance distribution, may vary between DOM
sources. No explicit method, however, is available to clearly specify the number of ligand
species in DOM. Alternatively, the concept of affinity spectrum is suggested to better
describe the DOM site heterogeneity for metal binding (Falck, 1989; Town and Filella,
2002). Affinity spectrum is conditional to specific pH and ionic strength, and therefore is
generally referred to conditional affinity spectrum (CAS) (Puy et al., 2008). CAS presents
a continuous abundance distribution of diverse ligands for a continuum of affinity constant.
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By inspecting the difference of CAS between DOM samples, any dependence of
metal binding on specific DOM properties can be revealed. If conditional affinity and
capacity are DOM-source-specific because of varying DOM properties, it is interesting to
explore the potential correlation between DOM properties and affinity (or capacity). Any
derived correlation eventually, will be beneficial for developing site-specific model to
predict metal speciation and toxicity. Measuring DOM characteristics are challenging due
to its heterogeneous nature. Bulk characterization, including optical spectroscopy (e.g.
absorbance and fluorescence), however, is rapid and non-destructive, providing a good
alternative to estimate DOM properties, and to differentiate DOM sources (Hudson et al.,
2007). The part I of this study, as well as previous studies (Baken et al., 2011; Chappaz
and Curtis, 2013; Mueller et al., 2012), have attempted to integrate optical property indexes
into Windermere Humic Aqueous Model (WHAM) for defining site-specific DOM
capacity. WHAM is a generic model, assuming metal binding affinity is independent of
DOM sources (Cheng and Allen, 2006; Town and Filella, 2002). Metal binding, however,
is not only determined by capacity, but also affinity. Therefore, it is necessary to evaluate
the dependence of metal binding affinity on DOM sources/properties. If varying between
DOM, metal binding affinity used in model prediction needs to be adjusted accordingly.
The variability in metal binding affinity between organic ligands can be explained by a
model called Quantitative Structure-Property Relationship (QSPR). QSPR empirically
relates metal binding affinity to multiple property variables of organic ligands, including
but not limited to the type and number of functional group, chelating effects, molecular
weight. Through QSPR analysis, any compositional and/or structural properties that
determine metal binding affinity can be estimated. Coupled with DOM properties from
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bulk characterization, QSPR can potentially provide information to explain variability in
metal binding affinity between DOM.
The part I of this study has showed dependence of metal binding on DOM sources.
The dependence was more pronounced for Pb2+ than for Zn2+ and Cd2+. The part II of this
study aims to explain this dependence with binding property. Specifically, we aim to 1)
calculate and compare CAS between two DOM source (i.e. autochthonous and
allochthonous); 2) evaluate the variability in CAS between DOM; 3) interpret the
variability in CAS with relevance to DOM properties and QSPR analysis. The results of
this study will help developing site-specific model to predict metal speciation based on
simple DOM bulk characterization.

VI.3 Method
VI.3.1 DOM property measurements and metal binding
DOM samples and their properties had been described in the Part I of this study.
Summarily, five natural DOM samples and one commercial organic matter isolate were
studied. The natural DOM sample included Luther Marsh (LM), Amazon River (AMR),
Bannister Lake (BL), Burlington Bay (BBL), and Desjardin Sewage (DS). The commercial
organic matter isolate was Suwannee River Humic Acid (SRHA), which was purchased
from International Humic Substance Society (IHSS) and used without treatment. A total
number of 14 parameters were used to characterize DOM properties, which are relevant to
origin (FI and BIX), aromaticity (SUVA254 and SUVA340), optical color (SCOA436),
molecular weight (SR and Abs254/Abs365), components (humic- and protein-like
fluorescence and their ratio; Hum/Pro), acidity (proton binding index; PBI), and inorganic
reduced sulfur (Chromium reducible sulfide; CRS). According to these property
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parameters, DOM was operationally categorized into autochthonous (DS, BBL, and BL)
and allochthonous DOM (SRHA, LM, and AMR) by clustering analysis.
Experiments of metal binding were also described in the Part I of this study. The
concentration of free metal ion ([M2+]) at each titration point was measured by Absence of
Gradient and Nernstian Equilibrium Stripping (AGNES). The concentration of metal
species bound by inorganic ligands (i.e. Cl-1 and OH-1) ([M-Inorganic]T) was calculated
using a tableau method with stability constant from NIST database (Martell and Smith,
2004). The total concentration of metal-DOM species ([MLT]) was determined by
subtracting [M2+] and [M-Inorganic]T from titrated metal concentration ([M]T).

VI.3.2 CAS determination
CAS was determined by optimally fitting experimental data of [MLT] into a
continuous-site Langmuir model (i.e. assuming stoichiometric factor of metal:ligand = 1:1
and no site interaction). A matrix form for n titration points and m different sites was used
to express this optimization problem (Equation VI-1):
Equation VI-1:
Ax-B
where
A(i, j ) 

'
K MLj
[ M 2 ]i
'
K MLj
[ M 2 ]i  1

for i=1...n and j=1...m

'
is the conditional binding affinity of jth binding site; [M2+]i is the [M2+] at ith titration
K MLj

point;

x is a m × 1 vector of site capacity (LTj) (mol L-1); Ax and B is a n × 1 vector

containing [MLT] determined by model calculation ([MLT]model) and experiment ([MLT]exp),
respectively.
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An optimization method called Fully Optimized Continuous Spectrum (FOCUS)
was employed to determine CAS. Details about FOCUS can be found in Supplementary
Error! Reference source not found.. It was highlighted that the computational window
'
'
of log K MLj
(logarithm transformation of K MLj
) was operationally-defined according to

'
the experimental data of log[M2+]. log K MLj
should range from log[M2+]min–to

log[M2+]maxThe '–' and '' was set by assuming 90% and 10% of organic ligands
'
were unbounded at the first and last titration point. Binding sites with log K MLj
outside this

range were not detected by metal titrations, and therefore not considered. Once the
'
computational window of log K MLj
was defined, x remained the only unknown matrix to

be determined. x was solved by regularized optimization with a 'smootheness' constraint,
which allowed x to converge toward an unique solution at a compromise between best
'
goodness-of-fit and greatest smootheness. By plotting log K MLj
against LTj from x vector,

'
CAS was generated (i.e. CAS = p( log K MLj
)). In order to better compare CAS between

DOM samples, the y-axis of CAS was normalized to relative site distribution, M (Equation
VI-2).
Equation VI-2:
'
'
 M  LTj  log K MLj
/  log K Mj

'
) is the total site capacity of DOM within the computational window
where  p( LogK MLj
'
'
of log K MLj
with  log K MLj
=0.1.
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VI.3.3 QSPR analysis
QSPR reads as following multiple linear relation (Cabaniss, 2008) (Equation
VI-3):
Equation VI-3:
'
log K MLp
 pred   a q x p , q
q
'
where log K MLp
 pred is the conditional stability constant of an organic ligand p predicted by

QSPR; x p ,q is the value of variable q for the organic ligand p; a q is the coefficient or
weight factor corresponding to variable p.
The variables include the count of various functional groups and coordination
factors. The functional groups include: carboxyl (#Carboxyl), phenol (#Phenol), ether
(#Ether), amine (#Amines), amide (#Amides), alcohol (#Alcohol), and thiol (#hiol)
group. The coordination factors account for chelating effect (LN2), charge density (Zdens),
heteroatom-to-carbon ratio (Het:C), amino acid effect (AA), and clustering.
The calculation of various coordination factors, QSPR calibration for deriving a q
values, and QSPR validation with derived a q values were described in Supplementary
Error! Reference source not found..

VI.4 Results and discussions
VI.4.1 Metal binding fitted by continuous-site Langmuir model
The binding curve ([M2+] vs. [MLT]) can be optimally fitted into a continuous-site
Langmuir model through FOCUS procedure (Figure VI-1). Goodness-of-fit also indicated
the fitting performance was satisfactory (Supplementary Table VI-1; log of sum of square
residual ranges from 15.25 to 10.03). However, at [Zn2+] < 10-9.5 mol L-1 (except BL and
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BBL), the experimental data were consistently lower than the model fitting, possibly
because the measurement of [Zn2+] was closed to detection limit.
Metal binding ([MLT]) varied between DOM, but the variability was metal ionspecific and depended on [M2+] (Figure VI-1). The variability in [PbLT] decreased from
178-fold at [Pb2+] ≈ 10-10 mol L-1 to 24-fold at [Pb2+] ≈ 10-6.0 mol L-1 (Figure VI-1A),
indicating that various sites are detected and compared between DOM, and that the
'
difference in Pb2+ binding property (i.e. K MLj
 LTj ) between DOM is relatively more

significant at low [Pb2+]. The variability in [ZnLT] was within 16 fold over [Zn2+] = 1010

mol L-1 (Figure VI-1B). BBL consistently showed lowest Cd2+ binding at all [Cd2+],

and became saturated at [Cd2+] ≈ 10-8 mol L-1. For the comparison between other DOM,
the variability in [CdLT] was within 9 fold over [Cd2+] = 10--7 mol L-1 (Figure
VI-1C). Overall, the variability induced by DOM source-effect decreased in following
order: Pb2+ > Zn2+ > Cd2+, possibly because Pb2+, Zn2+ and Cd2+ binding sites are
compositionally and/or structurally different.
The CAS derived from data fitting by FOCUS procedure are showed in Figure VI-2.
'
It is noted that the computational window of CAS (i.e. the log K MLj
range) was not identical

'
for all DOM, but comparable within log K MLj
= 4.

Because only the binding sites

'
within [M2+] range are actually detected, it is reasonable to only consider log K MLj
within

the [M2+] range even though the variability in [M2+] at the first and last titration point.

All

CAS plots were characterized by continuous, smooth and Gaussian-like distribution
features, confirming the heterogeneity of metal binding sites (Town and Filella, 2002). The
'
major sites were relatively weak sites, showing monomodal distribution within log K MLj
≈
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4except Cd binding by BBLThe minor sites were strong sites, showing mono to
'
multimodal distributions at log K MLj
> The major site distribution was generally broader

than minor site distribution, indicating the major sites are relatively more heterogeneous.
'
Based on these distribution features, the capacities (LT) of major sites (4 < log K MLj
≤ )

'
and minor sites ( log K MLj
>) were determined by integrating the area underneath their

corresponding CAS curves (Table VI-1). The contribution (f) of major sites was
consistently ≥ 92.74%, while that of minor sites varied from 0% to 7.26%, depending on
specific DOM and metal ion. To better express the importance of strong binding by minor
sites, a ratio of major to minor site capacity, R, was calculated (Table VI-1). R decreases
with increasing importance of strong binding by minor sites. The CAS variability between
DOM will be discussed with relevance to DOM properties in latter section.

VI.4.2 QSPR analysis
The QSPR coefficients (i.e. mean and standard error) to explain variability in Pb2+,
Zn2+ and Cd2+ binding affinity are summarized in Table VI-2. Two common features were
concluded. Firstly, the carboxyl group alone (#COOH) cannot explain the variability in
metal binding affinity, although carboxyl is commonly the most abundant functional group
in DOM (Smith et al., 2002) and fully deprotonated at pH 8.0 (i.e. pKa for carboxylic group
mostly < 5.0) (Ritchie and Perdue, 2003). Inconsistent with our results, previous QSPR
analysis at pH = 7.0 found carboxyl was significantly important for Pb2+ and Zn2+ binding
(Cabaniss, 2008). This disagreement is possibly due to the enhanced deprotonation of other
functional groups at high pH, such as amine and/or thiol, and their involvements in Pb2+
and Zn2+ binding. Secondly, both #Thiol and LN2 commonly explained the variability in
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binding affinity for Pb2+, Cd2+ and Zn2+. Compared with #Phenol, #Amines, and #Amides,
the variable of #Thiol (a ≥ 0.23) had the highest impacts on binding affinity (a ≥ 0.23 for
#Thiol vs. a ≤ 1.18 for other individual count of functional group), in agreement with the
highly polarized nature of thiol for strong metal binding by covalent bond (Smith et al.,
2002). Between metals, the QSPR coefficient of #Thiol decreased in following order:
Cd2+(a = 4.23) > Zn2+(a = 2.30) > Pb2+(a = 2.11), indicating Cd2+ binding affinity may be
more sensitive to the variability in thiol content between DOM. The QSPR coefficient of
LN2 decreased in following order: Pb2+(a = 0.43) > Zn2+ (a = 0.34) > Cd2+(a = 0.27),
indicating chelating effects are more significant for Pb2+ than for Zn2+ and Cd2+. Compared
with #Thiol and LN2, the significance of other functional groups or structure variables
(#Phenol, #Amines, and #Amides, Zdens, Het:C and AA) was more metal ion-specific,
suggesting the selectivity or preferences of organic ligands for specific metal binding. The
QSPR analysis will be further discussed with relevance to DOM properties to explain CAS
variability.

VI.4.3 Explain CAS Variability relevant to DOM properties and QSPR analysis
'
'
For Pb2+ binding, the major sites distributed within log K PbLj
= 5, and log K PbLj

at peak increased in following order by 1.41 log unit: DS (5.60) ≈ BL (5.68) < BBL (6.04)
< SRHA (6.33) < LM (7.00) ≈ AMR (7.01) (Figure VI-2A). To better visualize the CAS
'
variability in response to DOM properties change, contour plots that related log K PbLj
, LTj

and DOM properties were showed (Figure VI-3). The allochthonous DOM (SRHA, LM,
and AMR) (Figure VI-3A BIX ≤ 0.72), which was more aromatic (Figure VI-3B; SUVA254
≥ 7.14 and SUVA340 ≥ 2.79), more humic (Figure VI-3C; Hum/Pro ≥ 6.74), and had larger
molecular weight (Figure VI-3D; SR ≤ 2.19), consistently had stronger Pb affinity than
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autochthonous DOM (DS, BBL, and BL) (BIX > 0.94), which was less aromatic (SUVA340
≤ 5.78), more proteinaceous (Hum/Pro ≤ 3.35), and had lower molecular weight (SR ≥
3.8). This source-discrimination agrees with previous toxicity results, which observed
allochthonous DOM provided higher protectivity (i.e. higher lethal concentration) against
Pb toxicity than did autochthonous DOM (Richards et al., 2001; Schwartz et al., 2004).
'
The log K PbLj
at peak showed negative correlation with Abs254/Abs365 (r = -0.84 and p =

0.04), but positive correlation with humic-like component (C3%) (r = 0.84 and p = 0.03)
(Supplementary Table VI-4), indicating Pb2+ prefers to bind with ligands with large
molecular weight in humic-like component. According to QSPR analysis, strong Pb2+
binding affinity was specifically favored by increasing phenol group (#Phenol; a =
1.81±0.44), thiol group (#Thiol; a = 2.11 ± 0.75), chelating effects (LN2; a = 0.43 ± 0.03)
and heteroatom-to-carbon ratio (Het:C; a = 1.16 ± 0.25) (Table VI-2). Phenol group is
associated with aromaticity. The allochthonous DOM, which is more aromatic, therefore,
may have structural advantages over autochthonous DOM for strong Pb2+ coordination by
phenol-containing chelators, such as salicylic- (Manceau et al., 1996; Xiong et al., 2013),
catechol-(Manceau et al., 1996; Xiong et al., 2013) and polyphenol-type. Nonetheless, all
not aromatic structures indicated by SUVA254 or SUVA340 contain phenol groups, which
may explain the lack of correlation between SUVA254 (or SUVA340) and

'
at peak
log K PbLj

(Supplementary Table IV-1Supplementary Table IV-1).
The major site capacity (mol mg-C-1) for Pb2+ binding varied between DOM by a
factor of 7.2, and increased in following order: DS (0.21) < AMR (0.27) < LM (0.38) ≈
BBL (0.39) < BL (0.84) < SRHA (1.47). This variation showed little source-discrimination
between autochthonous and allochthonous DOM. Aromaticity indexes did not show
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significant correlation with major site capacity (Supplementary Table VI-4), although
aromatic structure enhances the possibility of being strong Pb2+ chelators. Again, this lack
of correlation is because not all aromatic structures contain phenol groups. Other DOM
properties also showed insignificant correlation with major site capacity for Pb2+ binding
(Supplementary Table VI-4).
The

minor

sites

for

Pb2+

binding

distributed

within

'
log K PbLj

=

'
8.5common site at log K PbLj
= 9.0 was found in all DOM except BBL and AMR

'
(Figure VI-2A). Stronger minor site distribution with peak at log K PbLj
= 10.33 and 10.64

was present in BBL and SRHA, respectively, but absent in other DOM. The capacity and
contribution of minor sites were higher in LM and SRHA (LT ≥ 0.0299 mol L-1 and f ≥
3.29%) than in other DOM samples (LT ≤ 0.011 mol L-1 and f

≤ 1.38%) (Table VI-1).

The R value was ≤ 30 for LM and SRHA, but was ≥ 161 for other samples. Together these
contrasts indicate that LM and SRHA contain more strong ligands for Pb2+ binding (i.e.
'
> 8) than other DOM, showing some degree of source-discrimination between
log K PbLj

allochthonous and autochthonous DOM. The minor site capacity for Pb2+ binding increased
with increasing SUVA254, SUVA340, SCOA436 and Hum/Pro (r > 0.90 and p < 0.02)
(Supplementary Table VI-4), indicating these strong minor sites may attach on aromatic
structures in humic-like component, such as polyphenol or tannins (Leenheer and Croué,
2003). Alternatively, these strong Pb2+ binding sites can be attributed to thiol. Predicted by
QSPR descriptor coefficients (Table VI-2), the conditional Pb2+ binding affinity of reduced
'
glutathione was 10.15, within the Pb2+ binding affinity range of minor sites ( log K PbLj
=

8.5). Another candidate ligand for strong Pb2+ binding is inorganic reduced sulfide,
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which shows comparable Pb2+ binding affinity ranging from 8.to .4 (Smith et al.,
2002). Both thiol and inorganic reduced sulfide have been found to exist in oxic surface
water at a nanomolar level (Leclerc et al., 2015; Liem-Nguyen et al., 2015; Marie et al.,
2015; Pernet-Coudrier et al., 2013; Smith et al., 2002), probably encapsulated and
stabilized by DOM (Kramer et al., 2007). Therefore, it is reasonable to assign these binding
sites to reduced sulfur. Neither Pb2+ binding affinity nor capacity of minor sites, however,
formed significant correlation with inorganic sulfide concentration (i.e. CRS)
(Supplementary Table VI-4).
'
For Zn2+ binding, the major sites distributed within log K ZnLj
= 4, and the

'
at peak increased
log K ZnLj

in following order by 1.74 log unit: BBL (4.44) < LM (4.60)

< DS (4.90) < BL (5.09) < AMR (5.40) < SRHA (6.18) (Figure VI-2B), showing sourcediscrimination between autochthonous and allochthonous DOM. This discrimination
'
however, was not as consistent as the Pb2+ case. The log K ZnLj
at peak linearly increased

with increasing Hum/Pro (2.76) (r = 0.84; p = 0.04) (Figure VI-4 and Supplementary
Table VI-4), indicating Zn2+ binding affinity of DOM is affected by a combined factor of
humic- and protein-like component. DOM from algal exudate (McIntyre and Guéguen,
2013) and solid waste leachate (Wu et al., 2011) characterized by low Hum/Pro (0.31)
had been reported to weakly or barely bind with Zn2+. According to QSPR analysis, amino
acid or protein-relevant component should affect Zn2+ binding, but the effect depended on
specific type of N-containing functional group. Zn2+ binding affinity increased with
increasing amines (#Amines; a = 1.00 ± 0.19) and heteroatom-to-carbon ratio (Het:C; a =
1.05 ± 0.17), but decreased with increasing amides (#Amides; a = -0.77 ± 0.29). Because
amide is the fluorophore in protein-like component, it may explain the increasing Zn2+
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binding affinity with increasing Hum/Pro. The major site capacity (mol mg-C-1) for Zn2+
binding varied between DOM by a factor of 6.8, and increased in following order: DS
(0.25) ≈ BL (0.25) < SRHA (0.54) < LM (0.92) < AMR (1.52) < BBL (1.71), showing little
source-discrimination between allochthonous and autochthonous DOM. No significant
correlation was found between major site capacity for Zn2+ binding and DOM property
parameters (Supplementary Table VI-4Supplementary Table IV-1).
'
The minor sites for Zn2+ binding distributed within log K ZnLj
= 8.0Figure

VI-2C QSPR analysis showed Zn2+ binding affinity increased with increasing thiol
content (#Thiol; a = 2.30 ± 0.38) and chelating effects (LN2; a = 0.34 ± 0.02) (Table VI-2).
According to the QSPR coefficients, the conditional Zn2+ binding affinity of L-cysteine
(Cys) and reduced glutathione was 7.8 and 8.3, respectively, closed to that of minor sites.
Comparable Zn2+ binding affinity is also found for inorganic reduced sulfide
(5.0(Smith et al., 2002). Structure spectroscopy also highlighted the participation of
reduced sulfur for coordination with Zn2+ in peat soil (Karlsson and Skyllberg, 2007).
Therefore, these minor sites are possibly relevant to reduced sulfur. The minor site capacity
was consistently below 7.5 nmol mg-C-1 for all DOM. Indicated by their contribution (f)
and relative importance (R), these minor sites for strong Zn2+ binding were relatively more
important in BL (f = 2.35%; R = 42), but almost negligible in BBL and SRHA (f < 0.01%;
R ≥ 6670).

Neither Zn2+ binding affinity nor capacity of minor sites showed source-

discrimination

and

correlation

with

DOM

properties

(Supplementary

Table

VI-4Supplementary Table IV-1).
For Cd2+ binding, BBL had the strongest major sites, which distributed within
'
= 7.5 with peak at 8.5 (Figure VI-2C). The major sites in other DOM
log K CdLj
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'
distributed within log K CdLj
= 4.0and their peak increased in following order by 1 log

unit: SRHA (4.2) < BL (4.5) < LM (5.0) < AMR (5.1) < DS (5.2) (Figure VI-2C). The
greatest contrast in Cd2+ binding affinity was between BBL and SRHA, showing sourcediscrimination between autochthonous and allochthonous DOM. This discrimination,
however, was not consistent when other DOM from these two categories were compared.
DOM from an eutrophic lake with high biological productivity had been reported to show
stronger Cd2+ binding than DOM isolates from Suwannee River and peat materials (Xue
and Sigg, 1999), consistent with the contrast between BBL and SRHA. No significant
correlation was found between Cd2+ binding affinity and any individual DOM property
investigated by current study, indicating the variability in Cd2+ binding affinity cannot be
explained by single type of DOM property. QSPR analysis demonstrated Cd2+ binding
affinity increased with increasing amine group (#Amine; a = 2.16 ± 0.46, p < 0.01), charge
density (Zdens; a = 66.96 ± 17.96), but decreased with increasing molecular weight (AA; a
= -133.45 ± 55.79) (Table VI-2), suggesting that protein molecules with low molecular
weight favor strong Cd2+ binding. The abundance of protein-like components (C1%) in
BBL was 23%, significantly higher than 5% in SHRA. The SR and Abs254/Abs365 of BBL
were 4.53 ± 0.03 and 7.42 ± 0.36, respectively, greater than the counterparts of SRHA (1.89
± 0.00 and 3.3 ± 0.01), indicating BBL had smaller molecular weight than SRHA. Coupled
with the suggestion from QSPR, BBL showed structural advantages over SRHA for strong
Cd2+ binding. The major site capacity for Cd2+ binding varied from 56 nmol to 485 nmol
mg-C-1 between DOM except BBL. The site capacity of BBL was very low (1 nmol mgC-1) (Table VI-1). No significant correlation was found between major site capacity for
Cd2+ binding and any DOM property parameter (Supplementary Table VI-4).
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'
The minor sites for Cd2+ binding varied within log K CdLi
= 8.0Figure

VI-2Cand showed spike-like or discrete distribution, which indicates the minor sites are
less heterogeneous than major sites. No minor sites were considered for BBL because it
'
only showed one major distribution at log K CdLi
> 8. Like the Pb2+ and Zn2+ case, QSPR

analysis showed Cd2+ binding affinity increased with increasing thiol content (#Thiol; a =
4.23 ± 0.35) and chelating effect (LN2; a = 0.27 ± 0.03) (Table VI-2). According to QSPR
coefficients, the calculated Cd2+ binding affinity of reduced glutathione was 10.27, similar
'
to that of minor sites in AMR ( log K CdLj
= 10.13). The Cd2+ binding affinity of thiol

in soil organic matter was .2pH = 3.(Karlsson et al., 2007) and that of
inorganic reduced sulfide was
with

6.510.5 (Smith et al., 2002). Therefore, the minor sites

'
= 8.0are possibly reduced sulfur groups. The minor site capacities
log K CdLj

for Cd2+ binding was almost negligible in autochthonous DOM (DS, BBL, and BL) (< 1
nmol mg-C-1), whereas those in allochthonous DOM (AMR, LM, and SRHA) varied from
1.3 to 2.7 nmol mg-C-1 (Table VI-1). Indicated by f and R value, the strong Cd2+ binding
by minor sites was most important in SRHA (f = 4.62%, R = 21), less important but
comparable in DS, AMR, and LM (f ≤ 0.8%, R = 123), and almost absent in BL (f <
0.05%, R = 2303) (Table VI-1). Together these comparisons show allochthonous DOM
tended to have higher minor site capacity than autochthonous DOM. Interestingly, the
minor site capacity increased with increasing aromaticity (SUVA254

and SUVA340)

,optical color (SCOA436) and Hum/Pro (r ≥ 0.88 and p < 0.05) (Supplementary Table VI-4),
indicating the presence of strong Cd2+ binding sites are relevant to aromatic structure in
humic-like component.
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Conclusively, CAS of Pb2+, Zn2+ and Cd2+ varied between DOM because of sourceeffect. The CAS variability however, cannot be explained or fully explained by a single
type of DOM property. According to QSPR analysis, multiple factors, relevant to ligand
composition and structure, play role in determining metal binding affinity. Optical
property, including absorbance and fluorescence, is simple and rapid to measure, but not
fully associated with or relevant to any QSPR descriptor. Therefore, deriving direct
correlation between metal binding affinity (or capacity) and optical property is not
implausible but difficult. Future study should explore the interconnections between optical
property, composition, structure, functional groups, metal binding affinity of DOM, and
then based on the QSPR framework we may possibly establish a relationship between metal
binding affinity and optical property.
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VI.6 Tables and Figures
Table VI-1 Summary of site capacity (LT; nmol mg-C-1) of two different affinity ranges
'
'
on CAS (Weak site: 4 ≤ log K CdLi
< 8; Strong site: log K CdLi
≥ 8)
DS
LT (Weak) 209
f* (Weak)

R**

R

SRHA

390

838

268

382

1461

98.61% 99.26% 92.74% 96.75%
2.0

29.9

49.0

0.62%

0.15%

1.39%

0.74%

7.26%

3.25%

161

650

71

134

13

30

1705

250

1523

924

539

99.16% 99.98%

97.66% 99.52% 99.27% 100.00%

0.3

6.0

7.4

6.8

0.0

0.84%

0.02%

2.34%

0.48%

0.73%

0.00%

118

5683

42

206

136

nc***

1

485

157

399

56

LT (Weak) 156
f (Weak)

LM

11.8

Zn LT (Strong) 2.1
f (Strong)

AMR

0.6

LT (Weak) 248
f (Weak)

BL

99.38% 99.85%

Pb LT (Strong) 1.3
f (Strong)

BBL

99.40% 100.00% 99.96% 99.19% 99.43% 95.40%

Cd LT (Strong) 0.9

nc

0.2

1.3

2.3

2.7

f (Strong)

0.60%

nc

0.04%

0.81%

0.57%

4.60%

166

nc

2310

123

174

21

R

* f = (LT at weak or strong sites / Total LT ) x 100%
** R = LT at weak sites / LT at strong sites
*** nc: not calculated
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Table VI-2 QSPR coefficients (mean: a; standard error: SE)
#Phenol

#Amines

#Amides

#Thiol

LN2

Zdens

Het:C

AA

a

1.81

-

-

2.11

0.43

-

1.16

-

SE

0.44

-

-

0.75

0.33

-

0.25

-

a

-

1.00

-0.77

2.30

0.34

-

1.05

-

SE

-

0.19

0.29

0.38

0.02

-

0.17

-

a

-

2.16

-

4.23

0.27

66.96

-

133.11

SE

-

0.46

-

0.35

0.03

17.89

Pb

Zn

Cd

59.79

'-': not statistically significant at 95% confidence level (p = 0.05)
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DS
BBL
BL
AMR
LM
SRHA

Figure VI-1 Pb2+(A), Zn2+(B) and Cd2+(C) binding curve ([M2+] vs. [MLT]) of DOM for
different samples at [DOC] = 10 mg L-1 , pH = 8.0 and ionic strength = 0.1 mol L-1
KNO3. Markers were experimental data points; Dashline was the optimal fitting line of
continuous-site Langmuir model determined by FOCUS procedure
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Figure VI-2 CAS of Pb2+(A) Zn2+(B), and Cd2+(C) binding by DOM; For better
visualization, fM values at 8 ≤ LogK’MLj < 10 and LogK’MLj ≥ 10 were magnified by 5
and 10 times, respectively (except the CAS for Cd2+ binding by BBL)

213

Figure VI-3 Interpolated contour plot of Pb binding capacity (LTj) versus and BIX(A),
SUVA254(B), Hum/Pro(C), and SR(D). The horizontal dashed lines corresponded to
different index values for different DOM samples. Note: interpolated contour lines are
intended to help with visualization of the data trends only. Measured values are only
recorded as indicated by the horizontal lines

214

Figure VI-4 Interpolated contour plot of Zn binding capacity (LTj) versus and Hum/Pro;
The description is the same as Figure 3

VI.7 Supplementary Information
VI.7.1 FOCUS optimization procedure
1. Define Objective function
Two objective functions were defined: regular sum of square residual without
regularization constraint (no-reg) (Supplementary Equation VI-1:; log unit) and sum of
square residual with regularization constraint (reg) (Supplementary Equation IV-2 to
IV-3; log unit).
Supplementary Equation VI-1:
n

 no2 reg  min log 10( ([ MLT ]mod el ,i  [ ML]exp,i ) 2 )
i 1

Supplementary Equation VI-2:
n

2
 reg
 log 10( ([ MLT ]mod el ,i  [ MLT ]exp,i ) 2  R)
i 1
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Supplementary Equation VI-3
m 1

R ( LT , j ,....LT , j )   ( LT , j 1  2 LT , j  LT , j 1 ) 2
j 2

where [MLT]model and experiment [MLT]exp, is the concentration of metal-DOM
species mth titration point (i = 1 to n), respectively. is the power level of smoothness
regularization term R (Equation 3). R is the sum of squares of finite difference
approximation of the second derivatives for ligand capacity LT,j (j = 1 to m).
2. Define the computational window of CAS
The computational window of CAS was defined according to the measurement of
minimum (min) and maximum (max) value of free metal concentration ([M2+])
(Supplementary Equation VI-4).
Supplementary Equation VI-4:
'
2
log K lower
]max )  
bound   log 10([ M

2

]min )  

Lower bound of

'
: log K upper bound   log 10([ M
log K MLj

Higher bound of

'
'
2
: log K upper
log K MLj
]min )  
bound   log 10([ M

'

'
where log K MLj
is the conditional stability constant for jth organic ligand. where

'
log K lower
bound and

'
log K upper
is the lower and upper bound that defines the
bound

computational window of CAS.  is a suitably chosen constant to cover a wide range of
binding site. By assuming 90% and 10% of organic ligands were unbounded by metal ions
at the first and last titration point, 

is set to 1. The grid resolution of CAS is set to 0.1
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'
'
(i.e. ∆ log K MLj
= 0.1). Once log K MLj
window of is defined, the vector of LT,j is the only

unknown, which can be determined by non-linear regression.

3. Define the global minimum of no-reg
The global minimum of no-reg was determined by non-linear regression
(Supplementary Table VI-1). The only constraint applied is all LT,j values > 0. no-reg will
be used for optimization with smoothness regularization in next step.
4. Determine global minimum of reg with different values

reg was determined by varying  value from 10-6 to 100 to check the evolution of
M

residual (;  2   ([ML]exp, m  [ ML]mod, m ) 2 ) in response to increasing R term.
m 1

From Supplementary Figure VI-1 to VI-3, it was observed that both  and R
increased with increasing . Because we attempted to have  as small as possible, and R
as large as possible. A compromise between  and R was desired. To find this
compromise point, a plane of R was defined. The origin point of this plane was
minimum  , which was no-reg, and maximum R. The maximum R was selected at a 
value where R change was most significant. After defining the origin point of this R
plane, the best solution of LT,j vector can be found at a point with shortest distance to the
origin of R plane. The  value and best corresponding this solution was summarized
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in Supplementary Table VI-2. The  was only slightly larger than no-reg , indicating good
fitting performance, but at the meanwhile smoothest distribution of CAS was achieved.

VI.7.2 QSPR calibration and validation
1. Structural descriptors of model compound
Using multiple linear regression analysis (i.e. practice of calibration), QSPR
empirically relates metal biding affinity to multiple variables (or descriptors) relevant to
compositional and/or structural properties of organic ligands (Supplementary Equation
VI-5).
Supplementary Equation VI-5:
'
log K MLp
 pred   a q x p , q
q

'
where log K MLp
 pred is the conditional stability constant of an organic ligand p predicted by

QSPR; x p ,q is the value of variable q for the organic ligand p; a q is the coefficient
corresponding to variable p. The variables include the number of various functional groups
and coordination factors. The functional groups include: carboxyl (#Carboxyl), phenol
(#Phenol), ether (#Ether), amine (#Amines), amide (#Amides), alcohol (#Alcohol), and
thiol (#hiol) group. The coordination factors account for chelating effect (LN2), charge
density (Zdens), heteroatom-to-carbon ratio (Het:C), amino acid effect (AA), and clustering.
The calculation of these coordination factors were modified based on Cabaniss's
method(Cabaniss, 2008) for consideration of #SH. LN2 describes the stability constant
for multidentate ligands is greater than the sum of stability constant of carboxylic, amine,
and thiol (LN2=(#Carboxyl + #Amines + #hiol)2). Zdens describes effects of net charge
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density on stability constant. At pH 8.0, carboxylic group are almost 100% deprotonated,
but the deprotonation of other weak acids, mainly including amine and thiol, is generally
< 5%. Therefore, it is reasonable to assume the net charge is the charge difference between
carboxylic (negative) and sum of amine and thiol (positive) (Zdens = (#Carboxyl#Amines
#hiol)/molecular weight). Het:C relates elemental compositions to stability constant
(Het:C = (#O + #N + #S)/#C). #X refers to the number atoms of element X (i.e. C,O,N,S)
in an organic ligand. Chance of ligand being multidentate increases with increasing Het:C.
AA is molecular weight related, which considers that multidentate with both amine and
carboxylic group behaves differently than monodentate with only one of these two groups
(AA=1/molecular weight; AA is set to 0 for monodentate). Clustering represents the
probability of carboxylic and phenol groups being closed enough to each other to form
chelating complex (clustering = (#Carboxyl+ #Phenol)/(molecular weight)).
2. QSPR calibration and validation
For QSPR calibration, the compositional/structural variables and thermodynamic
binding constants ( log K MLp exp ) the of various organic compounds for Pb2+, Zn2+, and Cd2+
were adapted from Cabaniss' study (2008). The log K MLp  pred values of these compounds
were taken from NIST database (Martell and Smith, 2004) (Critically Selected Database
of Constants, Version 8.0). According to their acidity constants (pKa) (also from NIST),
'
the corresponding conditional stability constants at pH = 8.0 ( log K MLp
exp ) were calculated

(i.e.

assuming

binding

competition

between

proton

and

metal

ions;

'
pKap
10  pH )  1] ). Corrections for ionic
log K MLp
exp    log K MLp exp and   log[1 /(10
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strength and temperature were not performed because most of log K MLp exp values were
determined at 0.1 mol L-1 electrolyte and 25 0C, same as our experimental condition.
Following the calibration procedure described by Cabaniss (2008) aq values were
determined by multiple linear regression with intercept forced to be 0. The solution of a q
was converged as following three statistic criteria were all satisfied: 1) R2 (the coefficient
of determination) > 0.90; 2) Spred (the standard error of prediction) ≤ 1; 3) RSD (relative
standard deviation; RSD = |standard error of aq / mean aq |) < 1 and p value < 0.05 for all
aq values. The regression analysis was initiated with all count of individual functional

groups (#RC, #phenol, #RR', #NR, #NC=O, #ROH, #SH) and the first
three coordination factors (LN2, Het:C, and Zdens). Variable with highest p (p > 0.05) and
RSD (RSD > 1) value was firstly removed from analysis. This procedure was repeated until
all variables were statistically significant: Spred < 1.5, RSD < 1 and R2 > 0.90. Subsequently,
the latter two coordination factors (AA and clustering) were added for further regression if
they are statistically significant. Otherwise, they are not considered. The calibration results
with associated statistics were summarized in Supplementary Figure VI-3.
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VI.7.4 Supplementary Tables and Figures
Supplementary Table VI-1 Global minimization of no-reg determined by non-linear
optimization
SRHA LM
AMR
BL
BBL
DS
Pb -10.39 -12.83 -12.77 -10.06 -12.22 -13.05
Cd -14.38 -12.44 -14.44 -13.71 -14.39 -10.58
Zn -11.67 -13.61 -11.35 -13.79 -13.09 -13.17



Supplementary Table VI-2 The  and corresponding to the best solution of LT,j vector
determined by FOCUS with smootheness regularization term

Pb2+
Cd2+
Zn2+

SRHA
LM
-11.84
 -10.36
1.26E-4
 0.5012

-14.33
-12.40

0.02
 1.58E-4
-13.56
 -11.67
 1.58E-04 2.00E-04

AMR
BL
BBL
DS
-12.74
-10.05
-12.19
-13.04
0.063
0.79
6.31E-4
0.0126
-14.12
-13.57
-15.25
-12.97
0.0032 6.31E-4
0.40
7.94E-5
-11.19
-13.73
-12.88
-13.09
0.0063 1.26E-04 2.00E-05 7.94E-05
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Supplementary Table VI-3 Summary of statistics for QSPR calibration
Pb2+

Zn2+

Cd2+

RSD R2
p
Spred RSD R2
p
Spred RSD R2
p
2.00E-04
ns
ns
#Phenol
0.24
ns
ns
#Amines
ns
0.19
3.71E-06
0.21
1.93E-05
#Amides
ns
0.37
1.00E-02
ns
ns
7.47E-03
1.69E-07
1.57E-16
#Thiol
0.35
0.17
0.08
1.24
0.95
0.92
0.97
0.96
0.96
2
8.62E-19
4.64E-21
8.19E-12
LN
0.06
0.06
0.11
Zdens
ns
ns
ns
0.27
4.55E-04
Het:C
0.22
5.21E-05
0.16
ns
ns
ns
1.26E-07
2.49E-02
AA
ns
ns
0.43
ns: not statistically significant (p > 0.05)
Spred
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Supplementary Table VI-4 Summary of Pearson correlation between DOM properties and binding properties
r value
SUVA254

SUVA340

SVOA436

FI

BIX

C1%

KPb-Major

0.62

0.65

0.64

-0.80

-0.84

-0.74

-0.71

-0.78

0.20

0.84

0.42

0.80

-0.59

KCd-Major

-0.51

-0.50

-0.49

0.54

0.54

0.53

0.29

0.31

0.01

-0.35

-0.43

-0.57

-0.03

KZn-Major

0.40

0.48

0.55

-0.58

-0.56

-0.68

-0.68

-0.62

0.70

0.53

0.84

0.59

-0.17

LT-Pb-Major**

0.49

0.53

0.56

-0.26

-0.37

-0.55

-0.55

-0.48

0.59

0.38

0.75

0.42

-0.37

LT-Cd-Major

0.18

0.09

0.00

0.08

-0.11

-0.03

0.29

0.23

-0.53

-0.14

-0.35

0.10

-0.13

LT-Zn-Major

-0.12

-0.07

-0.05

-0.09

-0.14

-0.11

-0.30

-0.30

0.35

0.27

-0.02

0.08

-0.49

0.90

0.91

0.91

-0.63

-0.68

-0.74

-0.69

-0.71

0.28

0.70

0.83

0.73

-0.37

-0.78

-0.77

-0.79

-0.84

0.23

0.88

0.83

0.82

-0.26

*

+

LT-Pb-Minor

SR

Abs254/Abs365

C2%

C3%

Hum/Pro

PBI

CRS

LT-Cd-Minor

0.91

0.94

0.95

-0.86

LT-Zn-Minor

0.12

0.08

0.02

-0.25

-0.38

-0.24

0.01

-0.05

-0.30

0.15

-0.27

0.33

-0.27

LT-Pb-Total++

0.51

0.55

0.58

-0.28

-0.39

-0.56

-0.56

-0.49

0.59

0.39

0.76

0.44

-0.38

LT-Cd-Total

0.18

0.10

0.00

0.07

-0.11

-0.03

0.28

0.23

-0.53

-0.14

-0.34

0.10

-0.13

LT-Zn-Total

-0.12

-0.07

-0.05

-0.09

-0.15

-0.11

-0.30

-0.30

0.35

0.27

-0.02

0.08

-0.49
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p value
SUVA254

SUVA340

SVOA436

SR

Abs254/Abs365

FI

BIX

C1%

C2%

C3%

Hum/Pro

PBI

CRS

KPb-Major

0.19

0.16

0.17

0.06

0.04

0.09

0.11

0.07

0.70

0.03

0.40

0.05

0.22

KCd-Major

0.30

0.31

0.32

0.27

0.27

0.27

0.57

0.54

0.99

0.49

0.40

0.23

0.96

KZn-Major

0.43

0.33

0.26

0.23

0.25

0.13

0.13

0.19

0.12

0.28

0.04

0.21

0.74

LT-Pb-Major

0.32

0.28

0.25

0.62

0.47

0.26

0.26

0.34

0.21

0.46

0.09

0.40

0.47

LT-Cd-Major

0.73

0.86

1.00

0.88

0.84

0.96

0.58

0.66

0.28

0.79

0.50

0.85

0.80

LT-Zn-Major

0.83

0.90

0.93

0.86

0.79

0.83

0.56

0.57

0.50

0.60

0.97

0.88

0.32

LT-Pb-Minor

0.01

0.01

0.01

0.18

0.14

0.09

0.13

0.12

0.59

0.12

0.04

0.10

0.47

LT-Cd-Minor

0.01

0.01

0.00

0.03

0.07

0.07

0.06

0.03

0.67

0.02

0.04

0.05

0.62

LT-Zn-Minor

0.82

0.87

0.96

0.64

0.46

0.65

0.98

0.92

0.57

0.78

0.61

0.53

0.60

LT-Pb-Total

0.30

0.26

0.23

0.60

0.45

0.25

0.25

0.32

0.22

0.44

0.08

0.38

0.46

LT-Cd-Total

0.73

0.86

0.99

0.89

0.84

0.95

0.58

0.66

0.28

0.80

0.51

0.84

0.80

LT-Zn-Total

0.83

0.90

0.93

0.86

0.78

0.83

0.56

0.57

0.50

0.60

0.97

0.87

0.32

*: KM -major: Binding affinity at the peak position of major site distribution
**: LT-M-Major: Binding capacity of major site distribution
+: LT-M-Minor: Binding capacity of minor site distribution
++: LT-M-Total: Total binding capacity (Major + Minor)
Cell with green highlight indicates correlation is statistically significant
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Supplementary Figure VI-1 Change of  and R as a function of  for fitting Pb2+
binding by DOM with smoothness regularization

Supplementary Figure VI-2 Change of  and R as a function of  for fitting Zn2+
binding by DOM with smoothness regularization
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Supplementary Figure VI-3 Change of  and R as a function of  for fitting Cd2+
binding by DOM with smoothness regularization

Supplementary Figure VI-4 Calibration and validation of QSPR model
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Chapter VII Conclusion
DOM essentially regulates the metal speciation and toxicity in natural waters. The
DOM-source effects on Pb2+, Zn2+, and Cd2+ binding, however, are not well documented.
This PhD study has addressed this research gap. The scientific contributions of this study
are highlighted below.
The importance of thiol should not be ignored in metal binding study in natural
waters
The natural occurrence and concentration of thiol in natural waters are reviewed for
its strong binding affinity to soft metals, including Pb, Zn, and Cd (Chapter II). Thiol is
mainly produced by phytoplankton and macrophytes. The concentration of thiol in natural
waters ranges from < 0.1 to 400 nmol L-1, lower than the carboxyl groups by up to 150000
times (i.e. mol L-1). The lethal Pb, Zn, and Cd concentration for the most sensitive
organisms is 19.3and 0.8 nmol L-1, respectively in freshwater, and 8, 153 and
1.1 nmol L-1, respectively, in seawater. At these lethal concentrations, the thiol can
potentially bind all Pb and Cd, providing protections against Pb and Cd toxicity. The role
of thiol in metal speciation, therefore, cannot be simply ignored, particularly when metal
toxicity is considered for sensitive organisms. Computation model used to predict metal
toxicity, such as Biotic Ligand Model (BLM), should also take thiol into consideration.
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Cathodic stripping voltammetry (CSV) not suitable to measure thiol in natural waters
with DOM concentration > 1 mg L-1
The concentration of thiol in natural waters can be measured by cathodic stripping
voltammetry (CSV). Unfortunately, metals and DOM strongly interfere the CSV analysis
(Chapter III). The presence of metals, such as Cu and Cd, alter the analytical signal of
thiol at specific pH condition (i.e. pH = 2.5 and 8.0 for Cu and pH = 8.0 for Cd), leading
to underestimation of thiol concentration. Addition of EDTA is therefore, suggested to
remove metals before CSV measurement. At [DOC] > 0.5 mg L-1, both sensitivity and
selectivity of the analytical signal of thiol are deteriorated by DOM due to the hydrophobic
adsorption of DOM onto the Hg electrode. To circumvent this interference, the [DOC]
needs to be diluted to < 0.5 mg L-1. A concern about sample dilution is approaching the
low detection limit. Longer deposition time therefore, may be required. Alternatively,
DOM should be removed prior to CSV measurement. However, the removal of DOM may
also remove thiol because the thiol may be associated with DOM molecules. More studies
are required before the application of CSV to measure thiol in high DOC waters.
DOM source affects Pb2+, Zn2+, and Cd2+ binding
It is found that Pb2+, Zn2+, and Cd2+ binding to DOM varies between DOM samples
(Chapter IV). At the same pH, ionic strength, and DOC concentration, the [Pb2+], [Zn2+]
and [Cd2+] varies between DOM samples by up to 504, 74 and 14-fold, respectively,
indicating that metal binding is sample-dependent, and the dependence is metal-specific
(i.e. Pb2+ > Zn2+ > Cd2+). These variations will provide insight into the understanding of
varying protectivity against metal toxicity between DOM samples. The allochthonous-
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dominant DOM consistently shows higher level of Pb2+ binding than did autochthonousdominant DOM, which is due to the contrast of DOM properties between autochthonous
and allochthonous DOM. This discrimination, however, is not consistent and less
noticeable for Zn2+ and Cd2+ binding. Based on these results, models used to predict metal
speciation should take the DOM-source variation into consideration, particularly for the
prediction of Pb2+ binding.
Take the DOM-source variation into WHAM prediction of metal speciation
The performance of WHAM to predict metal speciation is affected by the DOM
source variation. The WHAM input of active fraction of DOM (f) is sensitive DOM source
variation. The commonly-used f = 0.65 substantially overestimated Pb and Zn binding to
the autochthonous-dominant DOM (i.e. underestimated [Pb2+] and [Zn2+] was up to 1000
and 52 times). This underestimation will provide misleading [Pb2+] and [Zn2+] for the
prediction of Pb and Zn toxicity in the presence of autochthonous DOM. The f value needs
to be adjusted accordingly, particularly for Pb and Zn binding to autochthonous-dominant
DOM. The f = 0.65 is not ideal but acceptable for predicting Cd2+ binding, regardless of
DOM sources. The optimized f values (i.e. 0.01-0.95 for Pb; 0.06-0.55 for Zn; 0.15-0.60
for Cd) improve the WHAM prediction. Significant linear relationships are found between
optimal f values and optical indicators (i.e. metal-specific). Therefore, there is a potential
to estimate the optimal f using simple measurement of optical properties, which is
important to improve WHAM prediction of metal speciation for source-specific DOM.
More DOM samples, however, are required to strengthen these correlations before
applications.
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Fully Optimized ContinUouS (FOCUS): an alternative to determine the conditional
affinity spectrum (CAS)
FOCUS is suggested as an alternative method to determine CAS for describing
DOM metal binding sites (Chapter V). FOCUS is a numerical method, which find the best
CAS solution at a compromise of best goodness-of-fit and greatest smoothness. There are
several advantages of FOCUS over the Non-Ideal Competitive Adsorption-Conditional
Affinity Spectrum (NICA-CAS) method: 1) less fitting parameters are involved in FOCUS
and therefore the ill-posed problem is reduced; 2) less experimental works are required (i.e.
no need to determine the proton binding by independent experiments). Therefore, FOCUS
is proposed as an alternative to calculate CAS, particularly when proton binding
information is not available. To calculate the intrinsic affinity spectrum for metal binding
using FOCUS, future study should achieve metal binding curves at varying pH conditions.
Explore the relationships between DOM properties and metal binding affinity and
capacity
The CAS between samples were compared for the first time in parallel with the
comparison of DOM properties. The CAS varies between DOM samples, but the variability
is metal-specific (Pb > Zn > Cd). The allochthonous-dominant DOM consistently shows
higher Pb affinity than the autochthonous-dominant DOM. This source-discrimination,
however, is less noticeable for Zn and Cd. The Quantitative Structure-Property Analysis
(QSPR) allows us to identify the preferred molecular structures or functional groups for
specific metal binding. Coupled with the measurement of DOM properties, the QSPR
information is helpful to explain the CAS variation between metals as well as between
DOM samples. Neither the variability of binding affinity nor the variability of capacity can
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be fully explained by the variability of individual DOM properties. QSPR analysis with
model ligands also provides similar conclusion. Nonetheless, there is still a potential to
adapt the QSPR idea to estimate the DOM binding affinity and capacity using the
measurements of multiple DOM properties.
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